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Preface
Over the last four decades tremendous advances have been made toward
the understanding of transport characteristics of the transport contaminants
in soils, as well as solutes and tracers in geological media. These advances
were broad in nature and addressed physical and chemical processes that
influence the behavior of solutes in porous media. Examples include nonlinear kinetics, release and desorption hysteresis, multisite and multireaction
reactions, and competitive-type reactions. Examples that focus on physical
processes include fractured media, multiregion, multiple porosities, and heterogeneity and effect of scale.
This book provides the basic framework of the principles governing the
sorption and transport of chemicals in soils. The physical and chemical processes presented above are the focus of this textbook. Details of sorption
behavior of chemicals with soil matrix surfaces are presented, as well the
integration of sorption characteristics with mechanisms that govern solute
transport in soils. Applications of the principles of sorption and transport
are not restricted to chemical contaminants. Rather, examples include tracers, phosphorus, and trace elements, including essential micronutrients,
heavy metals, military explosives, pesticides, and radionuclides.
This book should be a useful textbook for undergraduate and graduate
students in soil science, environmental science and engineering, chemical and civil engineering, hydrology, and geology. It should also be useful
to scientists, engineers, and geologists, and to federal and state agencies,
researchers, consulting engineers, and decision makers in the management
and restoration of contaminated sites.
In Chapter 1, the concept of sorption isotherms, their classification, and modeling approaches are discussed. The effect of soil properties and differences of
empirical and mechanistic approaches in describing isotherm relations are presented. Chapter 2 is devoted to describing kinetic approaches for solute sorption
and the limitations of equilibrium retention concepts. Adsorption–desorption
hysteresis is presented and evidence of kinetics is discussed. Laboratory methods are presented for obtaining kinetic data for adsorption and desorption.
In Chapters 3 and 4, principles of solute transport and mathematical models as a tool for the description of the retention reactions of solutes during
transport in the soil are presented. Analytical solutions of the convection–
dispersion equation, for various conditions, are presented in Chapter 3. For
cases where solute behavior is nonlinear, numerical solutions are discussed.
In Chapter 4, the dependence of dispersivity on the mean travel distance
and/or scale of the geologic system is discussed.
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In Chapter 5, two-site and multireaction models that describe multiple
interactions of solutes in soils are presented. This is followed by second-order
models as discussed in Chapter 6. Furthermore, implications of equilibrium and second-order formulations and the kinetic Langmuir equation are discussed. Competitive behavior of solutes in soils is the focus of
Chapter 7. Examples are presented, followed by a discussion of equilibrium
ion exchange models and modified kinetic ion exchange and applications.
Several empirical formulations for competitive sorption are also presented.
Competitive Freundlich approaches for multiple ions are discussed and
modified competitive kinetics presented.
The last two chapters are devoted to examining dominant nonequilibrium
processes for transport of solute in soils. Physical heterogeneity attributes
are discussed in the framework of nonuniformity of pore space, soil aggregation, soil layering, and cavities developed from natural and anthropogenic
activities. In Chapter 8, we discuss physical heterogeneity, with emphasis on
matrix diffusion, preferential flow, mobile–immobile, two-region, and multidomain flow. In Chapter 9, emphasis is on other sources of soil heterogeneity. Transport in nonuniform media due to soil layering or stratification is
discussed as an intrinsic part of soil formation processes. Also discussed in
Chapter 9 are other sources of soil heterogeneity and their influence on the
behavior of solute transport in soils. This includes nonuniform media, often
as a consequence of mixing of different soils and geological media during
industrial and agricultural activities.
I wish to thank various individuals for their assistance in completing
this book. I owe special thanks to Robert Mansell, the University of Florida;
Alex Iskandar, the U.S. Army Cold Region Research and Engineering
Laboratory; Mike Amacher, U.S. Department of Agriculture (USDA) Forest
Service; Logan Utah, Hannes Flühler, and Rainer Schulin, ETH, Zurich,
Switzerland; and Donald Sparks, the University of Delaware. Their contributions to my soil physics program at Louisiana State University were valuable and extremely rewarding. I also acknowledge my current and former
graduate students and visiting scientists who made significant contributions to the advancement of our present understanding of solute behavior
in soils. Special thanks go to Christoph Hinz, the University of Western
Australia, Perth; Hua Zhang, Chinese Academy of Sciences, Yanti, China;
Tamer Elbana, National Research Center, Cairo, Egypt; Bernhard Buchter,
ETH, Zurich, Switzerland; Glenn Wilson, USDA Agricultural Research
Service Sedimentation Laboratory, Oxford, Mississippi; Lixia Liao, U.S.
Geological Survey, Palo Alto, California; Steven Lynn McGowen, USDA
National Resources Conservation Service, Oklahoma City; Liwang Ma,
Modeling Unit, USDA, Ft. Collins, Colorado; Hongxia Zhu, SIAC, Reston,
Virginia; Liuzong Zhou; and Eric Ferguson. Special thanks go to Brent
Clothier for providing the original of Figure 8.1.
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This book would not have been possible without the continued support
of the faculty, staff, and administration of the Louisiana State University.
Finally special thanks also go to the editorial staff of Taylor and Francis/
CRC Press, in particular Irma Britton, for their suggestions and efforts in the
publication of this book.
Magdi Selim
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1
Sorption Isotherms
Adsorption isotherms or, more accurately, sorption isotherms are convenient ways to graphically represent the amount of an adsorbed compound,
or adsorbate, in relation to its concentration in the equilibrium solution or
adsorbent. In other words an adsorption isotherm is a relationship relating
the concentration of a solute on the surface of an adsorbent to the concentration of the solute in the liquid with which it is in contact at a constant temperature. Freundlich and Langmuir sorption isotherms are extensively used
to describe sorption isotherms for a wide range of chemicals. Knowledge of
sorption isotherms and adsorption phenomena is essential for understanding heavy solute retention and transport in soils and geological media. It
is crucial for assessing the environmental risk of contamination and pollution provoked by these elements. Studies on solutes adsorption in soils are
often conducted as one-component systems, where the ions or molecules are
treated individually, or they can be conducted as a multicomponent system,
where the ions are subjected to competition among them.

1.1 Freundlich Isotherm
The Freundlich isotherm is one of the simplest approaches for quantifying
the behavior of retention of reactive solute with the matrix surfaces. It is
certainly one of the oldest nonlinear sorption equations and was based on
quantifying the gas adsorbed by a unit mass of solid with pressure, which
was described as
S = K f Cb

(1.1)

where S is the amount of solute retained by the soil in μg g–1 or mg kg–1, C is
the solute concentration in solution in mg L–1 or μg ml–1, Kf is the partitioning
coefficient in L kg–1 or ml g–1, and b is often considered a dimensionless para
meter. A major disadvantage of the Freundlich approach is that it is incapable
of describing sorption at or near saturation or when the adsorption maximum
is reached. The parameter Kf represents the partitioning of a solute species
between solid and liquid phases over the concentration range of interest and
1
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is analogous to the equilibrium constant for a chemical reaction. For b equal
unity, the Freundlich equation takes on the form of the linear equation:
S = K dC

(1.2)

where Kd is the distribution coefficient in L/kg or ml/g. As Kd is used, this
implies a linear, zero-intercept relationship between sorbed and solution
concentration, which is a convenient assumption but certainly not universally true. This linear model is often referred to as a constant partition model
and the parameter Kd is a universally accepted environment parameter that
reflects the affinity of matrix surfaces to solute species. The Kd parameter
provides an estimate of the potential for the adsorption of dissolved contaminants in contact with soil. It is typically used in fate and contaminant transport calculations. According to the U.S. Environmental Protection Agency
(1999), Kd is defined as the ratio of the contaminant concentration associated
with the solid to the contaminant concentration in the surrounding aqueous
solution when the system is at equilibrium.

1.2 Langmuir Isotherm
The Langmuir isotherm was developed to describe the adsorption of
gases by solids where a finite number of adsorption sites in planer surfaces is assumed (Langmuir, 1918). Major assumptions include that ions
are adsorbed as a monolayer on the surface, and the maximum adsorption
occurs when the surface is completely covered. Other assumptions are that
the surface considered is homogeneous, the sites are of identical adsorption
energy or affinity over the entire surface, and that equilibrium condition
is attained.
As a result, a major advantage of the Langmuir equation over the linear
and Freundlich types is that a maximum sorption capacity is incorporated
into the formulation of the model, which may be regarded as a measure of
the amount of available retention sites on the solid phase. The standard form
of the Langmuir equation is
S
Smax

=

ωC
1+ ω C

(1.3)

where ω and Smax are adjustable parameters. Here ω (ml μg–1) is a measure of
the bond strength of molecules on the matrix surface and Smax (μg g–1 of soil)
is the maximum sorption capacity or total amount of available sites per unit
soil mass.
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1.2.1 Two-Site Langmuir
Based on several retention data sets, the presence of two types of surface
sites responsible for the sorption of phosphate (P) in several soils was postulated. As a consequence, the Langmuir two-surface isotherm was proposed
(Holford, Wedderburn, and Mattingly, 1974) such that:
S
Smax

 ω1 C 
 ω2 C 
= F1 
+ F2 
 1 + ω 1 C 
 1 + ω 2 C 

(1.4)

where F1 and F2 (dimensionless) are considered as fractions of type 1 and
type 2 sites to the total sites (F1 + F2 = 1), and ω1 and ω2 are the Langmuir
coefficients associated with sites 1 and 2, respectively. Equation 1.4 is an
adaptation of the original equation proposed by Holford, Wedderburn, and
Mattingly (1974) and was used by Holford and Mattingly (1975) to describe P
isotherms for a wide range of soils.
A more recent adaptation of the two-surface Langmuir equation is the
incorporation of a sigmoidicity term, where
S
Smax





ω1 C
ω2 C
.
= F1 
+ F2 

 1 + ω 1 C + (σ 1/C) 
 1 + ω 2 C + (σ 2/C) 

(1.5)

The terms σ1 and σ2 are the sigmodicity coefficients (μg cm–3) for type 1 and
type 2 sites, respectively. Schmidt and Sticher (1986) found that the introduction of this sigmoidicity term was desirable in order to adequately describe
sorption isotherms at extremely low concentrations. Although the Langmuir
approach has been used to model P retention and transport from renovated
wastewater, the two-surface Langmuir with sigmodicity has been rarely
used to describe heavy metal retention during transport in soils. It should be
emphasized that for both Langmuir and Freundlich isotherms, an implicit
assumption is always made, namely, that equilibrium conditions are dominant. Therefore, these formulations do not take into consideration possible
time-dependent or kinetic sorption behavior. Such sorption behavior is common for most solutes and is considered in Chapter 2.

1.3 General Types of Isotherms
Giles, D’Silva, and Easton (1974) proposed four general types of isotherms (C,
L, H, and S), which are illustrated in Figure 1.1. The C-type isotherms indicate partitioning of ions or molecules between the solution and sorbed phase
along the same lines as that of the linear model (Equation 1.2). The L-type
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With strict plateau

Without strict plateau
(a) The “C” isotherm

C

(b) The “L” isotherm

C

Point of inflection

(c) The “H” isotherm

C

(d) The “S” isotherm

C

FIGURE 1.1
The four main types of isotherms. (After Giles, D’Silva, and Easton, 1974.)

isotherm is characterized by decreasing slopes as the vacant sites become
occupied by the sorbed ion or molecule. Freundlich and Langmuir isotherms
are commonly referred to as L-curve isotherms. In L-type isotherms, at low
solution concentrations, high-energy sites are occupied first. Subsequently,
as the concentration in solution increases, sites of moderate and low affinities
become occupied. The H-type isotherms are best characterized by extremely
high sorption possibly due to irreversible reactions. The S-type isotherms
indicate low affinity for sorption at low solution concentrations followed by
a gradual sorption increase. At higher concentration, sorption decreases and
sorption maximum is perhaps attained.
In the literature, L-type isotherms are frequently encountered for most
trace elements and for heavy metals. Specifically, Freundlich and Langmuir
isotherms are adopted for a wide range of solutes. C-type isotherms are often
observed for pesticides (herbicides and insecticides) where linear isotherms
are often observed.

1.4 Empirical versus Mechanistic Models
Fontes (2012) argued that the adsorption phenomenon can be represented
by two main conceptual models: empirical models initially derived from
experiments, and semiempirical or mechanistic models, based on reaction
mechanisms. The main difference between these two types of models is the
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absence of an electrostatic term in the empirical models, whereas it is mandatory in mechanistic models. Mechanistic models, also known as chemical
models, are expected to provide a close representation of the real adsorption
phenomenon in the soil system. Nevertheless, due to the complexity of chemical model, empirical models are utilized in most solute studies with soils
and geological media. Moreover, empirical models have been widely used
in soil science and environmental studies related to metal and anion adsorption and pesticide retention in soils. A listing of such models is presented in
Table 1.1. These models do not take into consideration the electrostatic influence of the electrically charged surfaces in the solution, or the influence of
changes in surface charges due to the composition of the soil solution. In the
empirical model, the model form is chosen a posteriori from the observed
adsorption data and to enable a satisfying fitting of the experimental data
TABLE 1.1
Selected Equilibrium and Kinetic Type Models for Heavy Metal
Retention in Soils
Model
Equilibrium Type
Linear
Freundlich
General Freundlich
Rothmund-Kornfeld ion exchange
Langmuir
General Langmuir Freundlich
Langmuir with Sigmoidicity

Formulationa
S = Kd C
S = Kf Cb
S/Smax = [ω C/(1 + ωC)]β
Si/ST = KRK (Ci/CT)n
S/Smax = ω C/[1 + ωC]
S/Smax = (ω C)β/[1 + (ωC)β]
S/Smax = ω C/[1 + ωC + σ/C]

Kinetic Type
First-order

∂S/∂t = k f (θ/ρ)C − kb S

nth order

∂S/∂t = k f (θ/ρ)C n − kb S

Irreversible (sink/source)

∂S/∂t = k s (θ/ρ) (C − Cp )

Second-order irreversible

∂S/∂t = k s (θ/ρ) C (Smax − S)

Langmuir kinetic

∂S/∂t = k f (θ/ρ) C ( Smax − S) − kb S

Elovich

∂S/∂T = A Exp (−Bs)

Power

∂S/∂t = K (θ/ρ) C nSm

Mass transfer

∂S/∂t = K (θ/ρ) ( C − C * )

a

A, B, b, C*, Cp, K, Kd, KRK, kb, kf, ks, n, m, Smax, ω, β, and σ are adjustable
model parameters, ρ is bulk density, Θ is volumetric soil water content,
CT is total solute concentration, and ST is total amount sorbed of all
competing species.
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the mathematical form and the number of parameters are chosen to be as
simple as possible (Bradl, 2004).
Surface-complexation models (SCMs) are chemical models based on a
molecular description of the electric double layer using equilibrium-derived
adsorption data. To apply SCMs, it is required to provide the amount of reactive surface of each type of sorbent as well as the density of the reaction sites.
In reality, experimental characterization of soil minerals is time consuming
and data is rarely available. In addition, the application of SCMs requires the
estimation of an extensive list of specific surface species and their thermodynamic reaction constants. Moreover, basic to SCMs such as MINTEQA2
and PHREEQC is that equilibrium conditions are assumed dominant, that is,
LEA (local equilibrium assumption) is valid. The drawback of SCM models
is that they are limited to describing equilibrium-type reactions and do not
account for kinetic sorption–desorption processes in soils. In heterogeneous
soils with a variety of sorbents having different reactivities, time-dependent
sorption is often observed. Kinetics or nonequilibrium sorption may arise
due to the heterogeneity of sorption sites on matrix surfaces. In fact, various
types of surface complexes (e.g., inner sphere, outer sphere, monodentate,
bidentate, mononuclear, or binuclear) with contrasting sorption affinities can
be formed on mineral surfaces with metals and metalloids. This heterogeneity of sorption sites may contribute to the observed adsorption kinetics
where sorption takes place preferentially on high-affinity sites, followed subsequently by slow sorption on sites with low sorption affinity. Furthermore,
the diffusion of ions to reaction sites within the soil matrix has been proposed
as an explanation for time-dependent adsorption by many researchers (e.g.,
Fuller, Davis, and Waychunas, 1993; Raven, Jain, and Loeppert, 1998). The
PHREEQC model simulates sorption kinetics with first-order kinetic equations. PHREEQC was not developed to simulate nonlinear adsorption kinetics. Recent work of Zhang (2013) represents efforts to account for kinetics by
relaxing the equilibrium assumption in SCMs.
Surface-complexation models have been used to describe an array of
equilibrium-type chemical reactions, including proton dissociation, metal
cation and anion adsorption reactions on oxides and clays, organic ligands
adsorption, and competitive adsorption reactions on oxide and oxide-like surfaces. Application and theoretical aspects of SCMs are extensively reviewed
by Goldberg (1992) and Sparks (2003). SCMs are chemical models based on
molecular description of the electric double layer using equilibrium-derived
adsorption data. They include the constant capacitance model, triple-layer
model, Stern variable surface charge models, among others. SCMs have been
incorporated into various chemical speciation models. The model MINEQL
was perhaps the first where the chemical speciation was added to the triplelayer SCM. Others include MINTEQ, SOILCHEM, HYDRAQL, MICROQL,
and FITEQL (see Goldberg, 1992).
All these chemical equilibrium models require knowledge of the reactions
involved and associated thermodynamic equilibrium constants. Due to the
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heterogeneous nature of soils, extensive laboratory studies may be needed to
determine these reactions. Thus, predictions from transport models based
on the surface-complexation approach may not describe heavy metal sorption by a complex soil system. As a result, the need for direct measurements
of the sorption and desorption/release behavior of heavy metals in soils is
necessary. Consequently, retention, or the commonly used term sorption,
should be used when the mechanism of heavy metals removal from soil solution is not known, and the term adsorption should be reserved for describing
the formation of solute-surface site complexes.

1.5 Nonlinearity and Heterogeneity
The description of sorption isotherms in soils remains empirical where the
Freundlich and Langmuir models are commonly used. For several decades,
however, it has been recognized that isotherm patterns or the shape of an
adsorption isotherm is a reflection of the heterogeneity of the soil matrix.
The fact that a soil is made up of numerous constituents with distinctly different properties lends credence to this general concept. One may view a soil
as a complex mixture of numerous constituents, thus forming a highly heterogeneous system. Consequently, the following general isotherm equation
that describes the affinity of solutes to different sorption sites on surfaces of
soils was proposed:
S=

∫ g(ζ)Γ(ζ, C)dζ

(1.6)

where g(ζ) represents the affinity distribution of a soil for a specific chemical
or may be referred to as a probability distribution function (PDF; Kinnebergh,
1986). The function Γ(ζ,C) represents the sorption isotherm function used to
represent each constituent. For a discrete number of constituents (n), each having different affinities, the general sorption isotherm equation is reduced to
S=

∑ F Γ(ζ , C)
i

i

(1.7)

n

where Fi is the fraction relative to the total as discussed above. Conceptually,
the adsorption site associated with each constituent provides an isotherm
having its own affinity (ζ) and capacity. Consequently, a complete isotherm
may be regarded as the sum of all individual isotherms. The function g(ζ)
has been referred to as a ‘‘weighting function,” a ‘‘site affinity distribution
function,” or a ‘‘frequency distribution of the affinity coefficient ξ for each
constituent’’ (Limousin et al. 2007).
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By choosing the accurate density function g(ζ), any type of isotherm
can be described by the general isotherm equation (1.6; Hinz, Gaston, and
Selim, 1994; Hinz, 2001). Consequently, various density functions that were
capable of describing observed adsorption isotherms have been derived.
Examples include Langmuir, two-site Langmuir, general Freundlich, general
Langmuir-Freundlich, Freundlich, and Rothmund-Kkornfeld. For example,
to describe Freundlich isotherms, Sposito (1980) suggested an affinity distribution function whose curve closely resembles a log-normal distribution.
As outlined by Kinniburgh et al. (1983) and later by Hinz, Gaston, and
Selim (1994), a Langmuir isotherm can be derived by use of the Dirac delta
function δ for g(ζ) as
g(ζ) = δ (ζ – k)

(1.8)

Incorporation of Equation 1.8 in Equation 1.7 and integration yields the
Langmuir isotherm,
S
Smax

=

kC
1+ k C

(1.9)

where k is an “overall” affinity coefficient that is equivalent to ω of Equation
1.3. Selecting w(ζ) in the form and proceeding as above yields the twosurface Langmuir isotherm equation,
 F k C  F k C
S = Smax  1 1  +  2 2  .
 1 + k1 C   1 + k2 C 

(1.10)

Consequently, a complete isotherm may be regarded as the sum of all individual Langmuir isotherms.
A major drawback of the above approach is that the distribution functions
g(ζ) for the various isotherms are not very verifiable. In other words, there is
no evidence or independent measure that verifies that such a specific distribution g(ζ) exists. In fact, distribution functions of the normal and log of normal type do not represent the constituents that make up the soil matrix. This
is illustrated in Figure 1.2 for several commonly used probability distribution
functions (PDFs). For most if not all soils, the dominant fractions are those
associated with low-affinity sites such as sand and silt. In contrast, high-affinity sites, which are mainly associated with clay minerals, organic matter, and
oxides, often are associated with much smaller fractions. Therefore, normal
as well as log-normal distribution functions are unrealistic representations
of the actual affinity distribution of a soil since it grossly underestimates the
low-affinity fractions. Another drawback is that such affinity distribution
functions g(ζ) are not considered unique. Therefore, distribution functions
cannot be precluded from describing site affinity distributions.
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Density Function, g(ζ)

1.5

Normal
Delta Dirac
g(ζ)=1

1.0
Lognormal

0.5
Exponential

0.0

0.0

1.0

Affinity Cooefficient (ζ )

2.0

k

3.0

FIGURE 1.2
Probability distribution function for normal, log-normal, and exponential distributions and
delta Dirac function.

In addition to the above shortcomings, another concern is the adoption of
the Langmuir assumption for all solutes and soils. Although the Langmuir
assumption is physically meaningful, it does not always describe isotherms
for many solute species. In fact, for most if not all organic compounds, sorption isotherms cannot be described based on the Langmuir assumption.
As an example, the atrazine isotherms for various smectites are shown in
Figure 1.3 (Laird et al., 1992). These isotherms illustrate their linearity as well
as extensive differences (i.e., heterogeneity) among the different smectites.
Deviation from the Langmuir assumption, where maximum sorption is
assumed, is likely due to multiple factors. It is possible that limited solubility
of various trace elements and organic compounds in aqueous systems is one
such factor.
In the following discussion, we deviate from the well-accepted Langmuir
assumption as the governing sorption isotherm function and adopt the
linear-type governing function. Specifically, we consider that for each constituent i of the soil system, sorption follows a simple linear form such that
Γ(ζi , C) = ζiC = kiC

where

ki = ζi

(1.11)

As a result, the isotherm equation for a heterogeneous system can be written as
n

S=

∑ χ(k , C)
i

i=1

(1.12)
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H02
S01
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M31
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40

M24
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FIGURE 1.3
Isotherms for adsorption of atrazine on reference and smectites clay samples; atrazine adsorption was determined at four levels of the Ca-saturated clay samples in 0.01 M CaCl2. H02,
hectrite, B01, B02, M21, M22, M23, M25, M27, M32, B39, montomorillonite; M31, smectites/illite;
S01, saponite; P01, beidellite. (From Laird et al., 1992. With permission.)

where n is the number of soil fractions or constituents and
 ki C
χ( ki , C ) = 
Smax Fi
σ i = Smax ( Fi/ki )

C ≤ σi
C ≥ σi

(1.13)
(1.14)

and χ( ki , C) is a piece-wise continuous function for each constituent i. This
function is necessary in order to comply with the constraint that maximum
sorption cannot be exceeded, in accordance with Equation 1.4. The above
expressions implies that for a given constituent i, linear sorption takes place
(C versus S). As C increases S increases linearly when all fractions participate. Once the sorption capacity for the strongest fraction Fn is reached, no
additional sorption for such a fraction can take place. This will hold true
with increasing C until maximum sorption for the subsequent fraction, in
this case the fraction Fn – 1, is reached, and so on.
A consequence of the above formulation is that at all concentrations where
the sorption maximum was not attained for any one constituent; we have a
simple linear sorption isotherm for a heterogeneous system:
S = λC,

(1.15)
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Isotherms– Linear Assumption
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400
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FIGURE 1.4
Linear, two-, and three-phase isotherms based on the linear model assumption.

where
n

λ=

∑Fk

i i

(1.16)

i=1

This equation resembles that of S = KdC, where λ is a weighted average of
the affinity coefficient of all constituents. Based on the above we present, in
Figure 1.4, three isotherms: linear, two-, and three-phase isotherms, where
two (n = 2) and three (n = 3) constituents were assumed. There are numerous
examples in the literature of two- and three-phase isotherms.
Extending the analysis to a soil matrix having ten constituents results in
the nonlinear isotherms shown in Figure 1.5. In both isotherms, ten equal
fractions were assumed, where the affinity varied linearly from 30 to 100 for
isotherm A and 50 to 100 for isotherm B. The isotherms illustrate nonlinear
Freundlich-type behavior with the exponent parameter b < 1; b = 0.59 and
0.46 for isotherms A and B, respectively. A complete isotherm with a greater
number of constituents may be regarded as the sum of all individual isotherms in a similar manner to that for Langmuir isotherms described above.
The only exception is that all isotherms are subject to the constraint given
by the piece-wise continuous function, Equation 1.13. Based on these results,
Freundlich behavior can be described without the constraint of the log-normal distribution of site affinities.
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1500
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20
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30

FIGURE 1.5
Nonlinear isotherms with 10 fractions (n = 1) based on the linear model assumption.

1.6 Effect of Soil Properties
Buchter et al. (1989) studied the retention of 15 elements by 11 soils from 10
soil orders to determine the effects of element and soil properties on the
magnitude of the Freundlich parameters Kf and b. They also explored the
correlation of the Freundlich parameters with selected soil properties and
found that pH, cation-exchange capacity (CEC), and iron/aluminum oxide
content were the most important factors for correlation with the partitioning
coefficients. The names, taxonomic classification, and selected properties of
the 11 soils used in their study are listed in Table 1.2, and estimated values
for Kf and b for selected heavy metals are given in Table 1.3. A wide range of
Kf values, from 0.0419 to 4.32 × 107 ml g–1, were obtained, which illustrates the
extent of heavy metals affinity among various soil types. Such a wide range
of values was not obtained for the exponent parameter b, however. The magnitude of Kf and b was related to both soil and element properties. Strongly
retained elements such as Cu, Hg, Pb, and V had the highest Kf values. The
transition metal cations Co and Ni had similar Kf and b values, as did the
group IIB elements Zn and Cd. Oxyanion species tended to have lower b values than did cation species. Soil pH and CEC were significantly correlated to
log Kf values for cation species. High pH and high CEC soils retained greater
quantities of the cation species than did low pH and low CEC soils. A significant negative correlation between soil pH and the Freundlich parameter
b was observed for cation species, whereas a significant positive correlation
between soil pH and b for Cr(VI) was found. Greater quantities of anion species were retained by soils with high amounts of amorphous iron oxides,
aluminum oxides, and amorphous material than were retained by soils with

Initial
Species

Co2+

Ni2+

Cu2+

Zn2+

Cd2+

Hg2+

Pb2+

VO–3

CrO2–
4

Mo7O6–
24

AsO3–
4

Co2+

Ni2+

Cu2+

Zn2+

Cd2+

Hg2+

Pb2+

VO–3

CrO2–
4

Mo7O6–
24

AsO3–
4

Element

Co

Ni

Cu

Zn

Cd

Hg

Pb

V

Cr

Mo

As

Co

Ni

Cu

Zn

Cd

Hg

Pb

V

Cr

Mo

As

0.636

0.882

0.504

0.592

0.853

0.741

0.902

1.011

0.544

0.939

0.953

4.78E+01

5.75E+01

3.41E+00

1.42E+02

1.81E+03

1.08E+02

5.25E+01

2.81E+01

2.58E+02

3.78E+01

3.57E+01

Alligator

0.554

0.857

0.313

0.568

0.510

1.140

0.504

0.546

8.87E+00

1.08E+01

1.96E+01

2.88E+02

4.20E+02

2.62E+03

2.06E+02

2.51E+02

Calciorthid

0.618

0.617

0.629

0.662

0.564

0.768

0.724

0.546

0.688

0.745

1.98E+01

1.80E+01

3.97E+01

2.36E+02

8.13E+01

1.39E+01

1.12E+01

5.37E+01

6.84E+00

6.56E+00

Cecil

1.462

1.031

0.609

1.402

5.385

1.700

0.721

0.724

1.016

0.738

0.878

1.50E+03

4.11E+02

6.28E+01

2.22E+03

4.32E+07

2.49E+02

1.87E+02

2.38E+02

2.05E+03

1.10E+02

1.05E+02

Kula

Molakai

0.747

0.607

0.374

0.679

0.558

0.751

0.850

0.891

0.987

0.903

1.009

b

7.10E+01

8.15E+01

3.03E+01

1.03E+02

9.18E+02

1.90E+02

5.27E+01

2.01E+01

2.21E+02

5.01E+01

3.39E+01

0.561

0.664

0.607

0.847

1.678

0.960

0.773

0.675

0.516

0.720

0.621

1.56E+02

1.18E+02

6.41E+00

5.05E+02

8.17E+03

1.20E+02

9.12E+01

8.04E+01

3.68E+02

4.49E+01

9.25E+01

Kf (mL/g)

Lafitte

Soil

Freundlich Model Parameters Kf and b for Selected Soils and Heavy Metals

TABLE 1.2

0.510

0.877

0.741

0.582

0.668

0.515

0.471

0.661

0.627

8.53E+00

1.86E+01

3.85E+02

1.13E+02

2.88E+01

4.21E+01

8.91E+01

2.09E+01

2.74E+01

Norwood

0.548

0.607

0.998

1.122

0.658

0.625

0.495

0.646

0.584

4.60E+01

9.12E+01

1.64E+04

1.29E+02

9.79E+01

8.91E+01

2.18E+02

5.05E+01

6.70E+01

Olivier

0.797

0.451

0.394

0.483

0.743

0.513

0.840

0.962

0.602

0.836

0.811

1.87E+01

2.56E+01

5.47E+00

9.08E+01

1.36E+02

8.63E+01

5.47E+00

2.12E+00

5.62E+01

3.44E+00

2.55E+00

Oldsmar

0.648

0.762

2.158

0.569

0.697

1.420

0.748

0.782

2.36E+01

8.07E+01

2.99E+02

7.55E+02

7.74E+02

6.35E+03

3.37E+02

3.63E+02

Webster

0.601

0.544

0.521

0.647

0.743

0.681

0.782

0.792

0.567

0.741

0.741

1.05E+02

4.38E+01

8.47E+00

1.53E+01

4.72E+02

1.30E+02

1.44E+01

9.68E+00

7.71E+01

8.43E+00

6.28E+00

Windsor

0.698

0.685

0.501

0.762

1.485

1.008

0.736

0.739

0.755

0.739

0.754

4.71E+01

6.44E+01

1.12E+01

1.03E+02

3.37E+02

1.15E+02

5.93E+01

4.79E+01

3.17E+03

3.61E+01

3.75E+01

Mean*
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Horizon

Ap

Ap

Ap

B

Ap1

Ap2

Ap

Ap

Ap

Ap

Soila

Alligator

Unnamed

Cecil

Cecil

Kula

Kula

Lafitte

Molokai

Norwood

Olivier

Fine-silty, mixed,

thermic Typic Udifluvent

Fine-silty, mixed (calc.),

thermic Typic Torrox

Clayey, kaolinitic, isohyper-

Typic Medisaprist

Euic, thermic

Typic Euthandept

Medial, isothermic

Typic Euthandept

Medial, isothermic

Typic Hapludult

Clayey, kaolinitic, thermic

Typic Hapludult

Clayey, kaolinitic, thermic

Calciorthid

Very fine, morillonitic, acid,
thermic Vertic Haplaquept

Taxonomic Classification

6.6

6.9

6.0

3.9

6.2

5.9

5.4

5.7

8.5

4.8

pH

0.83

0.21

1.67

11.6

6.98

6.62

0.26

0.61

0.44

1.54

%

TOC

8.6

4.1

11.0

26.9

27.0

22.5

2.4

2.0

14.7

30.2

cmolc/kg

Sum of
Cations
CEC

1.9

0.0

7.2

4.7

58.5

82.4

6.6

0.011

33.8

3.5

Exch.
OH

0.27

0.008

0.76

0.009

0.13

0.093

0.002

0.099

0.015

0.028

%

MnO2

0.30

0.061

0.19

1.19

1.64

1.68

0.082

1.76

0.050

0.33

Amor.
Fe2O3

0.71

0.30

12.4

1.16

6.95

5.85

7.48

0.27

0.25

0.74

%

Free
Fe2O3

0.071

0.016

0.91

0.28

3.67

3.51

0.94

—

0.000

0.15

Al2O3

Taxonomic Classification and Selected Chemical and Physical Properties of the Soils Named in Table 1.2

TABLE 1.3

%

—

—

—

—

—

—

—

67.7

7.39

—

CaCO3

4.4

79.2

25.7

60.7

66.6

73.7

30.0

12.8

70.0

5.9

Sand

89.4

18.1

46.2

21.7

32.9

25.4

18.8

7.3

19.3

39.4

Silt

6.2

2.8

28.2

17.6

0.5

0.9

51.2

10.7

54.7

Clay
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Ap

B

Windsor

Windsor

Mixed, mesic

Typic Udipsamment

Mixed, mesic

Typic Haplaquoll

Fine-loamy, mixed, mesic

Spodosol

thermic Aquic Fragiudalf

5.8

5.3

7.6

4.3

0.67

2.03

4.39

1.98

2.7

0.8

2.0

48.1

5.2

10.1

10.2

14.1

0.031

0.041

0.063

0.0000

0.23

0.42

0.19

0.009

0.79

1.23

0.55

0.008

0.29

0.56

0.10

0.22

—

—

—

3.14

74.8

76.8

27.5

90.2

6.0

24.1

20.5

48.6

3.8

1.1

2.8

23.9

The states from which the soil samples originated are Louisiana (Alligator, Lafitte, Norwood, and Olivier soils), South Carolina (Cecil soil), Hawaii
(Kula and Molokai soils), Iowa (Webster soil), New Hampshire (Windsor soil), New Mexico (Calciorthid), and Florida (Spodosol).

Ap

Webster

a

B21h

Unnamed
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low amounts of these minerals. Several anion species were not retained by
high pH soils. Despite the fact that element retention by soils is the result of
many interacting processes and that many factors influence retention, significant relationships among retention parameters and soil and element properties exist even among soils with greatly different characteristics. Buchter
et al. (1989) made the following conclusions:
1. pH is the most important soil property that affects Kf and b.
2. CEC influences Kf for cation species.
3. The amounts of amorphous iron oxides, aluminum oxides, and
amorphous material in soils influence both cation and anion retention parameters.
4. Except for Cu and Hg, transition metal (Co and Ni) and group lIB
cations (Zn and Cd) have similar Kf and b values for a given soil.
5. Significant relationships between soil properties and retention
parameters exist even in a group of soils with greatly different
characteristics.
The relationships between soil properties and retention parameters
(e.g., Figure 1.6) can be used to estimate retention parameters when retention data for a particular element and soil type are lacking, but soil property
data are available. For example, the retention characteristics of Co, Ni, Zn,
and Cd are sufficiently similar that these elements can be grouped together

1.5
Co
Ni
Zn

1.3
Freundlich b

1.0

Cd
Cr

A

0.8
0.5
B

0.3
0

2

4

6
pH

8

10

FIGURE 1.6
Correlation between soil pH and Freundlich parameter b. Curve A is a regression line for Co,
Ni, Zn, and Cd (b = 1.24 − 0.0831 pH, r = 0.83**). Curve B is for Cr(VI) (b = −0.0846 + 0.116 pH, r =
0.98**). (After Buchter et al., 1989.)
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and an estimated b value for any one of them could be estimated from soil
pH data using the regression equation for curve A in Figure 1.2. For many
purposes such an estimate would be useful, at least as a first approximation,
in describing the retention characteristics of a soil.
Curve A: b = 1.24 − 0.0831 pH (r = 0.83)
Curve B:

b = −0.0846 + 0.116 pH (r = 0.98)

(1.17)
(1.18)

Sauvé, Hendershot, and Allen (2000) analyzed more than 70 studies of
various origins collected from the literature in an effort to correlate the
distribution coefficient Kd with soil properties for five heavy metals, cadmium, copper, lead, nickel, and zinc. Specifically, the relationships between
the reported Kd values were explored relative to variations in soil solution
pH, soil organic carbon (SOC), and total metal retained by the soil. Sauvé,
Hendershot, and Allen (2000) proposed two models to predict Kd values for
several heavy metals based on chemical properties of the soil. These models were developed based on regression analysis of extensive Kd values published in the literature for a wide range of soils. The proposed models are
Model I

log(Kd) = A + B pH

(1.19)

Model II

log(Kd) = A + B (pH) + C (SOC)

(1.20)

where A, B, and C are fitting parameters. Sauvé, Hendershot, and Allen
(2000) proposed a third model, which incorporated retained heavy metals by
the soil prior to Kd measurements. With the exception of contaminated sites,
the amounts of heavy metals retained are often extremely small, however. In
Figure 1.7, plots of Kd values on a log scale versus soil pH are presented for all
five elements based on a compilation by Sauvé, Hendershot, and Allen (2000).
In 2013, Selim and coworkers (unpublished data) studied the retention of
five heavy elements by 10 soils from 10 soil orders to determine the effects
of element and soil properties on the magnitude of the Freundlich parameters Kf and b. They measured adsorption after one and seven days, as well as
desorption following adsorption (based on successive dilution method; see
Chapter 2). The metals investigated were cadmium, copper, lead, nickel, and
zinc. These five metals are the same considered by Sauvé, Hendershot, and
Allen (2000) in their regression study. The names, taxonomic classifications,
and selected properties of the 10 soils used in this study are listed in Table 1.4.
The Ap horizons of all soils were used in this retention study. The only exception is that the sandy candor subsurface sample was sampled at a depth of
90 cm. Physical and chemical properties of the 10 soils were also quantified.
A comparison of Kd parameter values for all 10 soils and five heavy metals is
provided in Table 1.5 for sorption at one and seven days. Freundlich model Kf
and b parameter values for all 10 soils and five heavy metals are provided in
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FIGURE 1.7
Plots of Kd versus soil pH for Cd, Cu, Ni, Pb, and Zn based on a compilation by Sauvé,
Hendershot, and Allen (2000). The upper and lower lines represent the 95% confidence intervals. (From Sauvé, Hendershot, and Allen, 2000. With permission.)

Table 1.9 for sorption at one and seven days. These results illustrate the sorption affinity of the various soils for each of the heavy metals.
Copper isotherms for Houston and Olney soils are shown in Figures 1.8
and 1.9. The results indicate extremely high sorption of copper by both soils
as manifested by the low concentration in the soil solution after 24 hours
of sorption. This high sorption is due to the high clay content of Houston
clay as well as the presence of carbonates. The dashed and solid curves represent linear and Freundlich model simulations. For the Candor sand soils
shown in Figure 1.9, the isotherms indicate the lowest copper sorption. In
contrast, the Arapahoe soil shown in Figure 1.8 indicates extensive copper
sorption. Solid curves are simulations using the Freundlich model, which
best described the isotherms for all 10 soils. Best-fit parameter values for the
linear and Freundlich models along with their r2 are given in Table 1.3.
Cadmium isotherms for all soils are shown in Figures 1.10 and 1.11.
Houston, Arapahoe, and Sharkey soils exhibited the highest cadmium
sorption indicative of strong copper affinity for soils with high clay content and organic matter. The lowest sorption for copper is illustrated in
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FIGURE 1.8
Copper isotherms for Houston and Olney soils after 1 day of reaction. Solid and dashed curves
are simulations using the linear and Freundlich models.

Figure 1.10 for Lincoln, Nada, and Candor soils. Solid and dashed curves
in Figures 1.6 and 1.7 are simulations using the Freundlich model, which
best described the isotherms for all 10 soils. Parameter values for K d of the
linear model and Kf and b for the Freundlich models along with their r2 are
given in Table 1.4.
Zinc isotherms for all soils are shown in Figures 1.12 and 1.13. These
results indicate much less affinity for zinc by all 10 soils when compared
with their affinity for copper. Houston soil exhibited the highest sorption,
whereas most loamy soils indicated moderate sorption for zinc. For Candor
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FIGURE 1.9
Copper isotherms for several soils after one day of reaction. Solid curves are simulations using
the Freundlich models.

sand soils low sorption for zinc is shown where the shape of the isotherms
was the opposite of those for all other soils. The extent of the nonlinearity
and shape of the isotherms is illustrated by the b values of the Freundlich
equation given in Table 1.5. Values for b are less than 1 for all soils, except
for candor sand soils where b was greater than 1, indicative of irreversible
reactions. For linear isotherms, the parameter b is 1. This parameter is often
regarded as a measure of the extent of the heterogeneity of sorption sites on
the soil having different affinities for solute retention by matrix surfaces.
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FIGURE 1.10
Cadmium isotherms for several soils after one day of reaction. Solid and dashed curves are
simulations using the Freundlich model.

In a heterogeneous system, sorption by the highest energy sites takes place
preferentially at the lowest solution concentrations, and as the sorbed concentration increases, successively lower energy sites become occupied. This
leads to a concentration-dependent sorption equilibrium behavior, that is, a
nonlinear isotherm.
Nickel isotherms for all soils are shown in Figures 1.14 and 1.15. These
results indicate similar affinities for nickel by all 10 soils when compared to
zinc. Houston soil exhibited the highest sorption, whereas most loamy soils
indicated moderate sorption affinities. Among all soils, Candor sand soils
exhibited the lowest affinity for nickel. Parameter values for Kd of the linear
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FIGURE 1.11
Cadmium isotherms for four soils after one day of reaction. Solid and dashed curves are simulations using the Freundlich model.

model and Kf and b for the Freundlich models along with their r2 are given
in Table 1.6.
Lead isotherms for all soils are shown in Figures 1.16 and 1.17. These results
indicate a wide range of affinities for lead in the 10 soils. Houston soil exhibited the highest sorption where the solution of lead in the soil solution was
below detection for the entire range of input concentration.

TABLE 1.4
Selected Soil Properties of the 10 Soils Used in the Study
Soil Series

State

Texture

pH

%C

CEC

Sand
%

Silt
%

Clay
%

Arapahoe
Candor–
Surface
Candor–
Subsurface
Olney
Lincoln
Nada
Morey
Crowley
Sharkey
Houston

NC
NC

FSL
LCoS

5.02
4.39

10.22
2.24

30.10
5.30

64.7
84.1

25.2
6.6

10.1
9.3

NC

CoS

4.05

0.56

1.70

91.0

4.1

4.9

CO
OK
TX
TX
LA
LA
TX

FSL
VFSL
FSL
L
SiL
SiC
SiC

8.12
7.54
6.61
7.74
5.22
5.49
7.78

1.14
1.27
0.76
1.05
1.16
2.76
4.26

10.10
3.00
6.30
27.80
16.50
39.70
47.70

71.1
59.5
56.8
29.4
8.3
6.4
9.6

11.6
29.7
33.6
46.5
77.3
48.6
41.2

17.3
10.8
9.6
24.1
14.4
45.0
49.2

Carbonates
(%)

3.32
3.6

26.0
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FIGURE 1.12
Zinc isotherms for several soils after one day of reaction. Solid and dashed curves are simulations using the Freundlich model.

The detection limit for lead using inductively coupled plasma-atomic emission spectrometry (ICP-AES) was 28 μg/L (ppb). The other soils exhibited
different degrees of affinity for lead, as illustrated in Figures 1.16 and 1.17.
Soils with high organic matter content such as Arapahoe as well as soils with
high clay contents such as Sharkey exhibited high sorption. It should also be
emphasized that Olney soil with high pH and carbonate content exhibited
high sorption for lead. Parameter values for Kd of the linear model and Kf and
b for the Freundlich models along with their r2 are given in Table 1.7.
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FIGURE 1.13
Zinc isotherms for Candor soil after one day of reaction. Curves are simulations using the
Freundlich models.

TABLE 1.5
Taxonomic Classification of the Ten Soils Used in the Study
Soil Series

State

Taxonomic Classification

Arapahoe
Candor–
Surface
Candor–
Subsurface
Olney
Lincoln
Nada
Morey
Crowley
Sharkey
Houston

NC
NC

Coarse-loamy, mixed, semiactive, nonacid, thermic Typic Humaquepts
Sandy, kaolinitic, thermic Grossarenic Kandiudults

NC

Sandy, kaolinitic, thermic Grossarenic Kandiudults

CO
OK
TX
TX
LA
LA
TX

Fine-loamy, mixed, superactive, mesic Ustic Haplargids
Sandy, mixed, thermic Typic Ustifluvents
Fine-loamy, siliceous, active, hyperthermic Albaquic Hapludalfs
Fine-silty, siliceous, superactive, hyperthermic Oxyaquic Argiudolls
Fine, smectitic, thermic Typic Albaqualfs
Fine-silty, mixed, active, thermic Typic Glossaqualfs
Fine, smectitic, thermic Udic Haplusterts

25

Sorption Isotherms

1400

Ni Sorbed (mg/Kg)

Olney

Houston

1200

Sharkey

Morey

1000
800
600

Arapahoe

400
200

Ni – Isothorms

0

0

10
20
Ni Concentration (mg/L)

Ni Sorbed (mg/Kg)

800

30

Lincoln
Crowley

600

Nada

400

200

0

Ni – Isotherms
0

20

40
60
Ni Concentration (mg/L)

80

FIGURE 1.14
Nickel isotherms for several soils after one day of reaction. Solid and dashed curves are simulations using the Freundlich model.
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FIGURE 1.15
Nickel isotherms for Candor surface and subsurface soils after one day of reaction. Solid and
dashed curves are simulations using the Freundlich model.

1776.43
17.91
156.42
38.68
5497.26

Kd, 7 days
Cu
Zn
Cd
Ni
Pb

**

Not detected.
Nd = Not detected.

1142.28
16.51
144.68
32.47
4035.40

Kd, 1 day
Cu
Zn
Cd
Ni
Pb

a

Arapahoe

Element

11.49
2.26
7.02
1.95
26.47

6.23
1.66
6.82
1.98
19.92

Candor–
Surface

5.59
2.94
5.51
2.19
7.67

2.52
3.21
5.21
2.10
5.46

Candor–
Subsurface

4680.96
384.38
60.85
111.64
57251.48

3110.95
86.30
42.34
43.98
34996.46

Olney

3406.10
19.83
15.57
34.28
4329.19

161.45
10.65
13.09
10.96
67.83

Lincoln

Linear Model Kd Parameter Values for 10 Soils and Five Heavy Metals

TABLE 1.6

32.13
8.00
10.62
9.19
53.63

25.31
7.30
9.69
8.93
41.65

Nada

5233.00
47.32
59.16
44.51
85573.42

754.59
38.45
56.67
47.92
20696.37

Morey

53.11
9.26
27.47
12.23
121.94

42.63
8.83
26.68
11.91
109.84

Crowley

420.37
33.60
87.62
42.70
2311.93

272.98
32.32
87.84
39.99
1344.13

Sharkey

13124.76
817.07
664.69
281.76
ND

11748.66
415.76
380.02
147.05
ND**

Houston
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FIGURE 1.16
Lead isotherms for several soils after one day of reaction. Curves are simulations using the
Freundlich models.
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FIGURE 1.17
Lead isotherms for five different soils after one day of reaction. Curves are simulations using
the Freundlich models.

1305.73
22.37
323.09
89.39
4705.95

Kf, 7 days
Cu
Zn
Cd
Ni
Pb

0.54
0.43
0.65

1004.91
150.51
313.18
78.51
3792.51

Kf, 1 day
Cu
Zn
Cd
Ni
Pb

B, 1 day
Cu
Zn
Cd

Arapahoe

Element

0.40
2.85
0.84

103.12
0.51
16.68
–
174.11

64.51
0.00
13.62
–
93.99

Candor–
Surface

0.54
2.50
0.96

72.88
1.53
7.94
0.00
33.53

16.15
0.00
6.30
0.00
7.09

Candor–
Subsurface

1.32
0.31
0.35

2209492.85
847.56
514.97
261.10
6889.88

5027.78
552.83
367.21
169.79
5169.46

Olney

0.29
0.32
1.00

3993.56
243.53
0.39
134.28
3863.83

512.40
181.27
157.04
64.04
1679.58

Lincoln

0.30
0.51
0.47

350.52
50.98
93.58
28.04
1497.59

235.45
60.29
92.94
16.65
1360.44

Nada

Freundlich Model Kf and b Parameter Values for Ten Soils and Five Heavy Metals

TABLE 1.7

0.41
0.37
0.49

4842.30
387.64
301.51
130.48
5296.20

833.78
323.29
267.61
159.24
4224.09

Morey

0.41
0.66
0.65

283.91
45.00
103.19
23.51
1452.22

213.88
37.21
93.42
17.72
1280.45

Crowley

0.46
0.70
0.65

630.16
96.24
224.12
70.94
3275.69

501.73
91.07
220.88
65.92
2825.04

Sharkey

1.16
0.33
0.50

29606459.71
1258.36
935.35
467.14
CS

66205.54
988.81
738.24
373.10
CS

Houston
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0.73
0.62

0.58
0.83
0.66
0.74
0.69

Ni
Pb

b, 7 days
Cu
Zn
Cd
Ni
Pb

0.39
1.32
0.80
–
0.56

–
0.65

0.34
1.14
0.92
2.83
0.70

2.74
0.95
3.96
0.37
0.30
0.62
0.24

0.56
0.16
1.10
0.33
0.33
0.57
0.36

0.56
0.18
0.22
0.56
0.48
0.73
0.18

0.85
0.18
0.96
0.34
0.46
0.65
0.12

0.60
0.08
0.35
0.62
0.63
0.83
0.26

0.90
0.28
0.44
0.69
0.65
0.84
0.29

0.84
0.27
3.48
0.28
0.54
0.64
CS

0.54
CS
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1.7 Predictions
The models proposed by Sauvé, Hendershot, and Allen (2000) to predict Kd
values given in Equations 1.3 and 1.4 were tested for the ability to predict
measured Kd values for the five heavy metals and 10 soils discussed above.
As discussed earlier, for model I, Kd predictions are based on soil pH only.
In model II, Kd predictions were based on two variables, pH and percent soil
organic carbon (SOC). Comparison of measured Kd values from this study
for all 10 soils using models I and II are shown in Figures 1.18 to 1.22. For copper, predictions were overestimated at the low Kd range. For both cadmium
and zinc, the predictions did not illustrate any pattern and were highly inadequate. Somewhat improved predictions were obtained for nickel and lead
when model I was used. Overall, both models yielded inadequate predictions
for all heavy metals used in this study. In contrast, when the Buchter et al.
(1989) model was used to predict the Freundlich parameter b, good overall
predictions were obtained (see Figure 1.23). For all heavy metals extremely
good trends were observed. The best prediction was obtained for Zn. Based
on this investigation, the following conclusions can be drawn.
1 Adsorption of all five heavy metals was nonlinear.
2 For all 10 soils used in this study, adsorption of heavy metals follows
the order Pb > Cu > Cd > Zn > Ni. In the presence of carbonates,
adsorption of heavy metals follows the order Pb > Cu > Zn > Cd > Ni.
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FIGURE 1.18
Measured and calculated Kd values for Cu for all soils. Calculated values for Kd were obtained
using models 1 and 2 of Sauvé, Hendershot, and Allen (2000).
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FIGURE 1.19
Measured and calculated Kd values for Cd for all soils. Calculated values for Kd were obtained
using models 1 and 2 of Sauvé, Hendershot, and Allen (2000).
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FIGURE 1.20
Measured and calculated Kd values for Zn for all soils. Calculated values for Kd were obtained
using models 1 and 2 of Sauvé, Hendershot, and Allen (2000).
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Ni predictions
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FIGURE 1.21
Measured and calculated Kd values for Ni for all soils. Calculated values for Kd were obtained
using models 1 and 2 of Sauvé, Hendershot, and Allen (2000).

For all 10 soils used in this study, the Sauvé, Hendershot, and Allen (2000)
models based on soil pH or soil pH and organic carbon provided less than
adequate predictions for Kd values for all five heavy metals. In contrast, good
predictions were obtained for the Freundlich parameter b when the Buchter
et al. (1989) model was used.
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FIGURE 1.22
Measured and calculated Kd values for Pb for all soils. Calculated values for Kd were obtained
using models 1 and 2 of Sauvé, Hendershot, and Allen (2000).
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FIGURE 1.23
Measured and calculated Freundlich b parameter values for all heavy metals and soils.
Calculated values for b were obtained using Buchter et al. (1989).
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2
Sorption Kinetics
For several decades, it has been observed that sorption and desorption of various chemicals on matrix surfaces are kinetic or time dependent. Numerous
studies on the kinetic behavior of solutes in soils are available in the literature.
Recent reviews on kinetics include Sparks and Suarez (1991), Sparks (2003),
and Carrillo-Gonzalez et al. (2006). The extent of kinetics varied extensively
among the different solute species and soils considered. Generally, trace elements and heavy metal species exhibit strong sorption, as well as extensive
kinetic behavior during sorption and release or desorption. In contrast, weak
sorption and less extensive kinetic behavior are often observed for organic
chemicals in soils and porous media. According to Aharoni and Sparks (1991)
and Sparks (2003), a number of transport and chemical reaction processes
affect the rate of soil chemical reactions. The slowest of these will limit the
rate of a particular reaction. The actual chemical reaction at the surface, for
example, adsorption, is usually very rapid and not rate limiting. Transport
processes (see Figure 2.1) include (1) transport in the solution phase, which is
rapid and, in the laboratory, can be eliminated by rapid mixing; (2) transport
across a liquid film at the particle/liquid interface (film diffusion); (3) transport in liquid-filled macropores (>2 nm), all of which are nonactivated diffusion processes and occur in mobile regions; (4) diffusion of a sorbate along
pore wall surfaces (surface diffusion); (5) diffusion of sorbate occluded in
micropores (<2 nm—pore diffusion); and (6) diffusion processes in the bulk
of the solid, all of which are activated diffusion processes. Pore and surface
diffusion can be referred to as interparticle diffusion, whereas diffusion in
the solid is intraparticle diffusion.
The form of chemical retention reactions in soils and geological porous
media must be clearly identified if predictions of their potential mobility,
toxicity, and impact on the environment are sought. In general, chemical
retention processes with matrix surfaces have been quantified by scientists using a number of empirically based approaches. One approach represents equilibrium-type reactions such as those discussed in Chapter 1.1
Equilibrium models are those where sorption reactions are assumed fast or
instantaneous in nature. Under such conditions, “apparent equilibrium” may
be observed in a relatively short reaction time (minutes or hours). Langmuir
and Freundlich models are perhaps the most commonly used equilibrium
models for the description of fertilizer chemicals, especially phosphorus,
heavy metals, and pesticides. These equilibrium models include the linear
and Freundlich (nonlinear) and the one- and two-site Langmuir type.
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Liquid
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FIGURE 2.1
Transport processes in solid-liquid soil reactions. Nonactivated processes: (l) Transport in
the soil solution. (2) Transport across a liquid film at the solid-liquid interface. (3) Transport
in a liquid-filled micropore. Activated processes: (4) Diffusion of a sorbate at the surface of
the solid. (5) Diffusion of a sorbate occluded in a micropore. (6) Diffusion in the bulk of the
solid. (From C. Aharoni and Sparks, D. L. 1991. Pp. 1–18 in Rates of Soil Chemical Processes in
Soils, edited by D. L. Sparks and D. L. Suarez. Special publication 27. Madison, WI: Soil Science
Society of America. With permission.)

Soils and other geochemical systems are quite complex, and various sorption reactions are likely to occur. Such reactions are either consecutive or
concurrent. Amacher (1991) and Selim and Amacher (1997) provided a schematic, shown in Figure 2.2, to illustrate several types of reactions that occur
in the geochemical media of soils and the range of time for these reactions
to reach equilibrium. The ion association, multivalent ion hydrolysis, and
mineral crystallization reactions are all homogeneous because they occur
within a single phase. The first two of these occur in the liquid phase while
the last occurs in the solid phase. The other reaction types are heterogeneous because they involve transfer of chemical species across interfaces
between phases. Ion association reactions refer to ion pairing, complexation
(inner- and outer-sphere), and chelation-type reactions in solution. Gaswater reactions refer to the exchange of gases across the air-liquid interface.
Ion exchange reactions refer to electrostatic ion replacement reactions on
charged solid surfaces. Sorption reactions refer to simple physical adsorption, surface complexation (inner- and outer-sphere), and surface precipitation reactions. Mineral-solution reactions refer to precipitation/dissolution
reactions involving discrete mineral phases and coprecipitation reactions by
which trace constituents can become incorporated into the structure of discrete mineral phases.
Reactions in soil environments encompass a wide range of time scales as
Figure 2.2 shows. Furthermore, these reactions can occur concurrently and
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FIGURE 2.2
Time ranges required to attain equilibrium by different types of reactions in soil environments. (From H. M. Selim and Amacher, M. C. 1997. Reactivity and Transport of Heavy Metals in
Soils. Boca Raton, FL: CRC Press. With permission.)

consecutively. The complexity of reactions in soils that occur over a time
continuum defies a simple analysis of the kinetics involved (Sparks, 2003).
Numerous methods have been developed to isolate and study the various
types of reaction that occur in soils. The choice of method largely depends
on the type of reaction to be studied, although some methods are applicable
to more than one type of reaction.
Selim and Amacher (1997) developed the following sequence of steps that
may be followed in a typical series of kinetic studies on heterogeneous systems such as soils:
1. Select the kinetic method(s) to be used for the reaction to be studied
(batch, flow, stirred flow methods, etc.).
2. Obtain the kinetic data under varying reactant concentrations, temperature, pH, ionic strength, and composition of other solution components.
3. Determine the rate function(s) from the experimental data using
initial rate, isolation, graphical, rate coefficient constancy, fractional
lives, or parameter optimization methods.
4. Propose mechanism(s) from experimental rate function and other data.
5. Test mechanism(s) by conducting experiments designed to eliminate
alternative mechanisms.
6. Refine or reject mechanism(s).
7. Perform additional experiments as needed to validate or eliminate
revised mechanism(s).
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Rarely are all these steps followed in the course of a single study and other
experiments are often required to identify a mechanism(s). This is often
achieved largely based on trial and error process of testing and retesting to
eliminate alternate observed rate functions.

2.1 Modeling of Kinetic Sorption
Kinetic models represent slow reactions where the amount of solute sorption
or transformation is a function of contact time. Most commonly encountered
is the first-order kinetic reversible reaction for describing time-dependent
adsorption/desorption in soils. Others include linear irreversible and nonlinear reversible kinetic models. Recently, combinations of equilibrium and
kinetic-type (two-site) models, and consecutive and concurrent multireaction-type models have been proposed.
2.1.1 First-Order and Freundlich Kinetics
The first-order kinetic approach is perhaps one of the earliest single forms
of reactions used to describe the sorption versus time for several dissolved
chemicals in soils. This may be written as:
 θ
∂S
= k f   C − kb S
∂t
 ρ

(2.1)

where the parameters kf and kb represent the forward and backward rates
of reactions (h–1) for the retention mechanism, respectively. The first-order
reaction was first incorporated into the classical convection-dispersion equation by Lapidus and Amundson (1952) to describe solute retention during
transport under steady-state water flow conditions. Integration of Equation
2.1 subject to initial conditions of C = Ci and S = 0 at t = 0, for several Ci values,
yields a system of linear sorption isotherms. That is, for any reaction time, t,
a linear relation between S and C is obtained.
There are numerous examples in the literature on kinetics of pesticides and
other organic sorption on various soils. Examples are shown in Figure 2.3 for
imidocloprid that illustrate experimental observations where sorption over
time appears linear (Jeong and Selim, 2010).
It was argued that such apparent linear behavior is not surprising for a
number of reasons, including that the concentration range of the solute in
solution and the adsorption optima are not attained. In addition, Selim (2011;
2012) suggested that linear behavior is also due to the uniform or homogeneous nature of the sorbing matrix. It is safe to consider organic matter as
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FIGURE 2.3
Adsorption isotherms for imidacloprid for five different retention soils. The solid curves are
based on the Freundlich equation.

the dominant sorbent for imidoclorpid in a Vacherie soil with high organic
matter. There are not many other examples of apparent linear kinetics for
other solutes, with the exception of cations of low affinity such as Ca, K, and
Na (Gaston and Selim, 1990a, 1990b).
Kinetic sorption that exhibits nonlinear or curve linear retention behavior
is commonly observed for several reactive chemicals as depicted by the nonlinear isotherms for nickel and arsenic shown in Figures 2.4 and 2.5, respectively (Liao and Selim, 2010, and Zhang and Selim, 2005). To describe such
nonlinear behavior, the single reaction given in Equation 2.1 is commonly
extended to include nonlinear kinetics such that (Selim 1992):
 θ
∂S
= k f   C b − kb S
∂t
 ρ

(2.2)

where b is a dimensionless parameter commonly less than unity and represents the order of the nonlinear or concentration-dependent reaction and
illustrates the extent of heterogeneity of the retention processes. This nonlinear reaction (Equation 2.2) is fully reversible where the magnitudes of
the rate coefficients dictate the extent of kinetic behavior of retention of the
solute from the soil solution. For small values of kf and kb, the rate of retention is slow and strong kinetic dependence is anticipated. In contrast, for
large values of kf and kb, the retention reaction is a rapid one and should
approach quasi-equilibrium in a relatively short time. In fact, at large times
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FIGURE 2.4
Adsorption isotherms for Ni on Webster soil at different retention times. The solid curves are
based on the Freundlich equation.
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Adsorption isotherms for arsenic on Windsor soil at different retention times.
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(i.e., as t → ∞), when the rate of retention approaches zero, Equation 2.2
yields:
S = K f Cb

 θk f 
where K f = 
 ρkb 

(2.3)

Equation 2.3 is analogous to the Freundlich equilibrium equation where Kf
is the solute partitioning coefficient (cm3/g). Therefore, one may regard the
parameter Kf as the ratio of the rate coefficients for sorption (forward reaction) to that for desorption or release (backward reaction).
The parameter b is a measure of the extent of the heterogeneity of sorption
sites of the soil matrix. In other words, sorption sites have different affinities
for heavy metal retention by matrix surfaces, where sorption by the highestenergy sites takes place preferentially at the lowest solution concentrations.
For the simple case where b = 1, we have the linear form:
 θk f 
S = K dC where K d = 
 ρkb 

(2.4)

The parameter Kd is the solute distribution coefficient (cm3/g) and of similar
form to the Freundlich parameter Kf. There are numerous examples of cation
and heavy metal retention, which were described successfully using the linear or the Freundlich equation (Sparks, 1989; Buchter et al., 1989). The lack of
nonlinear or concentration-dependent behavior of sorption patterns as indicated by the linear case of Equation 2.1 is indicative of the lack of heterogeneity of sorption-site energies. For this special case, sorption-site energies for
linear sorption processes of heavy metals may be best regarded as relatively
homogeneous. A partial list of kinetic models is presented in Table 1.1 of
Chapter 1.
2.1.2 Second-Order and Langmuir Kinetics
An alternative to the above first- and nth-order models is that of the secondorder kinetic approach. Such an approach is commonly referred to as
Langmuir kinetics and has been used for predictions of phosphorus retention and heavy metals (Selim and Amacher, 1997). Based on second-order
formulation, it is assumed that the retention mechanisms are site specific
where the rate of reaction is a function of the solute concentration present in
the soil solution phase (C) and the number of available or unoccupied sites ϕ
(μg/g soil), by the reversible process:
k

f


→ S
C+φ ←

kb

(2.5)
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where kf to kb are the associated rate coefficients (h) and S the total amount
of solute retained by the soil matrix. As a result, the rate of solute retention
may be expressed as:
ρ

∂S
= k f θ φ C − k b ρS
∂t

or

(2.6)
ρ

∂S
= k f θ (ST − S) C − k b ρS
∂t

where ST (μg/g soil) represents the total amount of total sorption sites.
Figure 2.6 shows the results of second-order simulations of Cu isotherm at
different times during adsorption.
It is obvious that, as the sites become occupied by the retained solute, the
number of vacant sites approaches zero (ϕ → 0) and the amount of solute
retained by the soil approaches that of the total capacity of sites, that is, S → ST .
Vacant specific sites are not strictly vacant. They are assumed occupied by
hydrogen, hydroxyl, or other specifically sorbed species. As t → ∞; that is,
when the reaction achieves local equilibrium, the rate of retention becomes:
k f θ φC − kbρS = 0,

400

S  θ k f
=
=ω
φC  ρ  k b

(2.7)
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FIGURE 2.6
Adsorption isotherms for copper on McLaren soil at different retention times.
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Upon further rearrangement, the second-order formulation, at equilibrium, obeys the widely recognized Langmuir isotherm equation:
S
KC
=
ST
1 + KC

(2.8)

where the parameter K (= θ kf/kb ρ) is now equivalent to ω in Equation 2.7 and
represents the Langmuir equilibrium constant. Sorption/desorption studies
showed that highly specific sorption mechanisms are responsible for solute
retention at low concentrations. The general view was that metal ions have a
high affinity for sorption sites of oxide mineral surfaces in soils. In addition,
these specific sites react slowly with reactive chemicals such as heavy metals
and are weakly reversible.

2.2 Desorption and Hysteresis
Desorption of sorbed solutes from matrix surfaces is the process of detachment or release of ions or molecules to the bulk solution or the liquid phase.
Knowledge of associated mechanisms is significant in understanding release
or desorption behavior and provides the necessary tools for predictions and
risk assessment. As with water infiltration and subsequent redistribution in
the soil profile, solute release often continues for extended periods of time
when compared to the duration of adsorption. Most applications of chemicals on soils and accidental spills occur over a relatively short time (hours
or days). It is obvious that adsorption is dominant during such applications.
This adsorption is commonly followed by extended periods of release or
desorption ranging for months to years or decades.
Release or desorption is presented either as the amount sorbed or the concentration in solution versus reaction time. Results of kinetic adsorption and
desorption for atrazine by sugarcane harvest residue are shown in Figure 2.7
and Figure 2.8 for a wide range of input concentrations (Ci). Such results are
subsequently used to generate atrazine isotherms in the traditional manner
for adsorption and desorption as shown in Figure 2.9 and Figure 2.10, respectively. It is striking that both sets (adsorption and desorption) of isotherms
appear linear. Isotherm linearity for organic behavior in soils is discussed in
Chapter 1.
Figure 2.11 represents an alternative to the desorption isotherms shown
in Figure 2.10. This alternate method of presentation is commonly used and
referred to as hysteresis, with emphasis on desorption subsequent to adsorption. The major advantage here is that two sets of separate isotherms are not
required. One should note that the solid curve in the family of desorption
isotherms represents that of adsorption after 504 hours, whereas all dashed
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FIGURE 2.7
Atrazine concentration in solution during adsorption and desorption versus time. Results are
from a batch kinetic experiment having a mulch-to-solution ratio of 1:30 and for several initial
concentrations (Ci).
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FIGURE 2.8
Amount of atrazine sorbed by sugarcane mulch residue. Results are from a batch kinetic experiment having a mulch-to-solution ratio of 1:30 and for several initial concentrations (Ci).
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FIGURE 2.9
Time-dependent adsorption isotherms of atrazine by sugarcane mulch residue.

curves represent successive desorption isotherms. These isotherms clearly
illustrate the kinetic behavior of solute sorption and that short-term isotherms (hours or days) do not necessarily provide an accurate description
of their affinity to a specific type of matrix surface or a given soil. Details
regarding kinetic measurements of adsorption and desorption are discussed
later in this chapter (also see Selim and Zhu, 2005).
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FIGURE 2.10
Time-dependent desorption isotherms of atrazine by sugarcane mulch residue. The solid line
is the adsorption isotherm for 504 hours of reaction. Dashed curves are desorption isotherms.
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FIGURE 2.11
Traditional desorption isotherms of atrazine by sugarcane mulch residue. The solid line is the
adsorption isotherm for 504 hours of reaction. Dashed curves are predictions using (a) the
multireaction model (upper), and (b) the Freundlich model (lower).

The extent of hysteresis is further illustrated by the results for Zn desorption versus time for soils with distinctly different sorption affinity for Zn
(see Figure 2.12). In Webster soil, desorption or release of Zn appears to be
slow, indicative of strong sorption. In contrast, rapid release was observed
in Windsor soil. The respective isotherms for the two soils are given in
Figure 2.12 and clearly illustrate extensive hysteresis for Webster sorption
consistent with strong kinetic behavior and possible irreversible reactions.
The hysteresis phenomenon has been reported for several decades in
numerous studies published on colloids and colloidal chemistry. In fact, the
term hysteresis is not restricted to solute sorption isotherms but is used in
other disciplines, such as soil physics and hydrology. In water-unsaturated
porous media, hysteresis was observed in soil-moisture content and applied
suction. Discrepancies between wetting and drying curves and subsequent
scanning curves give rise to the term hysteresis.
Reasons for the observed hysteresis have been discussed and various
explanations have been advanced in the literature. Most center on irreversible
reactions, change of phase, and formation of other ions during desorption.
Selim, Davidson, and Mansell (1976) developed a mathematical proof that
sorption kinetics can explain in part the discrepancies between adsorption
and desorption isotherms. In fact, the explanation explicitly show that when
kinetics is absent, that is, when instantaneous or equilibrium is dominant,
identical adsorption and desorption isotherms are obtained. In other words,
both isotherms coalesce and nonsingularity or hysteresis is not observed.
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FIGURE 2.12
Zn concentration in Windsor and Webster soils versus time during desorption for various
initial Zn concentrations (Co).

To illustrate solute retention behavior (adsorption-desorption) when
first-order or nonlinear kinetic (Freundlich) sorption is considered, several
simulations are presented in Figures 2.14 and 2.15 (Selim, Davidson, and
Mansell, 1976). As shown in Figure 2.14 (top), the linear kinetic adsorption
isotherms are strongly time dependent and even after more than 50 hours
only 90% of equilibrium was achieved. The slow attainment of equilibrium
can be attributed primarily to the magnitude of the reaction rate coefficients
kf and kb. Figure 2.14 (bottom) also shows simulated adsorption curves for 10
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FIGURE 2.13
Adsorption and desorption isotherms for Zinc (Zn) in Windsor and Webster soils.

and 50 hours and desorption (dashed) curves initiated after 10 and 50 hours
of adsorption. The simulated desorption isotherms shown were obtained
by reducing the solute solution concentration one-half successively, every
10 hours (or 50 hours) until the solution concentration was less than 5 mg L–1.
This procedure is similar to that used in desorption studies in the laboratory. As seen from the family of (dashed) curves, desorption did not follow
the same path (i.e., nonsingularity) as the respective adsorption isotherm
(solid curves). Obviously, this nonsingularity or hysteresis results from failure to achieve equilibrium adsorption prior to desorption. If adsorption as
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FIGURE 2.14
Simulated adsorption-desorption isotherms using a linear kinetic retention model. Desorption
was initiated after 10 and 50 hours for each successive sorption step.

well as desorption were carried out for times sufficient for equilibrium to
be attained, or the kinetic rate coefficients were sufficiently large, such hysteretic behavior would be minimized. For the case when nonlinear kinetic
(Freundlich) sorption is considered, the respective sorption and desorption
isotherms clearly illustrate hysteresis, as shown in Figure 2.15. Reaction
times greater than 200 hours were required to achieve >90% equilibrium
when nonlinear kinetic sorption was clear. These simulations demonstrate
the concept of the influence of kinetic reaction on hysteresis regardless of the
form of the sorption retention reaction.
2.2.1 Imperial Hysteresis Coefficient
Several efforts have been made to quantify hysteresis based on adsorption and desorption parameters associated with the Freundlich equation.
Ma et al. (1993) defined hysteresis based on the difference between adsorption and desorption isotherms as a direct way to quantify the discrepancy
between sorption and desorption. They derived the following equation as a
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FIGURE 2.15
Simulated adsorption-desorption using a nonlinear kinetic retention model. Desorption was
initiated after 10 and 50 hours for each successive sorption step.

hysteresis parameter based on the maximum difference between an adsorption and a desorption isotherm:
N

ω =  a − 1 × 100
 Nd


(2.9)

where Na and Nd are the exponent Freundlich parameter associated with
adsorption and desorption, respectively. Cox, Koskinen, and Yen (1997)
proposed another desorption hysteresis coefficient H, based on the ratio of
desorption and adsorption isotherm parameters:
H=

Na
× 100
Nd

(2.10)

Both coefficients ω and H are simple and easy to calculate. Zhu and Selim
(2000) derived another formula to quantify the extent of hysteresis based
on the area under each adsorption and desorption curve. If Aa represents
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the area under an adsorption isotherm curve for concentration from C = 0
to some solution concentration C = C, and Ad represents the area under a
desorption isotherm at the same concentration range, we define the para
meter λ as:
 A − Aa 
λ= d
× 100
 Aa 

(2.11)

Upon further substitution, we obtain λ as:
N +1

λ= a
− 1 × 100
N
+
1
 d


(2.12)

Based on the above formulations, one can derive values for λ as well as ω.
Selim and Zhu (2005) found that λ decreased as Ci increased for Sharkey soil,
but no such relationship was observed for Commerce. Similar trends were
observed for ω, whereas the opposite was observed for H. Ma et al. (1993)
calculated ω for atrazine on Sharkey soil and indicated that ω increased linearly with incubation time, which is the time interval between the end of
adsorption and the beginning of the desorption process. However, they did
not observe an effect of Ci on ω. Seybold and Mersie (1996) calculated ω for
metolachlor in two soils and found that ω is Ci dependent for Cullen soil
that contained 31% clay and 1.3% of organic carbon, but this phenomenon
was not apparent in Emporia soil, which contains less clay and less organic
carbon. This dependence of desorption on Ci has been reported for other
herbicides (e.g., Bowman and San, 1985; Graham and Conn, 1992, among others). It was postulated that λ increases with desorption time, indicative of
dependency on the desorption history. Such behavior might be explained by
the existence of irreversible reactions, which cause a decrease in desorbed
herbicide amounts as desorption time increased.

2.3 Measuring Sorption
There are several experimental methods, which are described in detail in
the literature, to measure sorption or affinity of a solute species to the soil
matrix. Methods for measuring kinetic sorption and adsorption are available in soil chemistry and environmental soil chemistry textbooks as well
as numerous scientific journals. It should be emphasized that most methods
are laboratory measurements and as such suffer various shortcomings and
do not depict the fate of a solute under field or in situ conditions of varying
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soil moisture or intermittent periods of wetting and drying, adsorption during solute application (or spill) and subsequent desorption, and so on. These
laboratory measurements often involve mixing a few grams of soil with a
volume of solution (30 mL to 2 L) having a solute of known concentration for
a given equilibration time (hours to weeks).
In several methods, adsorption and desorption kinetics are quantified during flow or transport rather than where mixing is dominant. The degree of
complexity of laboratory analyses and data interpretation varies extensively
among the different methods. Advantages and limitation of each method
and assumptions made are given in detail elsewhere (e.g., Sparks, 2003;
Amacher, 1991; Selim and Amacher, 1997).
It is important to stress that data from column experiments are distinctly
different from data obtained batch experiments (Miller, Sumner, and Miller,
1989; Hodges and Johnson 1987). Therefore, prediction of reactive solute
transport in soil columns based on batch experiments may yield inaccurate
results (Persaud, Davidson, and Rao, 1983), and it is thus recommended that
kinetic retention be quantified in flow systems.
Inasmuch as batch-type experiments are commonly carried out at high
solution-to-soil ratios, the data may not be applicable to transport processes
(Green and Obien, 1969; Dao and Lavy, 1978). An alternative to batch experiments are short columns or thin disk flow experiments. Miller, Sumner, and
Miller (1989), Hodges and Johnson (1987), and Akratanakul et al. (1983) showed
that batch results underestimated the extent of ion sorption on soils and minerals when compared with short columns. The use of long columns for determination of equilibrium parameters has been practiced extensively by Schweich,
Sardina, and Gaudet (1983) and Selim and Amacher (1997) for ion exchange.
Furthermore, solutes that are highly reactive require a long leaching time in
order to reach the input concentration at the effluent. The mixing effects in the
flow direction (hydrodynamic dispersion) need to be accounted for.
In this section, selected methods of solute adsorption and desorption are
described briefly. Emphasis here is on the simplicity of each method and
frequency of its use.
2.3.1 One-Step Batch
This is the classical method of measuring adsorption parameters such as
Kd, Kf, and Langmuir parameters. Here predried and ground soil sample
(or sediment) is mixed with a tenfold volume of solution with the solute of
interest in a test tube or a centrifuge tube (40 to 100 mL). The suspension is
subsequently placed in a shaker for some time (hours or days). The solution
is separated by filtering or centrifugation and the concentration of the solute in solution and in the solid phase is measured. This procedure is often
repeated for different solute concentrations in order to provide a representative adsorption isotherm similar to those presented earlier. The range of concentrations and number of input (or initial concentrations) Ci used vary from
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a few points to as much as 10 to 12. Some isotherms represent a concentration
range of three to four orders of magnitude (10-3–10+2 mg/L) and some rely on
one single concentration. Data analysis is simple, where the amount of solute
adsorbed by the soil matrix represents the difference in concentration of the
final and initial solution.
This one-step method measures adsorption at one equilibration time
only. Thus, the method implicitly assumes that kinetics is not dominant and
equilibrium is attained during the measurement period. Moreover, this method
does not address the question of release or desorption following adsorption.
2.3.2 Kinetic Batch Reactor
This is perhaps the oldest method for measuring the rate of reactions under
controlled conditions. The method is similar in principle to that described
above except that it allows for repeated measurements at various times as
desired to quantify solute adsorption kinetics. As illustrated in Figure 2.16,
Batch Reactor
Syringe sampler

Stirrer
Thermometer
Inert Gas
Dispersion
tube

Combination
pH Electrode
Acid or base
addition

Port

Gas
trap
Suspension

FIGURE 2.16
A typical batch reactor configuration. pH is controlled by a combination pH electrode and
automatic burette connected to an auto titrator. A syringe sampler allows for removal of a
subsample of suspension, an addition port permits injection of solute, an inert gas is bubbled
through the suspension by means of a gas dispersion tube, and the system is vented through
a gas trap. A thermometer allows for temperature monitoring, and the suspension is mixed
with an overhead stirrer. (From H. M. Selim and Amacher, M. C. 1997. Reactivity and Transport
of Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)
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a batch reactor is normally a glass cylinder of sufficient size to obtain a sufficient number of samples to adequately describe the kinetics of the reaction
(some 1 to 2 L in volume). The soil-to-solution ratio is much larger (5:100 or
less) than that using the one-step reactor. As shown the suspension is mixed
with an overhead stirrer or from below with a magnetic stirrer. A pH electrode is connected to maintain a constant pH for the duration of the reaction.
To maintain conditions of oxidation and reduction, gas dispersion of CO2
and O2 in the suspension is maintained.
This batch reactor method measures adsorption at several times but is not
easily adaptable to measure kinetics of release or desorption. Moreover, data
analysis is a simple one, where the amount of solute adsorbed by the soil
matrix represents the difference between the concentration of the sampled
solution at any time t and that of the initial solution (t = 0). Additional details
are available from Selim and Amacher (1997) and Reddy and Delaune (2008).
This method is often used to assess the influence of soil parameters, notably
pH and Eh (the redox potential, or rates of reaction to a specific or a combination of solute species).
2.3.3 Adsorption–Desorption Kinetic Batch Method
This method is considered one of the simplest of batch methods where solute
adsorption as well desorption kinetics studies with soils and other matrices
are carried out in centrifuge tubes. A schematic showing a typical adsorptiondesorption experiment using centrifuge tubes is shown in Figure 2.17. The

Kinetic Batch Method
for Adsorption & Desoprtion

Shaking,
Centrifuging,
Sampling

30 mL
Solution

3 g Soil

Decant
supernatant

10 or more Desorption steps

0.01 M
KNO3

Desorption
Adsorption Steps
1, 2, 4, 7, 14, 21, 30 d
Steps

Sampling Every
1d–3d
Soil residues

FIGURE 2.17
A schematic of batch adsorption-desorption studies in centrifuge tubes.
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volume of the centrifuge tubes varies from 40 to 50 mL where a soil-to–solution
ratio of 3 g to 40 mL solution (or 4 g to 40 ml solution) is used. The solution contains the solute at the desired concentration dissolved in a background solution. Commonly used are 0.005 M CaCl2, KNO3, or KCl background solution.
Duplicate or triplicate samples (or tubes) are used for each initial solute concentration. For other matrices, such as organic material or plant material, 1 g
of matrix to 30 or 40 mL of solution is used. The range of initial concentrations
to be used varies dependent on the objectives of each study.
The mixtures or slurries in the centrifuge tubes are then shaken continuously, and after each reaction time (or sampling time), the tubes are centrifuged at 500 × g for 15 min. An aliquot is then sampled from the supernatant
at the specified reaction time. The volume to be decanted can be as little
as 0.2 mL if radionuclides are used. The volume of the decanted solution
is normally 3 mL. The slurries are then vortex mixed and returned to the
shaker after each sampling. These steps are repeated for each adsorption
time. Generally, initial reaction times may vary from 2 to 4 hours followed
by daily sampling for 1 to 7 days, and weekly for 4 to 6 weeks or longer. To
avoid excessive changes in the soil-to-solution ratio, the number of samples
should be limited to three to four if large aliquots are needed. In contrast as
many as 12 or more reaction times may be carried out if radionuclides are
used.
Desorption is carried out using the method of successive dilutions and
commences immediately after the last adsorption time step. Each desorption step is carried out by replacing as much of the supernatant with the
background solution. The amount of decanted solution and that of the background solution added must be recorded for mass balance calculations. A
desorption step often consists of 24 to 36 hours of shaking for each step.
Desorption is repeated for several steps as desired. The total desorption
or release time depends on the number of desporption steps and the time
intervals between each desorption step. Examples of adsorption-desorption
results based on this method were described earlier and are presented in
Figure 2.13.
The decanted solution from each adsorption and desorption step is analyzed for the solute and the amount retained by the soil matrix is calculated.
Moreover, the remaining soil following the last step can be used for speciation based on different fractionation procedures (see Zhang and Selim, 2005).
2.3.4 Thin Disk Method
In this method, a thin disk of dispersed soil (1 to 2 g) deposited on a porous
membrane is placed in a holder and connected to a piston-flow pump
to maintain a constant flow rate (see Figure 2.18). A fraction collector is
used to collect sample effluents. During adsorption, a pulse of solution
containing a solute having a concentration (Ci) is introduced. The duration of the pulse varies and often is a function of sorption affinity and the
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Thin disk
supported
on membrane
filter

Fraction
collector

Pump

Reservoir
FIGURE 2.18
The thin disk flow method experimental setup. Background solute solution is pumped from
the reservoir into the thin disk and the effluent is collected by a fraction collector.

flow rate. Nevertheless, the pulse is often terminated when a change in
the concentration in the effluent is no longer observed. Once terminated,
desorption commences using a continuous pulse of a solute-free solution.
This procedure is often repeated using different initial or input concentration (Ci) in order to achieve rates of reactions over a wide range of solute
concentrations.
There are several alternative ways for the use of the thin disk method to
quantify solute sorption under different constraints, including ionic strength
and pH. For example, pulses of increasing concentrations (Cis) may be introduced consecutively to the thin disk in order to achieve a wide range of concentrations for the same soil. Multiple solutes may also be introduced to the
thin disk either concurrently (i.e., a pulse of several solutes) or consecutively
where each pulse is identified by a different solute species.
There are several advantages of thin disk methods over the batch methods
described above. First, the reactions associated with adsorption as well as
release or desorption take place under conditions of transport or when flow
is taking place. As such, thin disk methods represent an open system where
incoming solute is being introduced to the soil during pulse application.
The same is true during desorption or release where the incoming solution
contains no solute. Another advantage is that this method closely resembles
field situations compared to batch methods with their inherent artificial constraints of unrealistic ratios of soil to solution, stirring, and centrifugations.
2.3.5 Stirred-Flow Method
A schematic of the stirred-flow method is given in Figure 2.19. This method
was originated by chemical engineers in the 1980s and was later adopted by
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Stirred-Flow Reactor Method
Stirrer

Reactor
Fraction
collector

Pump

Reservoir

FIGURE 2.19
A stirred-flow reactor connected to a reservoir of a solute through a pump. The effluent is
collected by a fraction collector. (From H. M. Selim and Amacher, M. C. 1997. Reactivity and
Transport of Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)

soil chemists and biogeochemists. The stirred-flow method is best regarded
as a modification of the batch reactor method where reactions take place during continuous flow or transport. Selim and Amacher (1997) provided a historical perspective and modifications of the stirred-flow method as well as
mass balance calculations for quantifying the amount sorbed versus time.
The stirred-flow method is a combination of mixing and transport methods
and is applicable for quantifying solute adsorption as well as desorption and
release. Inherent advantages and disadvantage of the stirred-flow method
are analogous to those of the mixing and transport methods. Sparks (2003)
provided critical evaluation of this method, and of the various parameters
that may be controlled (e.g., pH, Eh, etc.) during the experiment.
2.3.6 Miscible Displacement
Miscible displacement methods were originally developed by chemists and
chemical engineers and are convenient to measure the transport of reactive
chemicals in soils or porous media. The methods account for physical processes that govern solute transport in soils, including mass flow or convection, diffusion, and longitudinal dispersion. A primary use of these methods
is not only to quantify rates of solute adsorption or desorption but also to
quantify the physical characteristics governing solute transport in porous
media. This is often achieved by use of a tracer or nonreactive ions such
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as tritium or bromide. These methods are also used by scientists dealing
with transport phenomena of various reactive chemicals such as agricultural
chemicals, organics (pesticides and industrial compounds), various inorganics, radionuclides, and explosives.
Since the transport of reactive solutes is directly influenced by its affinity and various chemical reactions with matrix surfaces, miscible displacement methods are best regarded as indirect means to quantify the affinity of
adsorption and desorption processes in porous media. The experimental setup for miscible displacement experiments is similar to that for the thin disk
method. The only exception is that a column of length L of soil or porous
media is packed prior to its attachment to the pump and fraction collector as
shown in Figure 2.20. Acrylic columns are commonly used and uniformly
packed with air-dried soil then slowly water-saturated with a background
solution at a low Darcy flux using a variable-speed piston pump. Once saturation is achieved, the flux is adjusted to the desired flow rate. A background
solution is used to maintain constant ionic strength, prior to the introduction
of a solute. In most studies, the application of solute pulse is maintained for
an extended period. However, it is much more desirable to introduce a finite
volume of the input solute pulse (i.e., for a specified duration), which is subsequently followed by solute-free solution. Introduction of free-solute solution induces release or desorption of retained solute. Solute concentrations

Soil
Column

Heavy Metal Solution

Piston Pump

Fraction Collector

FIGURE 2.20
Miscible displacement solute transport experimental setup. Background solution and solute
are pumped upward from the reservoir through a water-saturated soil column and are collected as aliquots by the fraction collector. Separation of solid and aqueous phases is accomplished by a filter at the outlet end of the soil column.
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Solute Transport in an Unsaturated Soil

FIGURE 2.21
Solute transport experimental setup for downward flow in an unsaturated soil. A tracer, solute, and background solution are pumped sequentially at flow rate as desired.

in the effluent versus time (or volume of effluent) represent the solute breakthrough curves (BTCs), which are analyzed based on various transport
equations. As illustrated by the BTCs presented in the next chapter, a BTC is
characterized by an adsorption or effluent (left-hand) side and desorption or
release (right-hand) side. It is should be noted that the rate of reaction during
release or desorption is more indicative of the fate of solute in soils than from
data based on adsorption alone.
The miscible displacement methods are often to monitor solute transport during infiltration and redistribution in an initially dry soil. In other
words, column transport experiments are not limited to water-saturated
conditions where a steady water flow is maintained. This is illustrated in
Figure 2.21, where a wetting front is advancing in a dry soil, which is monitored with depth and time of infiltration. When the wetting front reaches
the lower end of the column (z = L), outflow commences once the pressure
head reaches zero. Effluent volume is monitored with time and collected
samples analyzed for various solutes. In the example shown, a short pulse
of tritium (1.5 pore volumes) was first applied to a Commerce silt loam soil
(L = 30 cm) and was subsequently followed by a large pulse of a mixture of
three heavy metals (Cd, Cu, and Cr). Effluent solution was analyzed for the
applied solutes with time. Moreover, after the termination of the experiment, the soil was sectioned and analyzed for the retained solutes versus
depth (see Figure 2.22). Analysis of results from such column transport
experiments requires solving the solute (convection-dispersion) equation
and Richard’s water flow equation for partially saturated soils under transient flow conditions. Such mathematical solutions are discussed in the
next chapter.
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FIGURE 2.22
Sectioning of a soil column after transport experiments for analysis of solute fractions retained
by the soil matrix.
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3
Transport
To describe the general equation dealing with the transport of solutes
present in the soil solution, a number of definitions must be given and
the continuity or mass balance equation for the solute must be derived.
One can assume that a heavy metal, or generally a solute species, may be
present in a dissolved form in the soil water, that is, the solution phase.
The amount of a dissolved species is expressed in terms of concentration
(mass per unit volume) in the solution phase. A solute species may also
be retained or sorbed by the soil matrix or be present in a precipitate or
coprecipitate form.
For a given bulk volume within the soil, the total amount of solute χ
(Μg cm–3) for a species i may be expressed as
χ i = ΘC i + ρSi

(3.1)

where S is the amount of solute retained by the soil (Μg per gram soil), C is
the solute concentration in solution (Μg cm–3 or mg L–1), Θ is the volumetric
soil water content (cm3 cm–3), and ρ is the soil bulk density (g cm–3).

3.1 Continuity Equation
The continuity or mass balance equation for a solute species is a general representation of solute transport in the soil system and accounts for changes
in solute concentration with time at any location in the soil. To derive the
continuity equation, let us examine the transport of a solute species through
a small volume element of a soil. For simplicity, we consider the volume element to be a small rectangular parallepiped with dimensions Δx, Δy, and
Δz as shown in Figure 3.1. Assume that Jx is the flux or rate of movement of
solute species i in the x direction, that is, the mass of solute entering the face
ABCD of the volume element per unit area and time. Therefore, the solute
inflow rate, or total solute mass entering into ABCD per unit time, is
Solute inflow rate = J x y z

(3.2)
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FIGURE 3.1
Rectangular volume element in the soil. (From Selim and Amacher, 1997. With permission.)

Similarly, if Jx+Δx is the solute flux in the x direction for solute leaving the
face EFGH, the total mass of solute leaving EFGH per unit time, that is, the
solute outflow rate, is
Solute ouflow rate = J x+

x

y z

(3.3)

From elementary calculus Jx+Δx can be evaluated (approximately) from
J x+ x = J x +

∂Jx
x
∂x

(3.4)

where ΜJx/Μx is the rate of change of Jx in the x direction. From Equation
3.4, the net mass of solute flow (inflow minus outflow) per unit time in the
volume element from solute movement in the x direction is
Solute inflow rate − Solute outflow rate = ( J x − J x+ x ) y z
=−

∂Jx
x y z
∂x

(3.5)

Similarly, the net mass of solute flow per unit time from solute movement
in the y direction is
−

∂Jy
∂y

x y z

(3.6)
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and from solute movement in the z direction is
−

∂Jz
x y z
∂z

(3.7)

Adding Equations 3.5, 3.6, and 3.7 yields the net mass of solute (inflowoutflow) per unit time for the entire volume element as a result of solute
movement in the x, y, and z directions.
∂Jy ∂Jz 
 ∂J
Net mass transport = −  x +
+
x y z
∂ z 
 ∂x ∂y

(3.8)

This net rate of solute flow represents the amount of mass of solute gained
or lost within the volume element per unit time. This is often called the
rate of solute accumulation. Now we assume that the solute species considered, in our example, is of the nonreactive type, that is, the solute is not
adsorbed or retained by the soil matrix. Therefore, we can further assume
that for a nonreactive solute S in Equation 3.1 is always zero and the solute is
only present in the soil solution phase having a concentration C. Moreover,
if Θ is the volumetric soil water content, that is, the volume of water per
unit volume of bulk soil, then Θ ΔxΔyΔz is the total volume of water in the
volume element shown in Figure 3.1. At any time t, the total solute mass
in the volume element is ΘC ΔxΔyΔz. Therefore, based on the principle of
mass conservation, the rate of solute accumulation, that is, the rate of gain
or loss (ΜΘC/Μt) ΔxΔyΔz, is equivalent to the net rate of mass flow (inflowoutflow). That is:
∂Jy ∂Jz 
 ∂J
∂ΘC
x y z = − x +
+
x y z
∂t
∂
x
∂ y ∂ z 


(3.9)

By dividing both sides of Equation 3.9 by the volume element Δx Δy Δz,
we have
∂Jy ∂Jz 
 ∂J
∂ΘC
= − x +
+
= −div J
∂t
∂ z 
 ∂x ∂y

(3.10)

which is called the solute continuity equation for nonreactive solutes. For
the general case where the solute is of the reactive type, we can denote the
extent of solute reaction in terms of the amount retained on the soil matrix S
as described in Equation (3.1). Therefore, the rate of change of the total mass
χ for the ith species with time may be represented by the following general
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solute continuity equation for rectangular coordinates as (omitting the subscript i):
∂χ ∂( ΘC + ρS)
= − div J
=
∂t
∂t

(3.11)

The above equation is the general solute transport formulation dealing
with the total amount of solute present in the soil system. Equation 3.11 does
not include rates of production or removal of solutes from the soil, however.
To achieve this, we introduce the term Q to represent a sink or a source term
which accounts for the rate of solute removal (or addition) irreversibly from
a unit volume of a bulk soil (Μg cm–3 h–1). Incorporation of Q into Equation
3.11 yields:
∂Jy ∂Jz 
 ∂J
∂( ΘC + ρS)
= − x +
+
−Q
∂t
∂ z 
 ∂x ∂y

(3.12)

This irreversible term Q can also be considered as a rate of volatilization or
a root uptake term representing the rate of extraction (Q positive) of a solute
from the bulk soil or the rate of exudation of a solute (Q negative). Moreover,
in the following sections, we will restrict our analysis to one-dimensional
flow in the z-direction where the flux Jz is dominant.
Equation 3.12 is universally accepted as the continuity equation for solutes
in the x, y, and z or in cartesian coordinates where the concentration C is
presented as C(x, y, z). Analogous formulations can be derived for cylindrical
and spherical coordinate systems as shown in Figure 3.2. Here the concentration C is presented as C(r, ψ, z) and C(ρ, ψ, Φ) for cylindrical and spherical

Cylindrical Coordinates

Spherical Coordinates
(ρ, ψ, φ)

(r, ψ, z)
r
ρ

rψ

φ z

r ψ
Angle ψ

FIGURE 3.2
Spherical and cylindrical coordinate systems.
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coordinates, respectively. In the figure, r, ψ, and z and ρ, ψ, and Φ represent
the coordinate systems where r, ρ, and z are distances and the angles ψ and
Φ are known as the azimuth and polar angles, respectively, The continuity
equation in these coordinates is conveniently used in chemical and other
engineering applications. In porous media, spherical coordinate systems are
used in describing solute transport in ideal systems composed of spherical
porous aggregates.

3.2 Transport Mechanisms
It is commonly accepted that there are two types of mechanisms that govern
the transport of dissolved chemicals in soils or geological media. The first
type of mechanism is an active type, which occurs regardless of whether
there is water flow in the soil system. The second mechanism is a passive
one and is applicable only when there is water flow. Diffusion is an active
mechanism and hydrodynamic dispersion and mass transport are passive
mechanisms. As discussed below, dispersion is a unique feature for porous
media.
3.2.1 Mass Flow
This is often called convection and simply refers to the passive transport of a
dissolved chemical with the fluid or water. That is intuitive and states that a
solute moves along with the water through the soil. This mechanism is also
referred to as advection or piston flow. Thus, a solute species in the soil solution and the water move together at the same flow rate:
U c = qz C

(3.13)

where Uc is the net transport of solute per unit cross-sectional area and per
unit time (Μg cm–2 h–1), qz is the water flux density (cm3 cm–2 h–1) or simply
the water flow velocity in the z direction. This flow velocity qz is referred to
as Darcy’s flux (cm h–1) and is discussed in subsequent sections.
3.2.2 Molecular Diffusion
Diffusion of ions or molecules takes place due to the random thermal motion
of molecules in solution. Diffusion is an active process regardless of whether
there is net water flow in the soil system. Diffusion results in a net transfer of molecules from regions of higher to lower concentrations. A common description of the diffusion is Fick’s law of diffusion, that solute flux
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is proportional to the concentration gradient, and can be described (in the z
dimension) by
U d = − Do

∂C
∂z

(3.14)

where Do is the coefficient of molecular diffusion for a solute in a bulk or
free solution (cm2 h–1). Values for Do for several solutes are available in the
literature.
To characterize diffusion of ions in soils, the diffusion coefficient given in
Equation 3.14 must account for the presence of the matrix or soil particles.
Specifically, the presence of soil particles results in the reduction of the volume of solution and, more importantly, the increase in the flow length of the
solute. This increase in flow or path length is often referred as tortuosity. As
a result, the diffusion equation for a soil system is now modified as follows
(Olsen and Kemper, 1968; Nye 1979):
U d = − θDm

∂C
∂z

(3.15)

This new term Dm is the apparent diffusion coefficient and takes into
account the effect of the solid phase of the porous medium on the diffusion.
In Equation 3.15, the flux also accounts for the soil moisture content Θ. Van
Schaick and Kemper (1966) and Epstein (1989) related Dm to molecular diffusion of a solute species in pure water (Do) according to:
Dm = Doτ

(3.16)

where τ is a tortuosity factor (dimensionless) that is defined as:
τ = ( τ o )2

where τ = L/La

(3.17)

and La and L are the actual and shortest path lengths for diffusion and τ is the
tortuosity. τ is an apparent tortuosity for porous media. This factor τ takes
a value less than 1, with a range of 0.3 to 0.7 for most soils. For unsaturated
soils, various forms were proposed in order to account for the soil water content Θ. Examples for expressions Dm versus Do are presented in the classical
work of Millington (1959) and Millington and Quirk (1961).
To illustrate the transport of a solute in porous medium due to diffusion,
one may consider two blocks of soils, one with high and one with low concentration. At some time t, the two blocks are brought in contact with each
other, and after sufficient time has elapsed, the blocks are sectioned and
solute concentrations obtained. This approach yields a concentration profile
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versus distance from which the diffusion coefficient may be estimated.
Several investigators have employed this method in the laboratory to study
the effect of diffusion on solute transport in different soils (Kemper, 1986;
Oscarson et al., 1992). To estimate the diffusion coefficient, the governing
solute diffusion equation for nonreactive solutes must be used:
∂C
∂2 C
=D 2
∂t
∂z

(3.18)

C = Co

at t = 0, z < 0

(3.19)

C = Ci

at t = 0, z < 0

(3.20)

where Co and Ci are the initial concentrations for blocks 1 and 2, respectively. Analytical solution of the diffusion equation is available and can be
expressed as:
C( z, t) = Ci + 0.5(Co − Ci ) erfc( z/ 4Dt )

(3.21)

and erfc is the complmentary error function given by:
erfc( ) =

2
π

∫

∞

2

e−r d

(3.22)

Equation 3.18 is result of the incorporation of Fick’s law of diffusion with
the continuity equation of Equation 3.12 for the z dimension only. Equation
3.18 is commonly known as the diffusion equation in one dimension and is
the subject of several books and journal articles. Solutions of Equation 3.18
for various initial conditions are available in numerous sources, including
Crank (1956), Carslaw and Jaeger (1959), and Ozisik (1968).
In Figure 3.3, the concentration distributions are shown for different times
after joining the two blocks. In the example it is assumed that Co = 1, Ci =
0 mg L–1, and D = 1 cm2 d–1. As expected as the time t for diffusion increases
solute spreading from the block of high concentration increases. Similar
results can be obtained for increased values of the diffusion coefficient D.
3.2.3 Dispersion
Dispersion is a highly significant transport mechanism that is unique to
porous media. The term dispersion is sometimes referred to as mechanical or
hydrodynamic dispersion and includes all solute-spreading mechanisms that
are not attributed to molecular diffusion. The mechanical or hydrodynamic
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FIGURE 3.3
Effect of molecular diffusion on solute transport with distance for 0, 2, 4, and 1 d.

dispersion phenomenon is due to various factors associated with the geometry and flow characteristics of porous media. Generally, dispersion can be
attributed to the nonuniform flow velocity distribution during fluid flow in
porous media (Ogata, 1970, Nielsen, van Genuchten, and Biggar, 1986). In
porous media the porosity results from interconnected pores having different size diameters and having different proportions. This results in different
water velocities attributable to the different pore diameters or the pore size
distribution of the porous medium. As a result, solutes in large pores travel
to a greater distance than solutes present in small pores.
In addition, within an individual pore, according to Poiseuille’s law, there
is variation in velocity from the center of a pore (maximum value) to zero at
the solid surface. This is illustrated in Figure 3.4, which shows solute spreading due to dispersion as well as diffusion (see Bear, 1972). According to
Poiseuille’s law, a velocity distribution develops over time with an increase
in the advance or spreading of a solute front. Fluctuation of the flow direction or path due to tortuosity of the porous medium is another significant
factor that results in solute spreading.

Grain
Velocity
distribution
Grain

FIGURE 3.4
The spreading of a solute due to dispersion in porous media.
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FIGURE 3.5
Piston flow, flow in a narrow tube or a soil pore, and the relative concentration versus pore
volume of the effluent solution.

The effect of dispersion is that of solute spreading, which is a tendency
opposite to that of the so-called piston flow. The schematics of Figure 3.5
provide a comparison of effluent concentration for piston-type flow, which
is characterized by a sharp drop in concentration, that is, no solute spreading, and solute transport in a narrow tube or a soil pore. In the schematic,
the increase in solute spreading is clearly manifested by the advance of the
solute front over time. The change of concentration in the outflow or effluent solution versus the volume displaced clearly illustrates the difference
between piston flow and that in narrow tubes or soil pores. In the schematic,
the concentration is plotted versus relative volume of accumulated effluent
V/Vo, where Vo (cm3) is the total pore water volume in the soil pore (or the
piston column) and V the accumulated volume of effluent (cm3).
When dispersion is neglected, the solute moves at the same velocity and a
solute front arrives as one discontinuous jump. This behavior is called piston
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flow, when a solute, if dispersion is ignored, moves in a porous medium or
is displaced through the soil like a piston. Dispersion is a passive process
in response to water flow. Therefore, dispersion is effective only during
fluid flow, so that for a static water condition or when water flow is near
zero, molecular diffusion is the dominant mixing process for solute transport in soils. A longitudinal dispersion coefficient (DL) and transverse dispersion coefficients (DT) are needed to describe the dispersion mechanism.
Longitudinal dispersion refers to that in the direction of water flow and (DT)
refers to dispersion in directions perpendicular or transverse to the direction of flow. Longitudinal dispersive transport can be described by an equation similar to Equation 3.14 for diffusion:
U m = − Θ DL

∂C
∂z

(3.23)

Separate studies investigated the effects of the soil water content Θ (Laryea
et al., 1982; Smiles and Philip, 1978; Smiles et al., 1978) and the water flux q
(Smiles and Gardiner, 1982; De Smedt and Wierenga, 1984) on DL. A linear
relationship between unique DL and v, where v is referred to as the porewater velocity and is given by (q/Θ), is commonly used:
DL = Do + λv

(3.24)

where Do is the molecular diffusion coefficient in water. The term λ is a
characteristic property of porous media known as the dispersivity (cm).
Dispersivity values λ vary from a few centimeters for uniformly packed (disturbed) laboratory soil columns to several meters for field-scale experiments.
Large values of λ are also reported for well-aggregated soils. In practice, an
empirical parameter D rather than DL is often introduced to simplify the flux
equation (Boast, 1973). Moreover, because Do << DL, DL or simply D = λν, or a
more general formula (see Bear, 1972):
D = DL = λ v n

(3.25)

is often used, where n is an empirical constant with a common range of 1.0 to
1.2 (Yasuda et al., 1994; Montero et al., 1994; Jaynes, Bowman, and Rice, 1988).
Therefore, D versus ν may not be strictly linear and the dispersivity λ is not
velocity dependent (Gerritse and Singh, 1988).
Several modifications of D vs. ν are found in the literature by introducing
the tortuosity coefficient τ of Equation (3.17), including that by Brusseau (1993):
D = Doτ + λ v n

(3.26)
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and that of Rao et al. (1976):
D = (Do + λv)τ

(3.27)

More general regression formulas were proposed, including those of De
Smedt and Wierenga (1984) and Wierenga (1977):
D = a + bv

(3.28)

D = a + bv2

(3.29)

and

where a and b are constants, with a much greater than Do. Another regression
formula is also used (Bond and Smiles, 1983; Rose, 1977; Bond, 1986):

(

D = Dm Γ + aPeb

)

(3.30)

where I is a constant and P is the particle Peclet number defined as:
P = υl/Do

(3.31)

where the term l is a characteristic length of the porous medium.
Besides water flow velocity, D or Do is also affected by the degree of water
saturation. D is usually much larger in unsaturated soils (De Smedt and
Wierenga, 1984; Laryea et al., 1982). In a horizontal infiltration study with a
silty clay loam, Laryea et al. (1982) estimated increased D values as the soil
water content increased. Moreover, D depends on porosity and pore size distribution. Koch and Fluhler (1993) found that D values were much larger in
porous beads than in spherical solid beads.
Combining Equations 3.13, 3.14, and 3.16 yields the following simplified
solute flux expression in the z direction:
J z = −Θ D

∂C
+ qz C
∂z

(3.32)

which incorporates the effects of mass flow or convection as well as diffusion
and mechanical dispersion. Incorporation of the flux Equation 3.19 into the
conservation of mass Equation 3.13 yields the following generalized form for
solute transport in soils in one dimension:
∂θC
∂S ∂
+ρ =
∂t
∂t ∂ z

∂C

θD ∂ z

 ∂q zC
 − ∂ z

(3.33)
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Equation 3.33 is commonly known as the convection-dispersion equation
(CDE) for solute transport in porous media and is applicable for fully saturated
and partially saturated water contents and under transient and steady flow.
For conditions where steady water flow is dominant, q and Θ are constants
over space and time, that is, for uniform Θ in the soil, the simplified form of
the CDE for nonreactive chemicals is
∂C
∂C
∂2C
=D 2 −v
∂t
∂z
∂z

(3.34)

where v is the pore-water velocity (qz/Θ).
3.2.4 Equilibrium Linear and Nonlinear Sorption
Linear or linearized equilibrium sorption isotherms are the simplest form
of solute retention. Here it is assumed that the amount retained by the soil
(S) is related to solute concentration in solution (C) by an expression of the
linear form:
S = Kd C

(3.35)

where Kd is the distribution coefficient (cm3 g–1). This simple assumption of
linear adsorption generally is valid for most pesticides and solutes of low
affinity to the soils and at low concentrations. Incorporation of the linear
form into the CDE yields:
R

∂C
∂C
∂2C
=D 2 −v
∂t
∂z
∂z

(3.36)

where R is the retardation factor:
R = 1+

ρ
Kd
Θ

(3.37)

If there is no solute retention by the soil, Kd becomes zero and R becomes
one. Such an assumption is often made for anionic and neutral tracers such as
chloride, bromide, and tritium, among others. In some cases R may become less
than one, indicating that only a fraction of the soil solution phase participates in
the transport process. This may be the case when the solute is subject to significant anion exclusion or when relatively immobile water regions are present, for
example, inside dense aggregates that do not contribute to convective transport.
Van Genuchten and Weirenga (1986) suggested that, in case of anion exclusion,
(1 − R) may be viewed as the relative anion exclusion volume. However, for
most reactive chemicals in soils, nonlinear isotherms are expected:
S = K f Cb

(3.38)
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which is known as the Freundlich equation. Incorporation of the linear form
into the CDE yields:
∂C ∂S ∂
+
=
∂t ∂t ∂ z

 ∂C
 D ∂ z

∂C

 − υ ∂ z

(3.39)

where S is given by the Freundlich equation. The Freundlich equation does
not yield an equivalent retardation factor (see Equation 3.37), which is useful
in assessment of travel time and depth. Nevertheless, a nonlinear form of the
retardation factor can be expressed as:
R = 1+

ρ
b
KfC
θ

(3.40)

where some arbitrary or average concentration may be used. As discussed
in Chapter 1, other sorption processes, including Langmuir, first-order, and
nth-order kinetics are incorporated into the sorption term of the right-hand
side of Equation 3.40.
In Figure 3.6, the movement of a solute in soils having different retardation factor R in Equation 3.37 is presented. Figure 3.6a shows a comparison
of solute distribution for a nonreactive (R = 1) and a reactive (R = 2 and 4)
solute, which clearly illustrates the effect of solute retention as depicted
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FIGURE 3.6
Solute concentration and the amount sorbed versus depth for different values of linear retardation factor R. For nonreactive solutes (R = 1) there was no solute sorption with depth.
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by the retarded transport for the reactive solute over time. Figure 3.6b
clearly illustrates the influence of different values of R on the movement
of a solute in the soil profile. For the nonlinear case (Equation 3.40), the
influence of retardation on the movement of a solute in soils having different retardation Freundlich b values is presented in Figure 3.7. Figure 3.7a
shows a comparison of solute distribution for a linear case (b = 1) and a
nonlinear case (b = 0.5). Figure 3.7b shows a comparison of solute distribution for solutes having different values of b. For b < 1, the resulting
profile indicates excessive spreading, whereas for b > 1, the distribution is
presented by a sharp front in contrast to those where b equals 0.5 or 1. As
105
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FIGURE 3.7
Solute concentration and the amount sorbed versus depth for different values of the Freundlich
parameter b. For linear sorption, b is 1.

77

Transport

discussed in Chapter 1, most reactive solute behavior is of the nonlinear
type with b ≤ 1.

3.3 Initial and Boundary Conditions
Solutions of the above CDE yield the concentration distribution of the amount
of solute in soil solution (C) and that retained by the soil matrix (S) with
time and space in soil (z, t). In order to arrive at such a solution, the initial
and boundary conditions that accurately describe the experimental conditions must be specified. Several boundary conditions are identified with the
problem of solute transport in porous media. First-type (Dirichlet) boundary
conditions for a solute pulse input may be described as:
C = C o , z = 0, t < t p
C = 0,

z = 0,

t ≥ tp

(3.41)
(3.42)

where Co (Μg cm–3) is the concentration of the solute species in the input pulse.
The input pulse application is for a duration tp (h), which is then followed by
solution that is free of solute. These boundary conditions describe a tracer
solution applied at a specified rate from a perfectly mixed inlet reservoir
to the surface of a finite or semi-infinite soil profile. These Dirichlet boundary conditions were used by Lapidus and Amundson (1952) and Clearly and
Adrian (1973) and assume that the concentration itself can be specified at the
inlet boundary. This situation is not usually possible in practice.
Third-type boundary conditions are commonly used and account for
advection plus dispersion across the interface of solute at concentration Co.
For a continuous input at the soil surface, we have
vC o = − D

∂C
+ vC , z = 0, t > 0
∂z

(3.43)

and for a third-type pulse-input we have
vC o = − D

0 = −D

∂C
+ vC , z = 0, t < t p
∂z

∂C
+ vC ,
∂z

z = 0, t ≥ t p

(3.44)

(3.45)
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These conditions are for a solute or a tracer solution that is applied at
a specified rate from a perfectly mixed inlet reservoir to the soil surface.
Continuity of the solute flux across the inlet boundary leads directly to the
above third-type boundary conditions. Third-type boundary conditions
were used by Brenner (1962) and Lindstrom et al., 1967), among others.
Proper formulation of the exit boundary condition for displacement
through finite laboratory columns and soils at the field scale are needed. The
boundary condition at some depth L in the soil profile is often expressed as
(Danckwerts, 1953):
∂C
= 0, z = L, t ≥ 0
∂z

(3.46)

This second-type boundary condition is used to deal with solute effluent
from soils having finite depths, such as laboratory miscible displacement columns, and describes a zero concentration gradient at z = L.
It is often convenient to solve the CDE where a semi-infinite rather than a
finite length (L) of the soil is assumed. Under such circumstances, the appropriate condition for a semi-infinite medium is needed. Specifically, for semiinfinite systems in the field, we need a boundary condition that specifies
solute behavior at large depth (z → ∞). Such a boundary condition may be
expressed as C = constant (commonly zero) as z → ∞. An appropriate formulation of this boundary is
∂C
= 0,
∂z

z → ∞, t ≥ 0

(3.47)

which is identical to that for a finite soil length (L). Kreft and Zuber (1978) and
van Genuchten and Wierenga (1986) presented a discussion of the various
types of boundary conditions for solute transport problems.

3.4 Exact Solutions
Analytical or exact solutions to the CDE (Equation 3.34) subject to the appropriate boundary and initial conditions are available for a limited number
of situations, whereas the majority of the solute transport problems must
be solved using numerical approximation methods. In general, whenever
the form of the retention reaction is linear, an exact or closed-form solution is obtainable. A number of closed-form solutions are available in the
literature and are compiled by van Genuchten and Alves (1982). Since several boundary conditions are commonly used, we limit our discussion to
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three exact solutions to the CDE (Equation 3.24) that are widely cited in the
literature. All three solutions have the form:
 C i + (C o − C i) A( z , t)
C( z, t) = 
C i + (C o − C i) A( z, t) − C o A( z , t − t p)

0 < t < tp
t > tp

(3.48)

where we assume a simple initial condition (C = Ci) representing uniform
solute concentration distribution in the soil at t = 0. The form of the solution
in Equation 3.33 is applicable for conditions representing continuous solute
application or a pulse-type input having duration tp. For the three exact solutions, the appropriate expressions for A(z, t) are given below.

3.5 Brenner Solution
Brenner (1962) considered the case of a finite soil column with the more precise third-type boundary condition at z = 0 that accounts for dispersion and
advection across the upper surface (Equations 3.29 and 3.30). By defining the
Peclet number defined in Equation 3.31
P=

vL
D

(3.50)

Brenner’s solution can be expressed as:
 zP Pvt β m2 vt 

 β z P
 β z 
2 P β m β m cos  m  + sin  m   exp 
−
−
 L  2
 L 
 2 L 4LR PLR 

A( z, t) = 1 −
 2 P2
  2 P2 
m= 1
β m + 4 + P  β m + 4 



		
		(3.51)
∞

∑

where the eigenvalues βm are the positive roots of
β m cot (β m ) −

β 2m P
+ =0
P 4

(3.52)

Brenner’s solution describes volume-averaged concentrations within the
column. Because of the zero concentration gradient at z = L, this solution also
defines a flux concentration at the lower boundary. Hence, Brenner’s solution
correctly interprets effluent concentrations as representing flux-averaged
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concentrations. Another feature of Brenner’s solution is that the mass balance requirement for a finite column is met. That is, the amount of solute that
is entering the column minus the amount that is leaving that column equals
that which is stored in the column. Brenner’s solution, which is a series, converges only for relatively small values of P. In fact, Selim and Mansell (1976)
found that Brenner’s solution requires as many as 100 terms to obtain convergence for P > 20. Therefore, approximate solutions are recommended for
large values of P.

3.6 Lindstrom Solution
Lindstrom et al. (1967) considered the case for a semi-infinite medium with
a third-type boundary at the soil surface. Specifically, the boundary conditions given by Equations 3.29, 3.30, and 3.32 were used. This case is similar to
that considered by Brenner (1962) except for a semi-infinite rather than finite
column lengths. Lindstrom’s solution can be expressed as:
A( z, t) =

 Rz − vt   v 2t 
1
erfc 
1/2  + 

2
 (4DRt)   πDR 
−

1/2

 (Rz − vt)2 
exp  4DRt 


 Rz + vt 
vz v 2t 
1
 vz 
+
t  exp   erfc 
1+
1/2 

 D
D DR 
2
 (4DRt) 

(3.53)

This solution does not suffer from convergence problems as does that of
Brenner. In the meantime, it provides accurate mass balance and describes
volume-averaged concentrations in the column.

3.7 Cleary and Adrian Solution
Cleary and Adrian (1973) considered a similar case to that of Brenner (1962)
except for a first-type boundary condition at the inlet (z = 0). Their solution
is for finite column lengths having boundary conditions given by Equations
3.26, 3.27, and 3.31, and may be expressed as:
∞

A( z, t) = 1 −

∑
m= 1

 zP Pvt β 2mvt 
 β z
2β m sin  m  exp 
−
−
 L 
 2 L 4LR PLR 
 2 P2 P 
 β m + 4 + 2 

(3.54)
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where the eigenvalues βm are the positive roots of
β m cot(β m) +

P
=0
2

(3.55)

This solution suffers from the same convergence problems as Brenner’s,
which converges only for relatively small values of P. Moreover, Cleary
and Adrian’s solution fails the mass-balance requirement, and also violates
mass balance for the effluent curve. Van Genuchten and Weirenga (1986)
recommended that this solution not be applied to solute transport column
experiments. The significance of using the precise boundary conditions is
illustrated by comparing the Cleary and Adrian (1973) solution with the concentration profiles calculated using the mathematical solutions of Brenner
(1962) and Lindstrom et al. (1967). Unlike the boundary condition used by the
other two solutions, Cleary and Adrian (1973) assumed a first-type boundary condition (C = Co at z = 0), which has been used by several investigators
(Gupta and Greenkorn, 1973; Kirda et al., 1973; Lai and Jurinak, 1972; Warrick
et al., 1971). The solution by Lindstrom et al. (1967) was developed for a semiinfinite soil column but was later applied to finite soil columns by Davidson
et al. (1968) and Davidson and Chang (1972) among others.
The above solutions were used to calculate distributions of solute concentration in a 30-cm soil column (Figure 3.8) for selected times during continuous application of a solute solution (see Selim and Mansell, 1976). These
concentration profiles were obtained for pore-water velocities v of 0.5, 1.5,
and 3.0 cm/h. Parameters used were those of Lai and Jurinak (1972), where
D = 1.5 cm2 h–1, ρ = 1.30 g cm–3, Θ = 0.45 cm3 cm–3, Kd = 2.5 cm3 g–1, and L =
30 cm with an R value of 8.22.
As was expected, the solution of Cleary and Adrian provided higher concentrations throughout the soil column at all times and for all three pore
velocities (Figure 3.8) in comparison with results obtained by using the other
two solutions (see Selim and Mansell, 1976). With decreasing pore water
velocity (v) the magnitude of deviation among the three solutions increased.
The higher concentrations are attributed to the assumption that C = Co at
z = 0 for all times. However, the concentration profiles obtained using the
solution of Lindstrom et al. (1967) are essentially identical to results obtained
using the Brenner (1962) solution except in the vicinity of the exit end of the
soil column (z = L = 30 cm) at large times. Deviation of the Lindstrom et al.
(1967) solution in the vicinity of z = L is clearly due to forcing a semi-infinite
boundary condition to describe solute transport for the finite soil columns
presented here.
Solute breakthrough curves (BTCs) corresponding to pore water velocities
of 0.5, 1.5, and 3.0 cm h–1 for the same soil parameters as in Figure 3.8 are
shown in Figure 3.9 (see Selim and Mansell, 1976). BTCs are commonly used
in miscible displacement studies and represent relative solute concentration
C/Co at z = L versus relative volume of accumulated effluent V/Vo, where Vo is
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FIGURE 3.8
Relative concentration (C/Co) versus distance z (cm) within a soil at various times for P = 10,
20, and 60 (v = 0.5, 1.5, and 3.0 cm, respectively). Solid curves were obtained using the Brenner
solution, open circles using the Clearly and Adrian solution, and closed circles the Lindstrom
et al. solution. (From Selim and Amacher, 1997. With permission.)
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FIGURE 3.9
Relative concentration (C/Co) versus pore volumes at L = 30 cm in a soil for P = 10, 20, and 60 (v =
0.5, 1.5, and 3.0 cm, respectively). Solid curves were obtained using the Brenner solution, open
circles using the Clearly and Adrian solution, and closed circles the Lindstrom et al. solution.
(From Selim and Amacher, 1997. With permission.)

the pore water volume in the soil column (Vo = ΘL). For all three pore water
velocities, the BTCs obtained using the Brenner solution occur between
those obtained by using solutions of Cleary and Adrian and Lindstrom et al.
As is indicated in Figure 3.7, deviation between the Brenner solution and the
other two solutions decreases as the pore water velocity or Peclet number P
increases. For P = 10, the deviation was about 8%, whereas for P = 60 the deviation was only 2%. Calculated BTCs for several values of the column Peclet
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FIGURE 3.10
Relative concentration (C/Co) versus pore volume (V/Vo) based on the Lindstrom et al. solution
for R = 1 and P = 1. (From Selim and Amacher, 1997. With permission.)

number P are shown in Figure 3.10. As P decreases, the extent of spreading
increases due to increased apparent dispersion coefficient D or decrease in
v. Moreover, as P → ∞ (D → 0 or v → ∞) the breakthrough resembles that for
a step function at one pore volume (V/Vo = 1) and represents the condition of
piston-type flow or convection only.

3.8 Other Exact Solutions
In addition to the exact solutions presented above for the CDE, several other
exact solutions are also available. Specifically, a number of solutions are
available for the CDE having the form:
R

∂C
∂C
∂2C
− a1C − a2
=D 2 −v
∂t
∂z
∂z

(3.56)

which includes a linear (reversible) retention term as described by the retardation factor R (of Equation 3.25). In addition, Equation 3.40 includes a firstorder irreversible reaction term, with a1 the associated rate coefficient (h–1).
In addition, it also includes a zero-order sink source/source term having a
constant rate of loss a2 (or gain for negative a2). Subject to different sets of
boundary conditions (Equations 3.26 to 3.32) for soil columns of finite or semiinfinite lengths, a number of exact solutions to Equation 3.40 are available
in the literature (Carslaw and Jaeger, 1959; Ozisik, 1968; Selim and Mansell,
1976; van Genuchten and Alves 1982). However, most retention mechanisms

Transport

85

are nonlinear and time dependent in nature, and analytical solutions are not
available. As a result a number of numerical models using finite-difference
or finite-element approximations have been utilized to solve nonlinear retention problems of multiple reactions and multicomponent solute transport for
one- and two-dimensional geometries.

3.9 Estimation of D
In a number of field and laboratory miscible displacement studies, the main
purpose of a tracer application is to estimate the apparent dispersion coefficient, D. A commonly used technique for estimating D is to describe tracer
breakthrough results where tritium, chloride-36, bromide, or other tracers
are used. It is common to use one of the above exact solutions or an approximate (numerical) solution of the CDE. In addition, a least-squares optimization scheme or curve-fitting method is often used to obtain best-fit estimates
for D. One commonly used curve-fitting method is the maximum neighborhood method of Marquardt (1963), which is based on an optimum interpolation between the Taylor series method and the method of steepest descent
(Daniel and Wood, 1973) and is documented in a computer algorithm by van
Genuchten (1981).
The goodness-of-fit of tracer BTCs is usually unacceptable when D is the
only fitting parameter. Thus, two parameters are fitted (usually D along
with the retardation factor R) in order to improve the goodness-of-fit of
tracer BTCs (van Genuchten, 1981). Other commonly fitted parameters
include pulse duration tp and the flow velocity v for solute retention (Jaynes,
Bowman, and Rice, 1988; Andreini and Steenhuis, 1990). However, since
v can be measured experimentally under steady-state flow, it may not be
appropriate to fit v to achieve improved fit of the BTCs. The best-fit velocity v is often different from that measured experimentally. Estimates for R
values for tritium and chloride-36 tracers are often close to unity for most
soils. R greater than unity indicates sorption or simply retardation, whereas
R less than one may indicate ion exclusion or negative sorption. Similar values for R for tritium and 36Cl were reported by Nkedi-Kizza et al. (1983),
van Genuchten and Wierenga (1986), and Selim, Schulin, and Fluhler (1987).
Table 3.1 provides estimates for D obtained from tracer breakthrough results
for several soils. Selected examples of measured and best-fit prediction of
tritium breakthrough results for selected cases are shown in Figures 3.11 to
3.13 for two reference clays (kaolinite and monotorillonite) and a Sharkey
clay soil material (Gaston and Selim, 1990b, 1991). Ma and Selim (1994) proposed the use of an effective path length Le or a tortuosity parameter τ (Le/L)
where Le was obtained based on mean residence time measurements. They
tested the validity of fitting solute transport length (Le) or tortuosity (τ)
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TABLE 3.1
Values of the Dispersion Coefficients (D) for Selected Soils and Minerals from
Tritium Pulse Miscible Displacement (Soil Column) Experiments

Soils
Sharkey Ap
Sharkey (6 mm)
Sharkey (6 mm)
Eustis (<2 mm)
Cecil (<2 mm)
Cecil (<2 mm)
Cecil (<2 mm)
Cecil (0.5–1.0 mm)
Mahan (<2 mm)
Mahan (<2 mm)
Mahan (<2 mm)
Dothan Ap (<2 mm)
Dothan Bt (<2 mm)
Olivier (Ap)
Sharkey Ap
Mhoon
Sharkey (6 mm)
Sharkey (6 mm)
Vacherie
Windsor (Ap)
Windsor (Ap)
Yolo (Ap)
Acid wash sand
Glass beads + sanda
(1:1 by weight)
Kaolinite + sand
(1:1 by weight)
Bentonite + sand
(1:9 by weight)
a

Column
Length
(cm)

Pore-water
Velocity (v)
(cm/h)

Dispersion
Coefficient (D)
(cm2/h)

15
10
15
15
15
15
15
15
15
15
15
15
15
10
15
10
10
15
10.
10
10
10
15
15

4.00
1.75
1.85
.66
1.07
2.23
5.21
2.05
2.02
3.82
5.29
2.74
2.32
2.28
4.00
0.434
1.75
1.85
0.576
1. 13
3.29
1.16
2.92
3.08

10

0.52

0.40

10

0.63

0.56

4.96
9.02
7.66
2.02
2.39
8.32
20.8
3.71
9.79
15.8
23.0
11.0
11.0
1.01
4.96
0.131
9.02
7.66
1.53
0.27
3,77
0.17
1.10
0.73

Particle size distributions (0.25–0.50 mm, 0.50–1.0 mm, and 1–2 mm) were 0, 97.23%, and
2.13% for glass beads, and 79.96%, 19.23%, and 0 for acid washed sand, respectively.

using the CDE and concluded that Le (or τ) can serve as a second parameter
in the fitting of tracer results in addition to the dispersion coefficient (D).
The use of an effective path length is physically more meaningful than the
use of R as a second fitting parameter. Furthermore, independent verification of R values for tracer solutes when R is significantly different from one
is not possible.
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FIGURE 3.11
Tritium breakthrough results (C/Co versus V/Vo) for a bentonite-sand column (with 1:9 clay:sand
mixture). The solid curve is the fitted breakthrough curve. (From Selim and Amacher, 1997.
With permission.)

Figure 3.14 represents tritium BTCs from two distinctly different soils and
a reference sand material. The soils are Mahan from north Louisiana, which
is predominately kaolinitic, and Webster soil from Iowa, which is of smectitic
type. The reference sand was obtained from Fisher sand.
3.9.1 Numerical Solution of the Nonlinear CDE
The convection-dispersion solute transport Equation (3.24) along with the
retention Equations (3.42 to 3.47) of the nonlinear multireaction approach
can be solved using numerical approximations since closed-form solutions
1.0

Tritium
Kaolinite clay

C/Co

0.8
0.6
0.4
0.2
0.0
0.0

1.0

2.0
V/Vo

3.0

4.0

FIGURE 3.12
Tritium breakthrough results (C/Co versus V/Vo) for a kaolinite-sand column (1:1 mixture). The
solid curve is the fitted breakthrough curve. (From Selim and Amacher, 1997. With permission.)
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FIGURE 3.13
Tritium breakthrough results (C/Co versus V/Vo) for a Sharkey clay soil. The solid curve is the
fitted breakthrough curve. (From Selim and Amacher, 1997. With permission.)

are not available. Commonly used numerical methods are the finite-difference explicit-implicit methods (Remson et al., 1971; Pinder and Gray, 1977).
Finite-difference solutions provide distributions of solution (C) and sorbed
phase concentrations (Se, S1, S2, and S3) at incremental distances Δx and
time steps Δt as desired. In a finite-difference form a variable such as C is
expressed as
C(z,t) = C(iΔz,jΔt),  i = 1,2,3,…,N, and j = 1,2,3,...

(3.57)

where
z = iΔz,

and

t = jΔt

(3.58)

For simplicity the concentration C(x, t) may be abbreviated as:
C(z,t) = C i, j

(3.59)

where the subscript i denotes incremental distance in the soil and j denotes
the time step. We will assume that the concentration distribution at all incremental distances (Δx) is known for time j. We now seek to obtain a numerical approximation of the concentration distribution at time j + 1. The CDE
(Equation 3.24) must be expressed in a finite-difference form. For the dispersion and convection terms, the finite-difference forms are
ΘD

 C i+1 , j+1 − 2 C i , j+1 + C i−1 , j+1 
∂2 C
=ΘD
 +
2
2 ( z )2
∂z

 C i+1, j − 2 C i , j + C i−1 , j 
2
×ΘD 
 + O( z)
2 ( z )2


(3.60)
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FIGURE 3.14
Tritium breakthrough results (C/Co versus V/Vo) for a reference sand, Mahan Kaolinitic soil,
and Webster smectetic soil. The solid curves are fitted breakthrough curves.
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and
v

∂C
 C i+1, j+1 − C i , j+1 
=v
 + O( z)

∂z
z

(3.61)

where O(Δz)2 and O(Δz) are the error terms associated with the above
finite-difference approximations, respectively. In Equation 3.53, the secondorder derivative (the dispersion term) is expressed in an explicit-implicit
form commonly known as the Crank-Nickolson or central approximation
method (see Carnahan, Luther, and Wilkes, 1969). This is obtained using
Taylor series expansion and is based equally on time j (known) and time
j + 1 (unknown). Such an approximation has a truncation error, as obtained
from the Taylor series expansion, in the order of (Δz)2, which is expressed
here as O(Δz)2. In Equation 3.54, the convection term was expressed in a
fully implicit form, which resulted in a truncation error of O(Δz). In this
numerical approximation, for small values of Δz and Δt, these truncation
errors were assumed to be sufficiently small and were therefore ignored
in our analysis (see Henrici, 1962). Chaudhari (1971) showed that due to
numerical approximations, a correction to the dispersion term D is needed
such that
D* = D + Dn

(3.62)

where D* is the corrected dispersion and Dn is a numerical dispersion term that
is obtained from rearrangement of the higher-order terms of the Taylor series.
For derivatives based on central differences, Dn is given by (Chaudhari, 1971):
Dn =

v t
v
 z−

2
R 

(3.63)

Incorporation of Dn is a simple task and can yield significant improvement
to numerical approximations.
The time-dependent term of Equation 3.24 was expressed as:
R

∂C
 C i , j+1 − C i , j 
= Ri, j 
 + O( t)

∂t
t

(3.64)

where the retardation term R was solved explicitly as:
ρ K f 
R = 1+ 
b C b−1
 Θ 

(3.65)
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This term was also expressed in a finite difference (with iteration) as:
R = [R i , j]r = 1 +

bρK f
[Y b -1 ]r
Θ

(3.66)

where Y represents the average concentration at time j (known) and that at
time j + 1 (unknown) for which solution is being sought, such that
[Y ]r =

[C i , j+1]r + C i , j
2

(3.67)

where r refers to the iteration step. Iteration is implemented here due to the
nonlinearity of the equilibrium retention reaction (i.e., b ≠ 1).
For the kinetic retention equations, the time derivative for S1, S2, and S3
were also expressed in their finite-difference forms in a similar manner to
the above equations. Therefore, omitting the error terms and incorporating
iteration, the term associated with S1 was expressed as:
n

 [C i , j+1]r + C i , j 
∂S
r
ρ 1 ≅ Θ k1 
 − ρ k 2[(S1)i , j ]
2
∂t



(3.68)

Similarly, the kinetic term associated with S2, when S3 is neglected, is
approximated as:
m

ρ

r
 [C i , j+1]r + C i , j 
∂ S2
≅ Θ k3 
− ρ k 4 (S2i , j) 

2
∂t



(3.69)

Moreover, the irreversible term Q was expressed in an implicit-explicit
fashion as:
Q ≅ Θ ks

C i , j+1 + C i , j
2

(3.70)

The number of iterations for the above calculations must be specified since
no criteria are commonly given for an optimum number of iterations. A convenient way is based on mass balance calculations (input versus output) as a
check on the accuracy of the numerical solution.
For each time step (j + 1), the finite difference of the solute transport
equation, after rearrangement and incorporation of the initial and boundary conditions in their finite-difference form, can be represented by a

92

Transport & Fate of Chemicals in Soils: Principles & Applications

set of N equations having N unknown concentrations. The form of the N
equations is
a i , j C i-1, j+1 + b i , j C i , j+1 + ui , j C i+1, j+1 = e i , j

(3.71)

where N is the number of incremental distances in the soil (N = L/Δx). By
including the appropriate initial and boundary conditions in their finitedifference forms, Equation 3.33 can be written in matrix-vector notation as:

→


→

(3.72)

B( h )n+1 = w

where B is a tridiagonal real matrix and h and w denote the associated real
column vectors (the arrows indicate vectors). The matrix B may be written as:
 b n1

















un 1
an2

bn2

un 2

an3

bn3

un 3
_
−
−
a n N −1

b n N −1
anN

un N − 1
bnN



















(3.73)

The coefficients of the main diagonal of the matrix B, in absolute values, are
greater than the raw sum of the off-diagonal coefficients. Hence, the matrix
B is strictly diagonally dominant. Therefore, the matrix is nonsingular, and
there exists a solution n + 1 for the matrix vector equation (Equation 3.71) that
is unique. The tridiagonal system of equations was solved by an adaptation
of the Gaussian algorithm. Therefore, for any time step, n + 1, where all variables are assumed to be known at time step n, Equation 3.71 can be solved
sequentially until a desired time t is reached.
The coefficients a, b, u, and e are the associated set of equation parameters.
The above N equations were solved simultaneously, for each time step,
using the Gaussian elimination method (Carnahan, Luther, and Wilkes,
1969) in order to obtain the concentration C at all nodal points (i) along the
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soil profile. Solution for a set of linear equations such as the Thomas algorithm for tridiagonal matrix-vector equations can be used (Pinder and Gray,
1977). The newly calculated C values can be used subsequently as input values in the solution for solute retention. The solution of these equations thus
provides the amount of sorbed phases due to the irreversible and reversible
reactions at the same time (j + 1) and all incremental distances along the soil
profile.
3.9.2 Transport versus Batch
In most experimental investigations dealing with the fate of chemicals in
soils or porous media transport is absent. For example, methods for quantifying adsorption isotherm for a range of concentrations and over time are
rarely conducted under flow conditions. A list of such methods where net
transport of a solute is absent is discussed in Chapter 1.
When transport is absent, the problem is simplified considerably and
becomes that of an initial-value-problem where space is ignored. Simple analytical solutions are available for the linear case (Equation 3.56). However,
for Freundlich (Equation), Langmuir (Equation), or other nonlinear formulations to describe the retention reaction processes, iterations must be used
to solve the initial-value-problem. The solution becomes that representing
no-flow batch conditions where the retention is to be described over time.
The major exception between the above formulations and that excluding
transport is in the way the equilibrium sorbed phase concentration (Se) is
calculated. For any given time step j, the amount in soil solution C and that in
the sorbed phase Se are in local equilibrium and their amounts are related by
the Kf value according to the nonlinear Freundlich equation (3.42). Therefore,
the total amount in the solution and sorbed phases (Se) is
H = Θ C + ρ Se = Θ C + ρ K f C b ,

t≥0

(3.74)

As a result, one can calculate, from C and Se, the amount H at any time step
j. Now to estimate these variables at time step j + 1, subsequent to the calculations of all other variables (i.e., S1, S2, etc.), one can calculate a new value
for H and partition such a value between C and Se (based on the Freundlich
equation) using the following expression:
C=

H
Θ + ρ K f C b−1

(3.75)

which is derived directly from Equation 3.74, which is based on the newly calculated H for the sum of concentration and equilibrium sorbed phases. Equation
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3.75 is an implicit equation for C and where iteration is necessary. Specifically, a
solution for C at each time step j and iteration step r can be obtained as follows:
[C i , j+1]r +1 =

H

(

Θ + ρ K f [Ci , j+1 ]r

)

(3.76)

b−1

All other finite-difference expressions are similar to those described above.
3.9.3 Simulations
In order to illustrate the kinetic behavior of reactive solutes having various
retention mechanisms, the transport model was used to provide a number of
simulations. Figures 3.14 through 3.20 are selected simulations that illustrate
the sensitivity of solution concentration results to a wide range of parameters
associated with equilibrium as well as kinetic retention reactions. The soil
parameters selected for these illustrations are: ρ = 1.25 g cm–3, Θ = 0.4 cm3, L =
10 cm, Ci = 0, Co = 10 mg L–1, and D = 1.0 cm2 h–1. Here it was assumed that
a solute pulse was applied to a fully water-saturated soil column initially
devoid of solute. In addition, a steady water-flow velocity (q) is assumed constant, with a Peclet number P (= qL/ΘD) of 25. The length of the pulse was
assumed to be three pore volumes, which was then followed by several pore
volumes of a solute-free solution.
The influence of the Freundlich distribution coefficient Kf of the nonlinear
equilibrium type reaction on the transport of dissolved chemicals is shown
in Figure 3.15. The shape of the BTCs reflects the influence of nonlinear
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FIGURE 3.15
Breakthrough curves for several Freundlich Kf values and b = 0.5. (From Selim and Amacher,
1997. With permission.)
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FIGURE 3.16
Breakthrough curves for several values of b < 1. (From Selim and Amacher, 1997. With
permission.)

equilibrium Freundlich-type sorption. For the nonreactive case (Kf = 0),
which indicates no solute retardation, the sorption (or effluent) side and the
desorption side of the BTC appear symmetric. Here the solute concentration
(C/Co) slightly exceeds 0.5 for V/Vo of 1. As the Freundlich distribution coefficient Kf increased, the solute became more retarded as is clearly illustrated
by the location of the sorption side of the BTCs. For example, for the case
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FIGURE 3.17
Breakthrough curves for several Freundlich values of b > 1. (From Selim and Amacher, 1997.
With permission.)
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FIGURE 3.18
Breakthrough curves for several values of the kinetic rate coefficients k1 and k2. (From Selim
and Amacher, 1997. With permission.)

where Kf = 2, nearly three pore volumes were required prior to the detection
of solute in the effluent solution. In the meantime, a reduction of concentration maxima and the presence of tailing of the desorption side is observed
for large Kf values. This is due not only to the large Kf values used but also to
the nonlinearity of the equilibrium mechanism (b ≠ 1) chosen here.
The influence of a wide range of b values on the shape of the BTC is shown
in Figures 3.16 and 3.17. For all the BTCs shown in Figures 3.16 and 3.17, a Kf
of unity was used. For values of b < 1, the shape of the BTCs indicates a sharp
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FIGURE 3.19
Breakthrough curves for several b values where the kinetic rate coefficients k1 and k2 where the
ratio k1/k2 remains invariant. (From Selim and Amacher, 1997. With permission.)
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FIGURE 3.20
Breakthrough curves for several values of the rate coefficient k 5, where b = 1. (From Selim and
Amacher, 1997. With permission.)

rise in concentration or a steep sorption side with an increase of the tailing of
the desorption side for decreasing values of b. In contrast, for b > 1 the sorption side indicates a slow increase of the associated concentration and there
is a lack of tailing of the desorption side of the BTCs.
The significance of the rate coefficients k1 and k2 associated with a kinetic
reaction on solute retention and transport may be illustrated by the BTCs
shown in Figures 3.18 and 3.19 where a range of rate coefficients differing by
three orders of magnitude were chosen. For the BTCs shown in Figure 3.18,
the forward rate coefficients were constant (k1 = 0.10 h–1), whereas k2 varied
from 1 to 0.001 h–1. A decrease in concentration maxima and a shift of the
BTCs resulted as the value for k2 decreased. Such a shift of the BTCs signifies an increase in solute retention due to the influence of the kinetic mechanism associated with S1. As the rate of backward reaction (k2) decreases
or k1/k2 increases, the amount of S1 retained increases and solute mobility
in the soil becomes more retarded. The BTCs shown in Figure 3.19 illustrate
the significance of the magnitude of the kinetic rate reactions k1 and k2 while
the ratio k1/k2 remained constant. It is obvious that, as the magnitude of
the rate coefficients increased, the amount of solute retained increased and
an increased solute retardation becomes evident. Moreover, for extremely
small k1 and k2 values (e.g., of 0.001 h–1), the BTC resembles that for a nonreactive solute due to limited contact time for solute retention by the soil
matrix under the prevailing water-flow velocity conditions. On the other
hand, large rate coefficients are indications of fast or instantaneous retention reactions. Specifically, rapid reactions indicate that the retention process is less kinetic and approaches equilibrium conditions in a relatively
short contact time.

98

Transport & Fate of Chemicals in Soils: Principles & Applications

b

ks

FIGURE 3.21
Breakthrough curves for several values of the rate coefficient k 5, where b = 1. (From Selim and
Amacher, 1997. With permission.)

In the BTCs shown in Figure 3.19, the irreversible retention mechanism for
solute removal via the sink term was ignored (i.e., Q = 0). The influence of the
irreversible kinetic reaction is straightforward, as shown in Figures 3.20 and
3.21. This is manifested by the lowering of the solute concentration for the
overall BTC for increasing values of ks. Since a first-order irreversible reaction
was assumed for the sink term, the amount of irreversibly retained solute
and thus lowering of the BTC is proportional to the solution concentration.
The primary difference between the BTCs shown in Figures 3.20 and 3.21 is
due to the value of the nonlinear parameter b associated with the Freundlich
equilibrium retention mechanism. In Figure 3.20, b = 1, whereas b = 0.5 for the
simulations shown in Figure 3.21. All other parameters remained invariant
(k1 = 0.001, k2 = 0.01 h–1, and Kf = 1 cm3/g).
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4
Effect of Scale
The convection-dispersion equation (CDE) is often used to describe solute
transport in geologic systems under saturated and unsaturated conditions.
Dispersivity, one of the parameters of the CDE, is a measure of the dispersive properties of a geologic system. Traditionally, it has been considered as
a characteristic single-valued parameter for an entire medium (Pickens and
Grisak, 1981b). However, a number of studies have shown that a constant
dispersivity is not always adaquate, and a dispersivity that is dependent on
the mean travel distance and/or scale of the geologic system is often needed
(Fried, 1972; Sudicky and Cherry, 1979; Pickens and Grisak, 1981a; Gelhar,
Welty, and Rehfeldt, 1992; Khan and Jury, 1990).
The dependence of dispersivity on the mean travel distance and/or scale
of the geologic system is referred to as the “scale effects.” Pickens and Grisak
(1981a) provided a detailed review of the scale effects in field dispersion
investigations. They summarized results from several computer simulations and laboratory and field transport studies. They found that dispersivities obtained from computer modeling studies of contamination zones
ranged from 12 to 61 m and tend to increase with the scale of the contamination zone (Table 1 in Pickens and Grisak, 1981a). In contrast, dispersivities
obtained from the analysis of laboratory breakthrough curve (BTC) data on
repacked materials were of the order of 0.01 to 1.0 cm, and those obtained
from analysis of various types of field tracer tests ranged between 0.012 and
15.2 m (Table 2 in Pickens and Grisak, 1981a). Gelhar, Welty, and Rehfeldt
(1992) provided a critical review of some 104 dispersivity values determined
from 59 different sites. The longitudinal dispersivities ranged from 10 –2 to
104 m for scales ranging from 10 –1 to 105 m. Although fairly scattered, the
data indicated a trend of increase in the longitudinal dispersivity with
observation scale.
Case studies conducted by Peaudecerf and Sauty (1978) showed that the
dispersivity changes with distance. From a field transport experiment,
Sudicky and Cherry (1979) found that dispersivity values for chloride based
on analytical solutions increased with mean travel distance in the groundwater flow domain. Fried (1972) reported longitudinal dispersivities from
several sites. He reported several values ranging from 0.1 to 0.6 m for the
local (aquifer stratum) scale, 5 to 11 m for the global (aquifer thickness) scale,
and 12.2 m for the regional (several kilometers) scale (cited in Pickens and
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Grisak, 1981a). Later, Fried (1975) defined several scales in terms of the “mean
travel distance” of a tracer or contaminant. These scales are:
•
•
•
•

Local scale, ranging between 2 and 4 m
Global scale 1, ranging between 4 and 20 m
Global scale 2, ranging between 20 and 100 m
Regional scale, larger than 100 m (usually several kilometers)

Interestingly, some field as well as laboratory studies questioned whether
the “scale effect” exists. For example, Taylor and Howard (1987) concluded
based on their study in a sandy aquifer that a distance-dependent dispersivity was not observed. Based on column experiments, Khan and Jury (1990)
found that the dispersivity increased with increasing column length for
undisturbed soil columns but was not dependent on length for repacked columns. Based on these studies one may conclude that scale effects may exist
for some systems but not for others.

4.1 Definition of Scale Effects
Based on the above discussion, it is conceivable that the so-called scale effect
has two meanings: one refers to the dispersivity (α) as a function of mean
travel distance (x ) of a tracer; the other is a function of distance (x) from the
source of a tracer solute. When plotted against a test scale, with scale being
either mean travel distance or distance from a source, α increases with x
or x or both. Specifically, the relation between α and mean travel distance
x is obtained by fitting solute concentration profiles at different times with
appropriate analytical or numerical solution of the CDE. Conversely, the relation between α and distance x is obtained from column studies by fitting
breakthrough curves sampled at different distances or depths x. Therefore, it
appears that the concept of scale effect is not well defined. If a clear definition
of the concept of scale effect is not realized, one expects to encounter misunderstanding and misinterpretation of results. For example, one recognizes
that, in a geologic system, if α increases with x, then there exists a scale effect
for such a system. Likewise, if α increases with distance x from source, we
also recognize that there exists a scale effect. On the other hand, if we only
know that a scale effect exists for a geological formation, we cannot distinguish beforehand whether α increases with mean travel distance x or with
distance from source x. This situation is awkward, and the ambiguous meaning of the scale effects makes it difficult to implement. Suppose that we have
sufficient data such that we can examine the relationship between α and x as
well as that between α and x for the same geologic system. If it happens that
α increases with x but not with distance x or α increases with distance x but
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not with mean travel distance x, can one conclude that the system has a scale
effect? Or, can one ignore that the system has a scale effect because α does
not increase with distance from source x? We are not able to answer these
questions because there is no unique concept of the scale effects.
4.1.1 Mean Travel Distance and Distance from Source
The above-mentioned confusion stems from the ambiguous meaning of the
term “scale.” When one refers to scale, one generally means the space scale
such as the length of a soil column, the dimension (length and width) of an
aquifer in a field transport experiment, or the area of the aquifer covered by
a monitoring instrument. It should be pointed out that scale is a physically
measurable quantitative property. In other words, a scale is a characteristic index associated with transport processes. For laboratory experiments, a
scale could be the length of the soil column used. For field transport experiments, the potential scale could thus be infinite. Analogous to laboratory
experiments, under certain circumstances, the distance between an observation well and an injection well could also be taken as a scale. In general,
a space coordinate could be treated as a scale as long as the origin is set at
the inlet of the soil column or the injection well. Obviously, scale is associated with distance from a source or a space coordinate and has nothing to
do with time. In other words, scale should depend only on distance but not
on time. Therefore, it is not appropriate to define scale in terms of x. Mean
travel distance x is actually not a distance from source or a space coordinate
in the physical sense. On the contrary, x is a function of time or an expression for time. If x is taken as a scale, we encounter incorrectly the situation
that scale varies with time. Like a space coordinate, scale is an independent
variable and should not depend on any other variables. In laboratory experiments, this concept is straightforward and easily understood because a soil
column length is the obvious parameter that can be associated with scale.
However, in field experiments, we have difficulties in using this concept.
In fact, several researchers use the mean travel distance x as a scale indiscriminately. Mean travel distance is theoretically where the solute front is at
a certain time t. If one considers x as a scale, it turns out that the scale for
a field experiment does not exist prior to the application of a solute pulse.
Besides, because of the linear increase of x with time, scale is also a linear
function of time in this case. These two deductions definitely do not sound
correct. As mentioned above, scale is a characteristic parameter for a field site
and is determined for a given system, for example, an experimental setup,
regardless whether a transport experiment is actually conducted or when a
transport experiment is initiated. If we have observation wells at different
distances from an injection well, potentially we can say that this experiment
is monitored at different scales. If the scale is defined based on x, one is
unable to predetermine the scale without prior knowledge of the schedule of
the experimental sampling scheme. What x tells us is how far a solute front
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advances after release. So the validity of determining a scale based solely on
x is questionable.
The term scale is frequently misrepresented because it often refers to the
mean travel distance as well as the distance from the source. However, this is
somewhat misleading and causes confusion. One source of confusion is that
both x and x are used interchangeably. In other words, x can be replaced by
x and vise versa. This type of interchange occurs quite often in the literature.
For example, Equation [16] in Wheatcraft and Tyler (1988) is a relationship
between α and x. However, when this relationship was cited by Su (1995), it
is converted to a relationship between α and x (see also Yates, 1990, 1992). We
recognize that a relationship between dispersivity α and the space coordinate
x may exist. However, we want to emphasize here that one cannot derive a
relationship between α and x on the basis of a relationship between α and x.
Another example of confusion is the reconstruction of the variance of travel
distance σ 2x based on dispersivity α at a distance x rather than x. Pickens and
Grisak (1981b) reconstructed the variance-mean travel distance relationship
based on dispersivity values measured at different distances by Peaudecerf
and Sauty (1978). Sudicky and Cherry (1979) plotted reconstructed variances
based on dispersivity from BTCs at different distances and those estimated
from snapshots at different times in one graph to discuss the scale effects.
The reconstruction of variance can be described as follows. Based on the
assumption of homogeneous media, the variance of travel distance increases
linearly with time such that
σ 2x = 2 Dt

(4.1)

where D is the dispersion coefficient. D can be expressed as:
D = αv

(4.2)

where v is the pore water velocity. We thus have
σ 2x = 2αx

(4.3)

The relationship given by Equation 4.3 is often used to estimate α given
both x and σ 2x . However, we found that this relationship is also employed
to reconstruct σ 2x (Pickens and Grisak, 1981b; Sudicky and Cherry, 1979).
A dispersivity α measured at distance x is substituted into Equation (4.3).
Therefore, the actual equation implemented reads:
σ 2x = 2αx

(4.4)

Thus, implicitly, an interchange from x to x is carried out. It should be
pointed out that σ 2x is related only to x and not x. In other words, for a given
time t or mean travel distance x, one can compute σ 2x given α is known.
However, no variance of travel distance σ 2x exists for a given distance x. The
reason is that one needs a set or a collection of points to estimate a variance.
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On the contrary, a variance of travel time ( σ t2 ) exists with respect to a distance x. For example, one can estimate σ t2 from a BTC as follows:
∞

σ t2 =

∫ 0 (t − t )2 c(t)dt
∞
∫ 0 c(t)dt

where c ( t ) is the solute concentration change over time at a fixed distance x
(BTC), and t is the mean travel time and can be estimated as follows:
∞

t =

∫ 0 tc(t)dt
∞
∫ 0 c(t)dt

Therefore, σ 2x is associated with time (t) or mean travel distance (x), whereas
the variance of travel time σ t2 is associated with distance (x).
A linear relationship between σ 2x and t or x implies that a constant α for
all times up to the maximum time under consideration could be estimated
based on experimentally measured solute concentration profiles. Such an
estimate of α applies to all distances from the source. Conversely, a dispersivity α estimated at a certain distance based on BTCs means a constant dispersivity is needed to described these BTCs at that specific distance for all
times under consideration. If one should express the estimated dispersivity
from a BTC at a certain distance in the variance-time (mean travel distance)
format, it should be a straight line with a slope of 2α. Using Equation (4.3) to
reconstruct σ 2x simply means that the obtained dispersivity α only applies
to that specific x or time t. Therefore, to reconstruct variance based on α
and distance x at which the dispersivity is estimated violates the assumption
based on which the dispersivity is obtained. Clearly the examples of confusion described above stem from the ambiguous definition of scale.
Dispersivities measured at different distances from a given source are often
compared with dispersivities measured at different x or time t (Pickens and
Grisak, 1981a; Arya et al., 1988; Gelhar, Welty, and Rehfeldt, 1992; Neuman,
1990). In addition, variation in dispersivities is almost always attributed to
the scale under which it is estimated. The heterogeneity or type of formation of the geological systems is often ignored. The other problem is that the
integrity of transport processes is often ignored when a regression model is
applied to dispersivities estimated based on different transport processes
and from different media.
Dispersivity has been estimated in both laboratory and field studies because
of its importance to the governing CDE. A comparison is often made among
measured dispersivity values for different scales to support the finding that
dispersivity is scale dependent. No matter whether the dispersivities were
estimated for a distance from a source or for a certain time in terms of mean
travel distance, they were compared in terms of a quantitative index: scale
(Gelhar, Welty, and Rehfeldt, 1992; Neuman, 1990). As discussed above, the
definition of the term scale is not clear. Therefore, whether this comparison is
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reasonable remains open. Although both distance from a source x and mean
travel distance x share a common dimension of length, these two terms are
quite different according to their physical meanings. Conceptually, dispersivities obtained under different mean travel distance and different distance
are not comparable in terms of length scale, which is the quantitative value
of either x or x. The reason is that the underlying assumptions for the estimation of dispersivity with respect to distance and those with respect to mean
travel distance are actually exclusive to each other as discussed above.
When comparisons among dispersivities are made, values corresponding
to different scales are often from different media, that is, porous media and
fractures, instead of the same medium. This is understandable because of
difficulties in obtaining dispersivity information from the same medium
with scales varying from tens of centimeters to hundreds of meters. Beyond
the comparison of dispersivity is the regression of dispersivity versus scale.
Based on dispersivity data available in the literature, several studies have
been conducted to develop a functional relationship between dispersivity
values and associated scale based on regression analysis (Arya et al., 1988;
Neuman, 1990; Xu and Eckstein, 1995). Furthermore, a universal dispersivity value for a specific scale is determined based on the function obtained.
Mathematically, this kind of regression analysis is feasible. However, rigorous theoretical development is needed in support of the regression analysis.
Currently, several models are available to describe the relationship between
α and x. For example, Zhou and Selim (2002) developed a model to describe
time-dependent dispersivity. In addition, others developed stochastic models
that describe dispersivity-mean travel distance based on heterogeneity of the
hydraulic conductivity in porous media (Neuman and Zhang, 1990; Zhang
and Neuman, 1990). These models are commonly used to support regression
of measured α versus different scales representing several distances and
mean travel distances over different sites (Neuman, 1990; Wheatcraft and
Tyler, 1988). To justify the regression of data from different sites, however, a
separate theory must be developed. In fact, both fractal and stochastic models describe an instantaneous relationship between dispersivity and time or
mean travel distance. Dispersivity takes a distinct value for a specific time.
The measured α available in the literature, however, is an apparent or average α over the period up to the time at which the dispersivity is estimated.
Thus, the estimated dispersivity under such condition is not actually applicable to the models discussed above.
Discrepancies regarding use of the terms scale and scale effects are mainly
caused by the ambiguous definition of the term scale. In fact, we are dealing
with four types of relations between dispersivity and time and/or distance
rather than one universal dispersivity-scale relationship.
1. The first is a time-averaged dispersivity versus time (or mean travel
distance). Here apparent dispersivity is estimated at different discrete times or mean travel distances. When plotted, dispersivities
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may increase with time as reported by several studies (Freyberg,
1986; Sudicky, Cherry, and Frind, 1983). Though dispersivity is estimated according to a snapshot at a certain time t, such α represents
an average value for the time period up to the time t.
2. The second is a time-dependent dispersivity as described by fractal
and stochastic models (Zhou and Selim, 2002; Neuman, 1990; Arya,
1988). This relationship reveals that α is a continuous function of
time. For each time t, one has an instantaneous value of α for that
specific time.
3. The third is α as a continuous function with distance from source.
This type of relationship is not actually observed experimentally or
developed theoretically. Rather it is derived by replacing the mean
travel distance x with x distance from source in the second case (Su,
1995; Yates, 1990, 1992). Removal of the bar from mean travel distance
(x) changes the relationship to a dispersivity-distance relationship.
One may argue that the first type of relationship is a description of
dispersivity versus scale and this derived relationship should hold
in terms of scale (distance from source is also a scale). As discussed
above, the distance from the source and mean travel distance are
not interchangeable. If dispersivity can vary with distance from the
source according to such a trend, theoretical support is needed to
support such an expression.
4. The fourth type of dispersivity versus scale is a distance-averaged
α versus the length scale in consideration (Zhang, Huang, and
Xiang, 1994; Butters and Jury, 1989; Burns, 1996; Khan and Jury,
1990; Pang and Close, 1999). In this case, dispersivity for different column lengths or distances between observation wells and
an injection well is obtained through fitting of observed BTCs. In
some cases, dispersivity values were found to increase with the
length scale under consideration, that is, the column length or the
distance between the observation and injection wells. What such
a relationship means is that a constant dispersivity for the whole
column is needed to predict the breakthrough process. However,
for each column length, a different (constant) dispersivity must be
used. Thus, one cannot conclude from this observation that dispersivity is distance dependent. Actually, in the fourth case, for each
individual length, the basic assumption is that the dispersivity is
constant along the whole column up to the length considered. The
dispersivity value could thus be considered as an average or apparent value.
Rather than one so-called generic dispersivity-scale relationship, we
emphasize here four distinct dispersivity-time or dispersivity-distance relationships. Among these four relationships, only the fourth could possibly be
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characterized by the so-called dispersivity-scale relationship if one defines
scale as length of column or distance from source.

4.2 Case Studies
As pointed out earlier, distance-dependent dispersivity has been used rather
than time-dependent dispersivity in terms of dispersivity-mean travel distance relationship. In the previous section, we emphasized the differences
between mean travel distance x and distance from source x. Such differences
have been often ignored. Given an expression for dispersivity-mean travel
distance, for example, α = 0.1x , we investigated the effect on BTCs and solute concentration profiles if the bar from x is removed and thus yields a dispersivity-distance relationship, that is, α = 0.1x. We used the finite-difference
approach to solve the CDE with a time-dependent (in terms of x) or distancedependent dispersivity. We focused on the differences in BTCs and concentration profiles resulting from different dispersivity models. We also propose
a procedure for obtaining a distance-dependent dispersivity model.
To compare the differences in transport processes in media with timedependent dispersivity and distance-dependent dispersivity, we have to
solve the CDE with time-dependent dispersivity or distance-dependent dispersivity. An analytical solution is available for several dispersivity-distance
models. Yates (1990) suggested an analytical solution for one-dimensional
transport in heterogeneous porous media with a linear distance-dependent
dispersion function. Su (1995) developed a similar solution for media with
a linearly distance-dependent dispersivity. Yates (1992) gave an analytical
solution for one-dimensional transport in porous media with an exponential dispersion function. Logan (1996) extended the work of Yates (1990, 1992)
and developed an analytical solution for transport in porous media with an
exponential dispersion function and decay. Transport in porous media with
time-dependent dispersion function has been studied (Zou, Xia, and Koussi,
1996). Generally, dispersivity is expressed directly as a function of time t
instead of mean travel distance x. As far as we know, analytical solutions
for transport in porous media with time-dependent dispersion function in
terms of x are not available. Although analytical solutions for some cases are
available, they were not often used because they are difficult to use. Besides,
numerical evaluation is often necessary to compute the analytical solution.
In this investigation, we solved the CDE with time-dependent dispersivity
or distance-dependent dispersivity using numerical methods. As an illustration, we chose the linear or power law form as a model for time-dependent
dispersivity. The advantage of using a power law model lies in that it will
either recover a linear model or reduce to a constant (homogeneous case) if
we set the exponent term to proper values.
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4.2.1 Generalized Equations and Simulations
4.2.1.1 CDE with a Linearly Time-Dependent Dispersivity
For a linearly time-dependent dispersivity in terms of mean travel distance
x, a representative model can be expressed as (Pickens and Grisak, 1981b):
α( x ) = a1x

(4.5)

where a1 is a dimensionless constant. Physically, a1 is the slope of dispersivitymean travel distance line. If we ignore molecular diffusion, the dispersion
coefficient can be written as:
D(t) = α( x )v = a1xv = a1v 2t

(4.6)

where v is mean pore water velocity. Accordingly, the governing equation
in a heterogeneous system with a time-dependent dispersion coefficient is
given by:
∂c
∂ 
∂c 
∂c
=
 D(t)  − v
∂t ∂ x 
∂x
∂x

(4.7)

Clearly, the dispersion coefficient as determined by Equation (4.6) is constant for the entire domain at any fixed time. Therefore, the governing equation can be rewritten as:
∂c
∂2 c
∂c
= a1v 2t 2 − v
∂t
∂x
∂x

(4.8)

In addition, the appropriate initial and boundary conditions for a finitely
long soil column can be expressed as:
c( x , t) = 0, t = 0
vc( x , t) = vc0 − a1v 2t
vc( x , t) = − a1v 2t

(4.9)

∂c
, x = 0, 0 < t ≤ T
∂x

(4.10)

∂c
, x = 0, t > T
∂x

(4.11)

∂c
=0
∂x x = L

(4.12)

where L is the length of the soil column, T is the input pulse duration, and
c 0 is the solute concentration in the input pulse. The governing equation
(4.8) subject to initial and boundary conditions (Equations 4.9 through
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4.12) can be solved using finite-difference methods. The detailed finitedifference scheme is shown in Appendix 4A. The resulting tri-diagonal
linear equation system was solved using the Thomas algorithm (Press
et al., 1992).
4.2.1.2 CDE with a Linearly Distance-Dependent Dispersivity
By the removal of the bar from the mean travel distance (x) in the dispersivitymean travel distance relationship, we change the mean travel distance to
a distance from source (x) and obtain a distance-dependent dispersivity as
given by
α ( x ) = a2 x

(4.13)

where now a2 is a constant as a1 is in Equation 4.5. If we also ignore molecular diffusion, the dispersion coefficient becomes a function of distance from
source and is thus given by
D( x) = α( x)v = a2 xv

(4.14)

Therefore, transport for a tracer solute or nonreactive chemical in a onedimensional heterogeneous soil system with distance-dependent dispersion
coefficient, under steady-state water flow, is governed by the following equation:
∂c
∂ 
∂c 
∂c
=
 D ( x )  − v
∂t ∂ x
∂x
∂x

(4.15)

Substituting Equation 4.14 into the above governing equation and expanding gives:
∂c
∂2 c
∂c
= a2 vx 2 − (1 − a2 )v
∂t
∂x
∂x

(4.16)

The corresponding initial and boundary conditions for a finite soil column
can be expressed as:
c( x , t) = 0, t = 0

(4.17)

c( x , t) = c0 , x = 0, 0 < t ≤ T

(4.18)

c( x , t) = 0, x = 0, t > T

(4.19)

∂c
=0
∂x x = L

(4.20)
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where L, T, and c0 are the same as in Equations 4.10 through 4.12. The thirdtype boundary condition is applied to the upper boundary. However, because
the dispersion coefficient vanishes at x = 0, the third-type boundary condition formally reduces to the first-type boundary condition. The governing
equation (4.16) subject to initial and boundary conditions (Equations 4.17
through 4.20) were solved numerically (see Appendix 4B for the detailed
finite-difference scheme).
4.2.1.3 CDE with a Nonlinearly Time-Dependent Dispersivity
Zhou and Selim (2002) developed a fractal model to describe a time-dependent dispersivity in terms of mean travel distance x. The fractal model reads:
α ( x ) = a3 x

D fr −1

(4.21)
2− D

where now a3 is a constant with dimension L fr , and Dfr is the fractal
dimension of the tortuous stream tubes in the media. Dfr varies from 1 to 2.
If D fr = 1, we recover the time-invariant constant dispersivity. Similarly, if
D fr = 2 , Equation 4.21 reduces to Equation 4.5. Again, we assume molecular
diffusion can be ignored and dispersion coefficient for a nonlinear dispersion function is given by
D(t) = α( x )v = a3 x

D fr −1

v = a3 v

D fr D fr −1

t

(4.22)

Substituting Equation 4.22 into Equation 4.7 and rearranging yields the
following governing equation:
2
∂c
∂c
D D −1 ∂ c
= −v
+ a3 v fr t fr
∂t
∂x
∂x2

(4.23)

Equation 4.8 is recovered if we let D fr = 2 in the above equation. The upper
boundary conditions are
vc( x , t) = vc0 − a3 v

vc( x , t) = − a3 v

D fr D fr −1

t

D fr D fr −1

t

∂c
, x = 0, 0 < t ≤ T
∂x

(4.24)

∂c
, x = 0, t > T
∂x

(4.25)

The remaining initial and lower boundary conditions are the same as those
for linear dispersivity model (Equations 4.9 and 4.12). The above system was
also solved using the finite-difference method (see Appendix 4C).
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4.2.1.4 CDE with a Nonlinearly Distance-Dependent Dispersivity
If we remove the bar from x in Equation 4.21, we obtain the following nonlinearly distance-dependent dispersivity:
α( x ) = a 4 x

D fr −1

(4.26)
2− D fr

where now a4 is a constant with dimension L
dispersion coefficient D is given by:
D( x) = α( x)v = a4 x

D fr −1

. Under this condition, the

v

(4.27)

Accordingly, the governing equation now reads:
2
∂c
∂c
D −1 ∂ c
D −1
= a4 vx fr
− 1 − a4 (D fr − 1)x fr  v
∂t
∂x2 
∂x

(4.28)

Equation 4.28 subject to initial and boundary conditions (Equations 4.17
through 4.20) was solved with the finite-difference method (see Appendix 4D).
4.2.1.5 Comparison of Models and Simulations
For the CDE with a time-dependent dispersivity, the magnitude of the dispersivity α increases with mean travel distance or time. Under this situation, the
dispersivity value remains constant over the entire spatial domain. In other
words, the entire medium is treated as a homogeneous system with a fixed constant dispersivity value for each specific time. On the contrary, if one removes
the bar from the mean travel distance in the dispersivity-mean travel distance
relationship, the dispersive property of the medium is completely altered. As
a result, dispersivity becomes a function of distance from source instead of
mean travel distance or time. Under such conditions, the dispersivity is held
constant over the time being considered for any location but increases with
distance from the source where the solute is released. Therefore, the resulting parameter fields and thus the governing equations are quite different and
depend on whether the bar in mean travel distance is removed. An extra term
occurs for the distance-dependent dispersivity models in the governing equation to account for the dependency of dispersivity on distance.
Differences in the governing equations inevitably induce the differences
in the numerical scheme (finite difference equations, see the Appendices
for details). The dependence of dispersivity on time or distance is carried
over to the finite-difference approximations. Corresponding to time dependence, index j, which indicates time domain discretization, occurs in the
finite-difference approximation for the governing equation with dispersivity as a function of mean travel distance. Accordingly, index i appears for
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a distance-dependent dispersivity. Comparison between the finite-difference equations only is not enough to confirm the difference between the
two processes described by these two different governing equations. One
needs to show differences in BTCs as well as solute distribution along spatial
coordinate or flow direction to achieve a generalized conclusion. For comparison, both governing equations subject to the same initial and boundary
conditions were considered here. Because of the complexity of the difference
equations, it is difficult to assess convergence conditions. The time and space
increments were based on the governing equation with a constant dispersivity, which in our case equals the coefficient a in the dispersivity function. The
assessment of the convergence of numerical approximation was achieved
through mass balance calculations as well as the magnitude and oscillation
of the resulting numerical solutions for solute concentration.
The parameters used for our simulations are given in Table 4.1. Similar
parameter values were selected for both cases. The only difference lies in
that the variable mean travel distance for the time-dependent dispersivity
is replaced with distance from source to generate the distance-dependent
dispersivity. Two different column lengths were considered. One is 50 cm in
length, the other 100 cm. A longer pulse length is used for the 100-cm column to obtain comparable BTCs. BTCs as well as distribution profiles were
compared for a solute tracer under different scenarios.
Simulated BTCs with linearly time-dependent and distance-dependent α
are shown in Figure 4.1 for 50- and 100-cm soil columns. The BTCs from
either time-dependent or distance-dependent α appear somewhat similar.
Nevertheless, several distinct features are apparent. Based on our simulations, the column length showed modest influence in the relative relationship between BTCs of the media with a time-dependent dispersivity and
those with a distance-dependent dispersivity. For both long and short columns, distance-dependent dispersivity resulted in earlier arrival of the BTC
than the time-dependent counterpart. Both BTCs exhibited similar leading
TABLE 4.1
Parameters Used for Simulations of Time-Dependent and Distance-Dependent
Dispersivities (α)
Parameter
Moisture content (cm3/cm3)
Column length (cm) (short/long)
Water flux rate (cm/h)
Initial concentration (mg/L)
Concentration in input pulse (mg/L)
Pulse duration (hour) (L = 50 cm/100 cm)
Dispersivity α (cm)

Time-Dependent
Dispersivity

Distance-Dependent
Dispersivity

0.40
50.0/100.0
5.0
0.0
10.0
2.0/16.0

0.40
50.0/100.0
5.0
0.0
10.0
2.0/16.0

0.5 x

0.5 x
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Pore Volume
(b)
FIGURE 4.1
Comparison of simulated breakthrough curves based on time-dependent (Equation 4.8) and
distance-dependent (Equaton 4.16) dispersivity for 50 cm (top) and 100 cm (bottom) columns.

edge, however. BTCs for the distance-dependent cases showed higher peak
concentrations than those for the time-dependent cases. In general, timedependent α resulted in enhanced tailing compared with distance-dependent
counterparts.
Snapshots for solute distributions at different times for the 100-cm column with linear time-dependent or distance-dependent α are shown in
Figure 4.2. Because the dispersion coefficient vanishes at the inlet (x = 0) for
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FIGURE 4.2
Comparison of simulated solute concentration profiles of a pulse tracer based on time-dependent (Equation 4.8) and distance-dependent (Equation 4.16) dispersivity after 2, 10, and 20
hours of transport. Column length L = 100 cm and pulse duration = 16 h.
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the distance-dependent α, the concentration at the inlet is always at c0 for
all times during pulse application (16 h). At early times, solute distribution
profiles appear similar for both types of α models. However, the two snapshots separated gradually over time. Generally, solute concentration profiles
exhibited a rapid decrease or sharp fronts when distance-dependent α was
used. In other words, distance-dependent α resulted in a steeper solute concentration profile than time-dependent α. At later times, the solute fronts
advanced further in the porous media when distance-dependent α was used.
Our results clearly demonstrate the differences between transport processes
in a medium with time-dependent and that with distance-dependent α.

4.3 Effects of Nonlinearity of the Dispersivity Model
The nonlinear dispersivity models (Equations 4.21 through 4.28) provide an
opportunity to investigate the effects of fractal dimension on solute BTCs.
For computational convenience, only 10-cm-long soil columns were considered in this section (Table 4.2). For time-dependent dispersivity, the BTCs for
different fractal dimension Dfr are compared in Figure 4.3. From this figure,
we can see that the fractal dimension has significant influences on the overall
shape of the BTCs. As Dfr increases, the initial arrival time becomes shorter
with lower peak concentrations. Moreover, the BTCs exhibited enhanced
tailing or increased spreading as Dfr value approached 2.0.
Comparison of BTCs for distance-dependent α having different exponent
values is shown in Figure 4.4. For distance-dependent dispersivity, higher
values of Dfr resulted in earlier arrival of BTC, a lower peak concentration,
and an enhanced tailing in the BTCs. However, our simulations clearly show
that the differences among BTCs for different Dfr shown in Figure 4.4 are
TABLE 4.2
Parameters Used in Simulation to Examine the Effect of Exponents in the
Dispersivity Expressions of Equations 4.21 and 4.26
Parameter

Time-Dependent α

Distance-Dependent α

0.40
10.0
5.0
0.0
10.0

0.40
10.0
5.0
0.0
10.0

Moisture content (cm /cm )
Column length (cm)
Water flux rate (cm/h)
Initial concentration (mg/L)
Concentration in input
pulse (mg/L)
Pulse duration (h)
3

Dispersivity α (cm)

3

2.0
0.5 x

D fr − 1

, Dfr = 1.25, 1.50, 1.75, 2.0 0.5 x

2.0
D fr − 1

, Dfr = 1.25, 1.50, 1.75, 2.0
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FIGURE 4.3
Comparison of simulated breakthrough curves based on time-dependent dispersivity
(Equation 4.23) with different fractal dimensions Dfr.

relatively small compared with the time-dependent counterpart shown in
Figure 4.3.
4.3.1 Transfer Function Models
The CDE is the most commonly used model to describe solute movement through soils where perfect lateral mixing is assumed. Thus, the
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FIGURE 4.4
Comparison of simulated breakthrough curves based on distance-dependent dispersivity
(Equation 28) with different exponents Dfr.
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CDE predicts a linear increase of travel time variance with distance. With
an approach similar to that used by Mercado (1967), Jury and Roth (1990)
developed a stochastic-convective model. The stochastic-convective process assumes that the solute moves at different velocities in isolated stream
tubes without lateral mixing. Use of log normal distribution of travel time
results in a convective log normal transfer function model (CLT). The CLT
model describes solute transport characterized by a quadratic increase in the
travel time variance with depth. However, the travel time variance is often
reported to increase nonlinearly with distance because of heterogeneity of
the media (Zhang, Huang, and Xiang, 1994). To account for the nonlinearity in the relationship between travel time variance and distance or depth,
Liu and Dane (1996) proposed an extended transfer function model (ETFM).
They introduced an additional parameter to represent the degree of lateral
solute mixing. The ETFM can be considered as a transition between the CDE
and the CLT. Zhang (2000) also proposed an extended convective log normal
transfer function model (ECLT). Meanwhile, he attempted to unify all types
of transfer function model with a generalized transfer function model (GTF).
More important, Zhang (2000) showed that the distance-dependent dispersivity model could be associated with the parameters of the GTF.
The mean and variance of the travel time are two important characteristic elements in transfer function theory. A third parameter related to scale
effects is the coefficient of variation (CV) of the travel time. The squared CV
at depth z is given by:
CV (t , z)2 =

Var(t , z)
E(t , z)2

(4.29)

where Var(t,z) and E(t,z) are the variance and mean of the travel time at depth
z. For the CDE, the means, variances, and CVs of the travel time at depth z
and l are related by:
E(t , z) z Var(t , z) z CV (t , z)2 l
=
=
=
E(t , l) l Var(t , l) l CV (t , l)2 z

(4.30)

For the CLT, similar relationships can be established as:
2

E(t , z) z Var(t , z)  z  CV (t , z)2
=
= 
=1
E(t , l) l Var(t , l)  l  CV (t , l)2

(4.31)

For the ECLT (Zhang, 2000), the relationships are
λ

E(t , z)  z  Var(t , z)  z 
= 
= 
E(t , l)  l  Var(t , l)  l 

2λ

CV (t , z)2
=1
CV (t , l)2

(4.32)
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The exponent λ is introduced by Zhang (2000) to describe transport processes in which the travel time of solute may increase with depth nonlinearly. For the ETFM by Liu and Dane (1996), the relationships are
E(t , z) z Var(t , z)  z 
=
= 
E(t , l) l Var(t , l)  l 

2a

CV (t , z)2  l 
= 
CV (t , l)2  z 

2(1− a )

(4.33)

The value of parameter a in the above equation lies in the range between
0.5 and 1 ( 0.5 ≤ a ≤ 1). Based on the observation of the above relationships
for different transfer function models, Zhang (2000) proposed a generalized
relationship of means, variances, and CVs of the travel time at depth z and l
for a GTF:
E(t , z)  z 
= 
E(t , l)  l 

λ1

Var(t , z)  z 
= 
Var(t , l)  l 

λ2

CV (t , z)2  l 
= 
CV (t , l)2  z 

2( λ 1 −λ 2 )

(4.34)

where λ1 and λ2 are parameters of the time moments.
The dispersivity can be estimated based on the CV at depth z and is given by:
α=

z
CV(t , z)2
2

(4.35)

Substituting the CV for the GTF (Equation 4.34) into the above equation gives:
α ∝ z1+2( λ 2 −λ1 )

(4.36)

If the two parameters λ1 and λ2 in Equation 4.36 satisfy λ 2 − λ 1 = −0.5,
dispersivity is constant with the distance (CDE). Otherwise, Equation 4.36
describes a distance-dependent dispersivity.
4.3.2 Fractional CDE in Porous Media
An alternative to the scale approach discussed above is that of the fractional
convection-dispersion equation (FCDE) to describe anomalous transport
phenomena in aquifers (Benson et al. 2000a). Cushman and Ginn (2000)
showed that the FCDE is a special case of the convolution-Fickian nonlocal advection-dispersion equation (ADE) proposed earlier by Cushman and
Ginn (1993).
The one-dimensional symmetrical FCDE reads:
∂c
∂c 1  ∂α c
∂α c 
= −v
+ D α +
∂t
∂x 2  ∂x
∂(− x)α 

(4.37)
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where D is the fractional dispersion coefficient (LaT–1) and the superscript
a is the order of fractional differentiation, 0 < α ≤ 2 . It is worth noting
that the classic CDE is recovered when the fractional order of FCDE is set
to 2. Fractional derivatives are integro-differential operators defined as
(Podlubny, 1999):
 ∂k 
∂α c
1
α =
∂x
Γ( k − α)  ∂ x k 

∫

∂α c
(−1)k  ∂ k 
=
∂(− x)α Γ( k − α)  ∂ x k 

x

−∞

∫

( x − ξ)k −α−1 c(ξ , t)dξ

∞

x

(ξ − x)k −α−1 c(ξ , t)dξ

(4.38)

(4.39)

where α > 0 , Γ is the gamma function, and k is the smallest integer number larger than α. If the value of α is a whole number, fractional derivatives
reduce to ordinary derivatives. Some properties of fractional derivative are
given in the appendix of Benson et al. (2000a).
Benson et al. (2000b) applied the FCDE to two cases: a laboratory sandbox
transport experiment and the Cape Cod field-scale transport experiment. The
fractional order for the laboratory data was found to be 1.55, whereas the Cape
Cod bromide plumes could be modeled using an FCDE with an order of 1.65
to 1.8. Pachepsky, Benson, and Rawls (2000) simulated scale-dependent solute
transport in soils using the. They also presented a comparison between the
FCDE and ADE based on statistical analysis. They found that the FCDE could
describe transport processes of a solute tracer better. Benson et al. (2000b)
also provided a method to estimate the fractional order a and the fractional
dispersion coefficient D separately. However, in our opinion, a simultaneous estimation of both α and D is more appropriate. Specific reasons will be
discussed later in this chapter. Benson et al. (2000b) estimated the fractional
order based on the relationship between measured apparent dispersivity and
distance from the sandbox experiment. Pachepsky, Benson, and Rawls (2000)
justified the application of the FCDE based on the scale-dependent transport
phenomenon. Zhou and Selim (2003) argued that the order of FCDE α cannot
be associated with scale-dependent transport directly. In fact, the relationship between α and scale-dependent dispersivity is not theoretically supported and application of the FCDE needs to be justified.
4.3.3 Comparison between CDE and FCDE
As indicated above, the classical ADE predicts a linear increase of the variance of travel distance with time or mean travel distance, whereas the FCDE
predicts a nonlinear increase of the variance of travel distance. Therefore,
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comparing linear models of variance pattern with nonlinear ones is equivalent to direct comparison between ADE and FCDE. The comparison between
these two models is achieved by conducting the appropriate F-test (Green
and Caroll, 1978).
The relationship of the measured variance of travel distance to the mean
travel distance or time (i.e., σ 2x versus x or σ 2x vs t) can thus be fitted using
linear or nonlinear models through linear and nonlinear least-squares fitting techniques. Because of the simplicity of the linear least-squares method,
nonlinear models are often converted to linear format by taking logarithm
transformation. Therefore, there are three options to model the σ 2x – x or
σ 2x – t relationship:
1. Linear coordinate: the linear model (model I):
Y = A×X

(4.40)

2. Linear coordinate: the nonlinear model (model II—nonlinear leastsquares fitting):
Y = A × XB

(4.41)

3. Log-log coordinate: the nonlinear model (model III—linear leastsquares fitting):
log Y = log 10 a + b log X

(4.42)

where Y refers to the variance of travel distance σ 2x , X is the mean travel
distance x or time t, and A, B, 10a, and b are regression coefficients that can
be used to determine the transport parameters. Models II and III are equivalent. For a linear model, the regression coefficient A is twice the longitudinal
dispersivity or dispersion coefficient, depending on whether X refers to the
mean travel distance or time. For nonlinear models, the power B or b can be
used to determine the fractional order a. Model I of Equation 4.37 represents
the CDE equation where α equals 2.
Zhou and Selim (2003) carried out a comparison of the different models
in an attempt to justify use of the FCDE. Specifically, a comparison between
different models is to determine whether an FCDE is necessary and whether
the FCDE is superior to the classical CDE in description of a given data set. In
their investigation, the data from the Cape Cod site are used as an example.
We fitted the above three models with the data from Garabedian et al. (1991).
The functional relationships between σ 2x versus x as well as σ 2x versus t were
obtained.
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FIGURE 4.5
Comparison among different models: variance versus mean travel distance. Data from Cape
Cod field experiments (Garabedian et al., 1991).

If the estimated α is not significantly different from 2, it is not necessary to use a fractional order other than 2. A way to test the significance
of α is to check whether α = 2 is included in the 95% confidence interval of
the estimated α. Zhou and Selim (2003) obtained fractional order α values
based on the relationship between variance and mean travel distance of
1.82 and 1.65 for model II and model III, respectively. Both values are significantly less than 2.0. However, if we estimate the fractional order based
on the variance-time relationship, the values for α were 1.91 and 1.79 for
model II and model III, respectively. Among the two values, only the second (α = 1.79 based on model III) is significantly less than 2.0. These values
for the fractional order are almost the same as those reported in Benson et
al. (2000b). Therefore, different estimated values for a were obtained when
the same data set was fitted using the two methods, that is, direct nonlinear fitting of the original data versus linear fitting of log-transformed data
(see Figures 4.5 and 4.6).
Based on the above analysis, the use of the FCDE often needs justification
because its solution is more complex than that of the classical CDE. If the
order of an FCDE is not significantly smaller than 2 or no improvement in
describing the transport process is achieved, use of the FCDE is unjustified.
Nevertheless, the dispersivity-time or dispersivity-mean travel distance relationship is needed to estimate the fractional order α. The use of the dispersivity-distance relationship to estimate the fractional order is theoretically
unjustified and may result in unreasonable α values.
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FIGURE 4.6
Comparison among different models: variance versus time. Data from Cape Cod field experiments (Garabedian et al., 1991).

4.4 Fractals
Another alternative to describe a time-dependent dispersivity in terms of
mean travel distance x using fractal models has been proposed. Zhou and
Selim (2003) proposed a modified fractal as follows. If one assumes a Fickian
process occurs when a particle moves along the fractal tortuous streamline,
the variance of travel distance at a certain time t is given by:
σ 2x = 2α 0 x fr

(4.43)

where α 0 is a constant, time-independent true dispersivity, and x fr is the
mean path length of all possible fractal streamlines traveled by solute particles till time t. Taking expressions on both sides of Equation 4.14 and substituting it in the above equation yields:
σ 2x = 2α 0 ε 1c−DE[ x D ]

(4.44)

where E[ x D ] stands for the mean value of x D. In fact, E[ x D ] is the Dth-order
moment of the travel distance. The difficulty here lies in that D is a fractional
number rather than an integer. If we write x D as [ x − ( x − x)]D and expand it in
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terms of a power series of x D− k ( x − x)k with k = 0, 1, 2,…, then, we may reach
the following expression for σ 2x :
σ 2x =

2α 0 ε 1c−D x D
1 − D(D − 1)α 0 ε 1c−D x D−2

(4.45)

The above equation shows that the relationship between the variance of
travel distance σ 2x and the mean travel distance x is rather complex if D is
greater than 1. Approximately, σ 2x grows proportionally to x raised to the
power of D. If D reduces to 1, the above equation reduces to the nonfractal
case, that is, σ 2x grows linearly with x. On the other hand, if D is equal to 2,
Equation 4.45 becomes
σ 2x =

2α 0 x 2
ε c − 2α 0

(4.46)

Obviously, Equation 4.46 is consistent with the Mercado model (Pickens
and Grisak, 1981a). Since σ 2x is always positive, the denominator of the right
side of Equation 4.46 must be greater than zero. This restriction implies that
the fractal cutoff limit, if D = 2, must satisfy the following:
ε c > 2α 0

(4.47)

Based on fractal geometry, Equation 4.47 also casts restriction on the travel
distance x. That is, the shortest apparent straight-line travel distance must at
least have the length of the fractal cutoff limit in order to use it to represent
the actual length of stream lines with a fractal dimension other than 1. If we
assume the apparent travel distance follows a normal distribution, then the
shortest apparent straight-line travel distance can be estimated by:
xmin = x − 3σ x

(4.48)

where xmin stands for the shortest straight-line travel distance after time t
with the mean travel distance given by x. Similarly, the mean travel distance x in Equation 4.45 must be large enough so that the second term in the
denominator of the right side of the equation is less than 1. That is, to use
Equation 4.45 to show the time dependence of dispersivity, x must abide by:
x>

(2α 0 )1 (2−D)
ε(cD−1) ( 2−D)

(4.49)
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where 1 < D < 2 . The above discussion shows that only after the travel distance and mean travel distance exceed some critical lengths, could Equation
4.45 be applied to describe σ 2x .
With Equation 4.45, we can obtain the time-dependent dispersivity as follows:
αm =

α 0 ε 1c−DDx D−1 1 − 2(D − 1)α 0 ε 1c−D x D−2 
1 − D(D − 1)α 0 ε 1c−D x D−2 

2

(4.50)

Apparently, ε c and x in Equation 4.50 must satisfy Equations 4.47 and 4.48,
respectively, in order to ensure that the dispersivity is positive. It is easy
to prove that α m is a constant if D reduces to 1. On the other hand, if D = 2,
Equation 4.45 shows that α m grows linearly with x , which is consistent
with the Mercado model. Because Equation 4.45 is very complex, it is not
convenient to use, and we may find a simple approximation. Assuming D
is very close to 1, the second terms in the brackets of both the nominator
and denominator may be omitted, and the expression reduces to:
α m = α 0 ε1c−DDx D−1

(4.51)

If, on the contrary, D is very close to 2, the dispersivity can be estimated by:
αm =

α 0 ε 1c−DDx D−1
1 − D(D − 1)α 0 ε 1c−D x D−2

(4.52)

Generally speaking, if D is not very high, for example, D < 1.3, Equation
4.51 can give a good approximation.
Formally, Equation 4.45 is similar in appearance to the Wheatcraft-Tyler
“single tube model.” However, the two models are actually different. The
difference lies in that the mean fractal travel length x fr of all possible path
lengths is used in the model presented here while the fractal length of the
stream tube that covers a straight-line length of mean travel distance x was
used in the Wheatcraft-Tyler model. As discussed above, the WheatcraftTyler model tends to underestimate σ 2x . Furthermore, the model tends to significantly overestimate σ 2x .
Although our discussion here is focused on scale-dependency of dispersivity α, we are dealing, in fact, with time-dependency of α. The reason is
that x is not an independent variable; rather, it is a function of the travel
time t. In other words, x is simply a different expression of time and not
with the x-axis coordinate. Further discussion on the difference between
time-dependency and scale-dependency is beyond the scope of this chapter. Based on the above discussion, Equation 4.29 actually describes the
2
relationship of σ x versus time t. It is easy to show that the variance of travel
distance may grow proportionally with the fractional power D of time
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with D > 1 instead of growing linearly with time t as commonly observed
(Weeks, 1995). Therefore, the diffusion process described by Equation 4.29
2
is actually anomalous. To be specific, if σ x is proportional to t D with D > 1,
the diffusion process is referred to as superdiffusion.

4.5 Simulations
To show the effects of the fractal dimension on solute spreading, we conducted several simulations. First, we chose a value for the true constant dispersivity α 0 . Here α 0 = 0.1 m was used. Then, we determine the fractal cutoff
limit ε c according to Equation 4.47. In our example, ε c is set to be 0.3 m. Now,
we can calculate the variance of travel distance at different time (corresponding to the mean travel distance x) given the fractal dimension of the stream
lines is known. It should be pointed out that x should meet the requirements
of Equation 4.48 and the calculated shortest travel distance must exceed the
lower fractal cutoff limit. With x and σ 2x known, the solute distribution profile
can be simulated if we assume the travel distance follows a normal distribution. Three examples are shown in Figures 4.7, 4.8, and 4.9. The figures show
that enhanced diffusion occurs with the increase of the fractal dimension. If
1.0
D = 1.0
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FIGURE 4.7
Comparison of solute profiles for systems with different fractal dimension at mean travel distance of 10 meters.
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FIGURE 4.8
Comparison of solute profiles for systems with different fractal dimension at mean travel distance of 100 meters.
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FIGURE 4.9
Comparison of solute profiles for systems with different fractal dimension at mean travel distance of 1000 meters.
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the fractal dimension is close to 1, say, D = 1.1, the solute concentration profile
does not show significant deviation from that of the nonfractal case (D = 1).
On the contrary, the Wheatcraft-Tyler model predicts that the variance of
travel distance increases proportionally to the mean travel distance raised to
the power of 2D. That is, for a system with D close to 1, the Wheatcraft-Tyler
model would predict a spreading similar to that of the model presented here
with D equal to 2. Hence, the Wheatcraft-Tyler model tends to overestimate
the diffusion. In Figure 11 of Wheatcraft and Tyler (1988), they gave an example for the case of stream tubes having a fractal dimension of 1.0865. Their
figure demonstrates that the diffusion is exceedingly exaggerated.

4.6 Application to Field-Scale Experiments
As shown in Equation 4.45, the relationship of variance of travel distance to
mean travel distance is complicated. On the other hand, the two parameters
true dispersivity α 0 and fractal cut-off limit ε c are highly correlated. This
makes it difficult for us to apply Equation 4.45 to field-scale data. Therefore,
simplification of this formula is necessary. We consider the asymptotic
behavior of Equation 4.45, that is, the case where the mean travel distance
approaches infinity. It is easy to show that the limit of the denominator in
Equation 4.45 is 1 given the mean travel distance approaches infinity if D <
2. Therefore, we can say that σ 2x will grow proportionally to x raised to the
power of D if the mean travel distance is large enough. It is easy to show that
the reduced asymptotic form is actually the same as the single tube model in
Wheatcraft and Tyler (1988) and is given by:
σ 2x = Ax D

(4.53)

where A = 2α 0 ε1c−D is a constant with dimension L2-D. Equation 4.53 can be used
to approximate the evolution of variance for field experiments. It should be
pointed out that the power or exponent obtained is only close to the true fractal dimension D and not exactly the same because the asymptotic form is used
to match the pre-asymptotic pattern. We use Equation 4.53 to describe several
field-scale experiments. We chose the Cape Cod experiment (Garabedian et al.,
1991), the Borden experiment (Rajaram and Gelhar, 1991), and the Columbus
Air Force experiment (Adams and Gelhar, 1992). The fitted parameters for all
three experiments are listed in Table 4.3. The value of the exponent D in all
three cases is significantly different from 1.0, which suggests that all three sites
express fractal behavior to some degree. The value of D for the Cape Cod site
is smallest while that for the Columbus site is the largest and is very close to
the upper limit of fractal dimension 2. If we assume the fractal dimension D is
1 for homogeneous media, then we conclude that the aquifer formation at the
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TABLE 4.3
Fitted Parameters for Three Field-Scale Experiments
Site
Cape Cod
Borden
Columbus

Coefficient A

Exponent D

1.1046 (0.2232)*
0.3447 (0.0783)
1.8891 (0.2589)

1.0989 (0.0251)
1.2068 (0.0315)
1.8999 (0.0133)

*The value in parenthesis is the standard error of the estimation.

Columbus site is relatively more heterogeneous than those at the Cape Cod
site and the Borden site. In effect, the aquifer at the Borden site is composed of
clean, well-sorted, fine- to medium-grained sand and is quite homogeneous
relative to many aquifers of similar origin (Mackay et al., 1986). The study
area in the Cape Cod site is on a broad glacial outwash plain, and the upper
30 m of the aquifer is a medium to coarse sand with some gravel (Garabedian
et al., 1991). The aquifer at the Columbus site is composed of poorly sorted to
well-sorted sandy gravel and gravelly sand with minor amounts of silt and
clay (Boggs et al., 1992). Furthermore, the variability in hydraulic conductivity at the Columbus site is greater than at other sites, including the Cape Cod
and the Borden site (Adams and Gelhar, 1992). Therefore, the magnitude of
the different D values given in Table 4.3 is in agreement with the observed
heterogeneity of the three aquifers. The comparison of measured and fitted
variance patterns is given in Figures. 4.10, 4.11, and 4.12. Generally, Equation
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FIGURE 4.10
Comparison between estimated and fitted variance patterns at the Borden site.
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FIGURE 4.11
Comparison between estimated and fitted variance patterns at the Columbus site.

4.37 provides a good description of the variance pattern for all three
sites, especially at large mean travel distance. For the Borden site experiment, the fitted curve underestimates the variance at the initial stage of
transport. Perhaps, Equation 4.37 is not applicable to the initial stages of
transport.
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FIGURE 4.12
Comparison between estimated and fitted variance patterns at the cape Cod site.

133

Effect of Scale

4.7 Appendix A: Derivation of Finite-Difference Equations
for CDE with a Linearly Time-Dependent Dispersivity
The governing equation for a linear dispersivity model reads (Equation 4.8):
∂c
∂c
∂2 c
= −v
+ a1v 2t 2
∂t
∂x
∂x

(A1)

Denoting time and space increments by t and x, we can establish the
finite difference scheme for point (i x , j t), where i and j are integers and
denote space and time steps, respectively. Finite difference approximations
of each partial derivative in Equation A1 are as follows:

t

∂c cij+1 − cij
=
∂t
t

(A2)

∂c cij++11 − cij+1
=
∂x
x

(A3)

∂2 c 1 
cij++11 − 2 cij+1 + cij−+11
cij+1 − 2 cij + cij−1 
=
(
+
1)
+
j
t
j
t


∂x2 2 
x2
x2


(A4)

where cij stands for solute concentration at node (i x , j t). For convenience, let
β=

t
x

Substituting Equations A2 through A4 into Equation A1 and rearranging gives:
Acij−+11 + Bcij+1 + Ccij++11 = E

(A5)

where
A=

1
a1v 2 ( j + 1)β 2
2

(A6)

B = −1 + vβ − a1v 2 ( j + 1)β 2
C=
E = − cij −

(A7)

1
a1v 2 ( j + 1)β 2 − vβ
2

(

1
a1v 2 jβ 2 cij+1 − 2 cij + cij−1
2

(A8)

)

(A9)
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After discretization, the upper boundary conditions (Equations 4.10 and
4.11) read:
[1 + a1v( j + 1)β]c1j+1 − a1v( j + 1)βc2j+1 = c0 , 0 ≤ ( j + 1) t ≤ T

(A10)

[1 + a1v( j + 1)β]c1j+1 − a1v( j + 1)βc2j+1 = 0, ( j + 1) t > T

(A11)

where c0 is the solute concentration in input pulse, and T is the pulse duration.

4.8 Appendix B: Derivations of Finite-Difference Equations
for CDE with a Linearly Distance-Dependent Dispersivity
In this case, the governing equation becomes (Equation 4.16):
∂c
∂2 c
∂c
= a2 vx 2 − (1 − a2 )v
∂t
∂x
∂x

(B1)

The finite-difference approximation of the above equation for point
(i x , j t) can be developed using the same notation as above. The approximation of the first partial derivatives of c with respect to time t and distance x
are the same as Equations A2 and A3, respectively. The second derivative of
concentration with respect to x is given by:
∂2 c 1  cij++11 − 2 cij+1 + cij−+11 cij+1 − 2 cij + cij−1 
=
+

∂ x 2 2 
x2
x2

(B2)

Substituting Equation B2 together with Equations A2 and A3 into Equation
B1, replacing x with (i x), and rearranging gives an equation similar to
Equation A5:
A′cij−+11 + B′cij+1 + C′cij++11 = E′

(B3)

where
A′ =

1
a2 viβ
2

B′ = −1 + vβ(1 − a2 ) − a2 viβ

(B4)
(B5)
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C′ =

E′ = − cij −

1
a2 viβ − vβ(1 − a2 )
2

(

1
a2 viβ cij+1 − 2 cij + cij−1
2

(B6)

)

(B7)

where β is defined as the ratio of time increment to space increment as above.

4.9 Appendix C: Derivations of Finite Difference Equations
for CDE with a Nonlinearly Time-Dependent Dispersivity
For a power law dispersivity-time model, the governing equation is as follows (Equation 4.23):
2
∂c
∂c
D D −1 ∂ c
= −v
+ a3 v fr t fr
∂t
∂x
∂x2

(C1)

Approximations of first partial derivatives are given in Equations A2 and
A3. The second derivative with respect to x is given by:
t

D fr −1

j+1
j+1
j
j
j
∂2 c 1 
+ cij−+11
D fr −1
D fr −1 c i+1 − 2 c i
D fr −1 c i+1 − 2 c i + c i−1 
=
(
+
1)
+
(
)
j
t
j
t


∂x2 2 
x2
x2


		
		(C2)
For convenience, we let
β=

t
x

and γ =

D

t fr
x2

Notice that γ = β 2 for D fr = 2 . Substituting Equation C2 together with
Equations A2 and A3 into Equation C1 and rearranging yields:
A′′cij−+11 + B′′cij+1 + C′′cij++11 = E′′

(C3)

where
A′′ =

1
D
D −1
a3 v fr ( j + 1) fr γ
2

(C4)
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B′′ = −1 + vβ − a3 v
C′′ =

E′′ = − cij −

D fr

( j + 1)

D fr −1

γ

(C5)

1
D
D −1
a3 v fr ( j + 1) fr γ − vβ
2

(

1
D D −1
a3 v fr j fr γ cij+1 − 2 cij + cij−1
2

(C6)

)

(C7)

Obviously, Equation C3 reduces to Equation A5 for D fr = 2 .
For this case, the upper boundary conditions after discretization are
given by:
D fr −1
D fr −1

 j+1
D fr −1
D −1 t
D fr −1
D −1 t
( j + 1) fr
( j + 1) fr
c2j+1 = c0 ,
 1 + a3 v
 c 1 − a3 v
x 
x


(C8)

0 ≤ ( j + 1) t ≤ T
D fr −1
D fr −1

 j+1
D fr −1
D −1 t
D fr −1
D −1 t
( j + 1) fr
( j + 1) fr
c2j+1 = 0,
 1 + a3 v
 c 1 − a3 v
x
x



(C9)

( j + 1) t > T
where c0 is the solute concentration in input pulse, and T is the pulse duration.

4.10 Appendix D: Derivations of Finite-Difference
Equations for CDE with a Nonlinearly
Distance-Dependent Dispersivity
For a parabolic dispersivity-distance model, the governing equation is
(Equation 4.28):
2
∂c
∂c
D −1 ∂ c
D fr −1

v
= a4 vx fr
2 −  1 − a4 (D fr − 1)x

∂t
∂x
∂x

For convenience, we let
β=

t
t
, ξ=
3− D fr
x
x

(D1)
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Notice that ξ = β for D fr = 2 . Replacing x with (i x) and substituting
approximation for partial derivatives, (e.g., Equations A2, A3, and B2), into
the above equation and rearranging produces:
A′′′cij−+11 + B′′′cij+1 + C′′′cij++11 = E′′′

(D2)

where
A′′′ =

1
D −1
a4 vi fr ξ
2

B′′′ = −1 + vβ − a4 vξ[i
C′′′ =

D fr −1

+ (D fr − 1)i

(D3)
D fr − 2

]

(D4)

1
D −1
D −2
a4 vξi fr + a4 vξ(D fr − 1)i fr − vβ
2

(D5)

E′′′ = − cij −

(

1
D −1
a4 vξi fr cij+1 − 2 cij + cij−1
2

)

(D6)

Apparently, Equation D2 reduces to Equation B3 for D fr = 2 .
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5
Multiple-Reaction Approaches
Several studies showed that sorption-desorption of dissolved chemicals on
different soils was not adequately described by use of a single reaction of
the equilibrium or kinetic type. Failure of single reactions is not surprising
since they only describe the behavior of one species, with no consideration
given to the simultaneous reactions of others in the soil system. Multisite or
multireaction models deal with the multiple interactions of any one species
in the soil environment. Such models are empirical in nature and are based
on the assumption that retention sites are not homogeneous in nature; rather,
the sites are heterogeneous and thus have different affinities to individual
solute species. Figure 5.1 clearly illustrates the heterogeneous make up of the
soil matrix.
It is well recognized that multireaction models cannot account for all possible interactions occurring in the soil-water environment. For example,
characterization of chemical, biological, and physical interactions of nitrogen
within the soil environment is a prerequisite in the formulation of a multireaction nitrogen model. One major point is how strongly such factors affect
nitrogen behavior and distribution within soil systems. Among these factors
are the effect of soil texture and structure on oxygen diffusion; distribution
of plant residues (vertically and horizontally), which affects infiltration rates,
leaching, and biological transformations, including plant uptake, mineralization, and denitrification; and cultural practices such as tillage and fertilizer
distribution, which affect nitrogen distribution vertically and horizontally.
Since nitrate is a highly mobile nitrogen form that can leach through the soil
profile and eventually into groundwater, the goal of any nitrogen management plan must include minimizing nitrate leaching from agricultural activities into groundwater. Nevertheless, description of N dynamics in the soil is
often simplified. To illustrate this, one needs to examine the N dynamics in
soils as described in the simplified schematic for N transformations shown
Figure 5.2. The model accounts for nitrification, denitrification, immobilization, mineralization, and ion exchange of ammonium as a reversible firstorder kinetic process. It also accounts for uptake by plant roots and transport
in the soil water.
Based on first-order kinetic reactions governing N transformations, a set of
simultaneous equations describing the N cycle were derived by Mehran and
Tanji (1974). This set of equations was solved simultaneously to provide N
simulations. Wagenet, Biggar, and Nielseen (1977) found excellent agreement
between observed urea, ammonium, and nitrate effluent concentrations and
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FIGURE 5.1
Schematic representation of the oxidation-reduction zones that may develop in an aquifer
downstream from an organic-rich landfill. Closest to a landfill may be a zone of methanogenesis, which is progressively followed downstream by zones of sulfate reduction, dissimilatory iron reduction, denitrification, and aerobic respiration that develop as the plume becomes
progressively oxidized through the influx of oxygenated water. Within the dissimilatory iron
reduction zone, a pore scale image is shown in which the influx of dissolved organics provides
electrons for dissimilatory iron reduction mediated by a biofilm. The dissolution of this phase
leads to the release of Fe2+, HCO3−, and OH− into the pore fluid, potentially driving siderite
or calcite precipitation downstream, and thus reducing the porosity and permeability of the
material. Sorption of Fe2+ may also occur on clays, displacing other cations originally present
on the mineral surface. Where reactions are fast relative to local transport, gradients in concentration, and thus in reaction rates, may develop at the pore scale. (From C. I. Steefel et al. 2005.
Earth and Planetary Science Letters 240: 539–558. With permission.)

theoretical results. Urea hydrolysis, nitrification, and dentrification were
assumed to be governed by first-order kinetics as described above.
Unlike the N cycle, where transformation processes have been identified
for several decades, for other reactive chemicals, the governing processes of
sorption are at best ill defined. For example, reactive chemical transport in
soils may be complicated by precipitation reactions that act as kinetic sinks
for chemicals. Because of its agronomic and environmental significance, P
precipitation reactions during transport in soils have been most frequently
studied. Often P is a severely limited nutrient in terrestrial and aquatic
ecosystems, which adversely affects plant and fish production. Because
of the significance of P precipitation reactions in soil, the geochemical
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FIGURE 5.2
A schematic representation of transformation of soil nitrogen. Terms K and KK refer to rate
coefficients and e, s, p, I, and g refer to exchangeable, solution, immobilized, and gaseous
phases, respectively. (From M. Mehran and K. K. Tanji. 1974. J. Environ. Qual. 3: 391–395. With
permission.)

and hydrologic processes controlling P transport must be clearly understood. Many of the principles to be discussed for P reactions may in some
instances be applicable to other types of precipitation reactions (i.e., Al,
Fe, etc.). Mansell et al. (1977), investigating the transport of orthophosphate through saturated and unsaturated columns of a sandy soil, found
that a single process failed to describe P transport. Specifically, reversible equilibrium adsorption-desorption relationship of the Freundlich
type inadequately described observed data. By coupling a first-order
kinetic expression with the classical transport equation and considering
nonlinear exchange of the Freundlich type, Mansell et al. (1977) substantially improved the prediction of orthophosphate transport through soil
(Figure 5.3). They noted, however, that this model overpredicted the peak
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FIGURE 5.3
Observed phosphate effluent condensations from the Al horizon of a sandy soil with predicted
curves determined using a one-site, nonlinear, nonequilibrium model with and without a sink
term for irreversible sorption and immobilization.
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concentration and tailing response of observed P effluent concentrations.
They further modified their model by considering first-order irreversible
precipitation described by:
Q = αcc
and first-order irreversible chemical immobilization via physical adsorption
described by:
Q = α SS
where αc and αs (h–1) are the rate coefficients for precipitation and chemical immobilization, respectively, and Q is the rate of solute consumption
(sink). Incorporating an irreversible sink for chemical immobilization or precipitation into the convective-dispersive transport equation (CDE) provided
significantly better agreement between the observed data and the modelpredicted curve (Figure 5.3).

5.1 Two-Site Models
One of the earliest multireaction models is the two-site model proposed by
Selim, Davidson, and Mansell (1976). This model was developed to describe
observed batch results, which showed rapid initial retention reactions followed by slower retention reactions. The model was also developed to
describe the excessive tailing of breakthrough curves (BTCs) obtained from
pulse inputs in miscible displacement experiments. The two-site model is
based on several simplifying assumptions. First, it is assumed that a fraction of the total sites (referred to as type I sites) reacts rapidly with the solute
in soil solution. In contrast, we assume that type II sites are highly kinetic
in nature and react slowly with the soil solution. The retention reactions
for both types of sites were based on the nonlinear (or nth order) reversible
kinetic approach and may be expressed as:
∂S1
Θ
= k 1 C n − k 2 S1
∂t
ρ

(5.1)

∂S2
Θ
= k 3 C m − k 4 S2
∂t
ρ

(5.2)

ST = S1 + S2

(5.3)
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where S1 and S2 are the amounts of solute retained by sites I and sites II,
respectively, ST is the total amount of solute retained by the soil matrix (mg
kg–1), and k1, k2, k3, and k4 are the associated rate coefficients (h–1). The nonlinear parameters n and m are considered to be less than unity and n ≠ m. For
the case n = m = 1, the retention reactions are of the first-order type and the
problem becomes a linear one.
This two-site approach was also considered for the case where type I sites
were assumed to be in equilibrium with the soil solution, whereas type II sites
were considered to be of the kinetic type. Such conditions may be attained
when the values of k1 and k2 are extremely large. Under these conditions, a
combination of equilibrium and kinetic retention is (Selim, Davidson, and
Mansell, 1976):
S1 = K f C n

(5.4)

∂S2
Θ
= k 3 C m − k 4 S2
∂t
ρ

(5.5)

Jardine, Parker, and Zelazny (1985) found that the use of the equilibrium and kinetic two-site model provided good predictions of BTCs for
Al in kaolinite at different pH values. Selim, Davidson, and Mansell (1976)
found that the two-site model yielded improved predictions of the excessive tailing of the desorption or leaching side and the sharp rise of the
sorption side of the BTCs in comparison with predictions using singlereaction equilibrium or kinetic models. The two-site model has been used
by several scientists, including DeCamargo, Biggar, and Nielsen (1979),
Nkedi-Kizza et al. (1984), Jardine, Parker, and Zelazny (1985), and Parker
and Jardine (1986), among others. The model proved successful in describing the retention and transport of several dissolved chemicals, including
Al, P, K, Cr, Cd, 2,4-D, atrazine, and methyl bromide. However, there are
some inherent disadvantages of the two-site model. First, the reaction
mechanisms are restricted to those that are fully reversible. Moreover, the
model does not account for possible consecutive-type solute interactions
in the soil system.

5.2 Multireaction Models
A schematic representation of the multireaction model is shown in Figure 5.4.
In this model we consider the solute to be present in the soil solution phase
(C) and in five phases representing solute retained by the soil matrix as Se, S1,
S2, S3, and Sirr. We further assume that Se, S1, and S2 are in direct contact with
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FIGURE 5.4
A schematic representation of the multireaction model.

the solution phase and are governed by concurrent type reactions. Here we
assume Se is the amount of solute that is sorbed reversibly and is in equilibrium with C at all times. Specifically, the multireaction model assumes that
the total amount sorbed ST or simply S is the total amount retained reversibly
or reversibly by soil matrix surfaces, S = Se + S1 + S2 + S3 + Sirr.
The governing equilibrium retention/release mechanism is the nonlinear
Freundlich type:
Se = K f C b

(5.6)

where Kf is the associated distribution coefficient (cm3 kg–1) and b is a dimensionless Freundlich parameter (b < 1). Other equilibrium-type retention
mechanisms are given in Chapter 3. These include linear (b = 1), Langmuir,
two-site Langmuir, and others.
The retention/release reactions associated with S1, S2, and S3 are concurrent- or consecutive-type kinetic reactions. Specifically, the S1 and S2 phases
were considered to be in direct contact with C and reversible rate coefficients
of the (nonlinear) kinetic type govern their reactions:
∂S1
Θ
= k 1 C n − k 2 S1
∂t
ρ

(5.7)

∂S2
Θ
= k 3 C m − ( k 4 + k 5) S 2 + k 6 S 3
∂t
ρ

(5.8)

∂S3
= k 5 S2 − k 6 S3
∂t

(5.9)

where k1 and k2 are the forward and backward rate coefficients (h–1), respectively, and n is the reaction order associated with S1. Similarly, k3 and k4 are
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the rate coefficients and m is the reaction order associated with S2, and k5 and
k6 are the reaction parameters associated with S3. In the absence of the consecutive reaction between S2 and S3, that is, if S3 = 0 at all times (k5 = k6 = 0),
Equation 5.8 reduces to:
∂S2
Θ
= k 3 C m − k 4 S2
∂t
ρ

(5.10)

Thus, Equation 5.10 for S2 resembles that for S1 except for the magnitude of
the associated parameters k3, k4, and m.
The sorbed phases (Se, S1, S2, S3) may be regarded as the amounts sorbed
on surfaces of soil particles and chemically bound to Al and Fe oxide surfaces or other types of surfaces, although it is not necessary to have a priori knowledge of the exact retention mechanisms for these reactions to be
applicable. These phases may be characterized by their kinetic sorption and
release behavior to the soil solution and thus are susceptible to leaching in
the soil. In addition, the primary difference between these two phases not
only lies in the difference in their kinetic behavior but also in the degree of
nonlinearity as indicated by the parameters n and m. The sink/source term Q
is commonly used to account for irreversible reactions such as precipitation/
dissolution, mineralization, and immobilization, among others. We express
the sink term as a first-order kinetic process:
Q=ρ

∂S3
= ks Θ C
∂t

(5.11)

where ks is the associated rate coefficient (h–1). The sink term Q is expressed
in terms of a first-order irreversible reaction for reductive sorption or precipitation or internal diffusion as described by Amacher et al. (1986) and
Amacher, Selim, and Iskandar (1988). Equation (5.11) is similar to that for the
diffusion-controlled precipitation reaction if one assumes that the equilibrium concentration for precipitation is negligible.
This model is multipurpose in nature, which accounts for linear as well
as nonlinear reaction processes of the reversible and irreversible types. The
capability of the model is not limited to describing commonly measured
batch-type sorption data (following a specific reaction time, e.g., 1 day)
but also in describing changes in concentration with time of reaction during sorption as well as desorption. Therefore, the uniqueness of this model
is that its aim is to describe the reactivity of solutes with natural systems
versus time during sorption or desorption. In contrast, for most models, for
example, the simple linear, Freundlich, Langmuir, DDRM (double-domain
reaction model), and TDRM (treble-domain reaction model), two distinct
sets of parameters are obtained, one for adsorption and one for desorption
(Weber, McGinley, and Katz, 1992; Lesan and Bhandari, 2003). Moreover, the
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use of such models yields a set of parameters that are only applicable for a
specific reaction time. On the other hand, the multireaction model presented
here provides a comprehensive accounting of the sorption-desorption processes, where a single set of parameters is applicable for an entire data set
and for a wide range of initial (or input) concentrations.
In order to describe transport of reactive chemicals in soils and geological media, it is necessary to incorporate the multireaction model equations
described above with the CDE described in Chapter 3. For steady water flow
conditions, the resulting CDE equation becomes
∂C ρ ∂S
∂2 C
∂C
+
=D 2 −v
∂t θ ∂ x
∂x
∂x

(5.12)

where x is distance (cm), D is dispersion coefficient (cm2 h–1), v (=q/θ) is average pore water velocity (cm h–1), and q is Darcy’s water flux density (cm h–1).
The appropriate initial and boundary conditions for a finite soil column are
C( x) = Cinit

t=0

(5.13)

S( x) = Sinit

t=0

(5.14)

 vCo t ∈Tp
∂C


=
−
D
+
vC



∂x
t Tp
x= 0
0
∂C
=0 t>0
∂ x x= L

(5.15)

(5.16)

where Cinit is the initial solution concentration (mg L–1), Sinit is the initial
amount of sorption (mg kg–1), Co is the input solute concentration (mg L–1),
Tp is the duration of applied solute pulses, and L is the length of the column
(cm). The above Equations (5.12 to 5.16) were solved numerically using the
finite–difference, Crank-Nicholson explicit-implicit approximation, which
was discussed in Chapter 3.

5.3 Applications
Multireaction models have been applied successfully to describe the transport
and retention of numerous reactive chemicals in soils and geological media,
including trace elements and heavy metals, radionuclides, military explosives,
herbicides, and pesticides. Selected examples are presented in this section.

149

Multiple-Reaction Approaches

Cu Solution Concentration (mg/L)

100

Cu Adsorption – McLaren Soil
Multireaction Model version I

80

Co = 100 mg/L

60
40

50
20
10

20
10

0
0

25

50

75

100 125
Time, Hours

150

175

200

FIGURE 5.5
Experimental adsorption results of Cu from soil solution in McLaren soil versus time for several initial concentrations (Co). The solid curves were obtained using the multireaction model
with S1 and Sirr. Estimated model parameters along with their standard errors (k1, k2, and k 3)
are given in Table 5.1.

Figure 5.5 shows experimental adsorption results of Cu in soil solution
in McLaren soil versus time for several initial concentrations (Co). The solid
curves were obtained using the multireaction model shown in Figure 5.4 (see
Selim and Ma, 2001). The use of this model was limited to two sorbed phases,
one reversible (S1) and the other irreversible (Sirr). This was carried out by
setting up all parameters associated with the remaining phases as zero.
Estimated model parameters along with their standard errors (k1, k2, and kirr)
are given in Table 5.1. Here the estimated parameters were independently
obtained for each initial concentration (Co) as well as for the entire data set
TABLE 5.1
Goodness of Fit of the Multireaction Model for Individual and Overall Initial
Concentrations (Co)
Co
(mg/L)

r2

RMSE

kl
(h–1)

SE
(h–1)

K2
(h–1)

SE
(h–1)

Kirr
(h–1)

SE
(h–1)

5
10
20
50
100
Overall

0.601
0.849
0.762
0.802
0.663
0.992

0.3601
0.3668
0.8887
2.1709
4.3336
2.0635

0.682
0.922
1.133
0.994
1.217
1.131

0.225
0.109
0.179
0.163
0.252
0.089

0.429
0.270
0.315
0.273
0.357
0.323

0.167
0.043
0.063
0.056
0.087
0.031

0.0062
0.0079
0.0059
0.0028
0.0019
0.0020

0.0022
0.0022
0.0018
0.0010
0.0007
0.0003

150

Cu Solution Concentration (mg/L)
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FIGURE 5.6
Experimental adsorption results of Cu from soil solution in McLaren soil versus time for several initial concentrations (Co). The solid curves were obtained using the multireaction model
with S1 and Ss.

(for all values of Co) using parameter optimization (see Table 5.1). Reduced
standard errors for the model parameters k1, k2, and kirr were realized when
the entire data set is used. Of significance is the fact that one set of model
parameters can thus be used for the entire concentration range, which lends
credence to the model in describing the Cu.
To further test the applicability of the multireaction model, the solid curves
shown in Figure 5.6 were obtained based on a different version of the model.
Specifically, this model version accounted for two sorbed phases, one reversible (S2) and the other irreversible (Ss). It is obvious from the simulations
shown in Figures 5.5 and 5.6 that a number of model versions are capable
of producing indistinguishable simulations of the data. Similar conclusions
were arrived at by Amacher, Selim, and Iskandar (1988, 1990) for Cd, Cr(VI),
and Hg for several soils. They also stated that it was not possible to determine whether the irreversible reaction is concurrent or consecutive, since
both model versions provided similar fit of their batch data. This finding
implies that the adsorption data for Cu alone is insufficient and that additional data are needed to arrive at a recommendation for the adoption of a
specific model version.
In Figure 5.7, results of mercury (Hg) transport in a sand column are presented along with multireaction model simulations (see Liao, Delaune, and
Selim, 2009). This is one of the few studies that indicate significant Hg mobility in soil columns. (See also the results of Miretzky, Bisinoti, and Jardim,
2005, on alluvial, podozol and humic gley soils from the Amazon region.)
The Hg input pulse concentration used here was 8 mg/L Hg(NO3)2 prepared
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FIGURE 5.7
Experimental Hg (II) breakthrough curve (BTC) from the reference sand column (Co = 8 mg
L–1). The solid curve is multireaction model simulation where the rates of reactions were 0.340
± 0.019, 0.033 ± 0.001, and 0.001 ± 0.001 h–1 for k1, k2, and k3, respectively.

in 0.01 M Ca(NO3)2 background solution. In the sand column, a noticeable Hg
peak was observed and did not exceed 2 mg/L (see Figure 5.7). In fact, for
the BTC of the reference sand, which exhibited symmetry, the recovery of Hg
from the soil column was only 17.3% of that applied. Therefore, more than
80% of the applied Hg was strongly retained by the reference sand column.
Recently, Wernert, Frimmel, and Behra (2003) reported strong Hg retention
in a column experiment of quartz sand (99% quartz and amorphous silica)
where continuous Hg pulse application of 100 mg/L was maintained. In fact,
no Hg was observed in the column effluent during the first 100 pore volumes. Some 500 pore volumes of Hg application were needed before a concentration maximum of 22 mg/L was reached. Wernert, Frimmel, and Behra
(2003) did not report the percent of Hg retained in their quartz column.
The mercury BTC for the reference sand column was successfully
described using the multireaction model. Liao, Delaune, and Selim (2009)
concluded that a simple model formulation with reversible kinetic and irreversible sites (S1 and Sirr) is recommended for the case of this sand column.
Here the irreversible reaction associated with Si may be considered as innersphere complexation as suggested by Sarkar, Essington, and Misra (1999).
Interparticle diffusion is another process that is responsible for retention of
Hg. Such a process is often considered as a rate-limiting step (see Yin, Allen,
and Huang, 1997; Miretzky, Bisinoti, and Jardim, 2005). Nevertheless, model
validation and verification are needed, which require further experimental
investigation of the processes associated with Hg sorption and transport in
soils.
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FIGURE 5.8
Observed and model calculated breakthrough curves for U(VI) in Hanford (HF) column. Pulse
input Co = 0.29 mg/L, pH = 6.8 in 0.01 M NaNO3. The solid curve is based on the multireaction
model with only S1 considered; the dotted curve shows Se and S1 reversible phases. The dashed
curve is based on the assumption of nonlinear (Freundlich) equilibrium.

Figure 5.8 shows breakthrough results from a column of Hanford soil
where a pulse input of uranium (U(VI)) in a 0.01 M NaNO3 background
matrix was introduced to each of the columns at a flow rate of 4.3 cm/h
(Barnett et al., 2000). After the pulse, the inlet solution was switched to a
U(VI)-free, 0.01 M NaNO3 solution. The observed results indicate that U(VI)
is highly mobile where total recovery was attained. The solid curve is based
on model calculations where only S1 was considered, whereas the dotted
curve is where Se and S1 reversible phases were used. The dashed curve is
based on the assumption of full equilibrium with Se only. Therefore, a combination of fully reversible equilibrium and kinetic reactions best describe the
U(VI) transport in Hanford soil.
Transport results of two military explosives, TNT and RDX, are illustrated by the BTCs shown in Figure 5.9 (Selim, Xue, and Iskandar, 1995).
A pulse having a concentration of either 10 or 100 mg/L TNT or RDX dissolved in 0.005 M Ca(NO3)2 solution was introduced into each column at
the same flux. The applied pulse was subsequently followed by several
pore volumes of the background solution. In comparison with the tracer
tritium, RDX exhibited high mobility and little tailing. The solid curve is
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FIGURE 5.9
Transport of tritium, RDX, and TNT in Kolin soil. Solid curves are simulations based on the
multireaction model.

based on multireaction model calculations where batch kinetic parameters
were used. For TNT, the use of kinetic batch parameters overestimated
the extent of retardation. Specifically batch parameters overestimated the
extent of retardation, which is probably because the mixing was more complete in batch experiments than in the miscible displacement study. For
several organic contaminants, several authors postulated that experimental artifacts of batch experiments were responsible for the discrepancy. The
dashed curves are model simulations that provided good description of
RDX and TNT transport results. In obtaining these simulations, only two
phases were considered in the multireaction model, an equilibrium (Se)
phase and an irreversible phase (Sirr).
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6
Second-Order Transport Modeling
In this chapter, an analysis is presented of a kinetic second-order approach
for describing mechanisms for retention of reactive chemicals in the soil
environment. The basis for this approach is that it accounts for the sites
on the soil matrix that are accessible for retention of reactive chemicals in
solution. The second-order approach will be incorporated into the nonequilibrium two-site model for the purpose of simulation of the potential retention during transport of reactive chemicals in soils. As will be
described in a subsequent chapter, this second-order approach will be
extended to the diffusion-controlled mobile-immobile (or two-region)
transport model.
A main feature of the second-order model proposed here is the supposition that there exist two types of retention sites on soil matrix surfaces.
Moreover, the primary difference between these two types of sites is based
on the rate of the proposed kinetic retention reactions. It is also assumed that
the retention mechanisms are site specific, for example, the sorbed phase on
type 1 sites may be characteristically different (in their energy of reaction
and/or the identity of the solute-site complex) from that on type 2 sites. An
additional assumption is that the rate of solute retention reaction is a function not only of the solute concentration present in the solution phase but
also of the amount of available retention sites on matrix surfaces. Another
feature of the second-order approach is that an adsorption maximum (or
capacity) is assumed. For a specific reactive chemical, this maximum represents the total number of adsorption sites on the soil matrix. This adsorption
maximum is also considered an intrinsic property of an individual soil and
is thus assumed constant (Selim and Amacher, 1988).

6.1 Second-Order Kinetics
For simplicity, we denote Smax to represent the total retention capacity or the
maximum adsorption sites on matrix surfaces. It is also assumed that Smax is
invariant with time. Therefore, based on the two-site approach, the total sites
can be partitioned into two types such that:
Smax = (Smax )1 + (Smax )2

(6.1)
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where (Smax)1 and (Smax)2 are the total number of type 1 sites and type 2 sites,
respectively. If F represents the fraction of type 1 sites to the total number of
sites or the adsorption capacity for an individual soil, we thus have:
(Smax )1 = F Smax and (Smax )2 = (1 − F ) Smax

(6.2)

We now denote ϕ as the number of unfilled or vacant sites in the soil, such that:
φ1 = (Smax )1 − S1 = F Smax − S1

(6.3)

φ2 = (Smax )2 − S2 = (1 − F ) Smax − S2

(6.4)

where ϕ and ϕ2 are the number of vacant sites and S1 and S2 are the amounts
of solute retained (or the number of filled sites) on type 1 and type 2 sites,
respectively. As the sites become filled or occupied by the reactive solute, the
number of vacant sites approaches zero, that is, (ϕ1 + ϕ2) → 0. In the meantime,
the amount of solute retained by the soil matrix approaches that of the total
capacity (or maximum number) of sites, (S1 + S2) → Smax.
We commonly express the amount of reactive chemical retained, such as
S1 and S2 in Equations 6.3 and 6.4 as the mass of solute per unit mass of soil
(mg kg–1 soil). Based on the above formulations, the total number of sites Smax,
(Smax)1, and (Smax)2 and vacant or unfilled sites ϕ1 and ϕ2 must also have similar
dimensions. Here the units used for S and ϕ will be in terms of milligrams of
solute per kilogram soil mass (mg kg–1 soil).
Based on this approach, reactive chemical retention mechanisms are
assumed to follow a second-order kinetic reaction where the forward process is controlled by the product of the solution concentration C (mg L–1) and
the number of unoccupied or unfilled sites (ϕ) (Selim and Amacher, 1988).
Specifically, the reactions for type 1 and type 2 sites may be expressed by the
reversible processes; t → ∞:
k 1→


C + φ1 ←
 S1
k2

(6.5)

k 3→


C + φ2 ←
 S2
k4

(6.6)

and

Therefore, the differential form of the kinetic rate equations for reactive
chemical retention may be expressed as:
ρ

∂S1
= k 1 Θ φ1 C − k 2 ρ S1 for type 1 sites
∂t

(6.7)
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and
ρ

∂S2
= k 3 Θ φ 2 C − k 4 ρ S2
∂t

for type 2 sites

(6.8)

where k1 and k2 (h–1) are forward and backward rate coefficients for type 1
sites, whereas k3 and k4 are rate coefficients for type 2 reaction sites. In addition, Θ is the soil water content (cm3 cm–3), ρ is the soil bulk density (g cm–3),
and t is time (h). If ϕ1 and ϕ2 are omitted from Equations 6.7 and 6.8, the
above equations yield two first-order kinetic retention reactions (Lapidus
and Amundson, 1952). However, a major disadvantage of first-order kinetic
reactions is that as the concentration in solution increases, a maximum solute
sorption is not attained, which implies that there is an infinite solute retention capacity of the soil or infinite number of exchange sites on the matrix
surfaces. In contrast, the approach proposed here achieves maximum sorption when all unfilled sites become occupied (i.e., ϕ and ϕ2 → 0).
In a fashion similar to the nonequilibrium two-site concept proposed by
Selim, Davidson, and Mansell (1976), it is possible to regard type 1 sites as
those where equilibrium is rapidly reached (i.e., in a few minutes or hours).
In contrast, type 2 sites are highly kinetic and may require several days or
months for apparent local equilibrium to be achieved. Therefore, for type 1
sites the rate coefficients k1 and k2 are expected to be several orders of magnitude larger than k3 and k4 of the type 2 sites. As t → ∞, that is, when both sites
achieve local equilibrium, Equations 6.7 and 6.8 yield the following expressions. For type 1 sites:
k1 Θ

1

C − k 2 ρ S1 = 0, or

Θ k1
S1
=
= ω1
C
ρ k2
1

(6.9)

2

C − k 4 ρ S2 = 0, or

Θ k3
S2
=
= ω2
ρ k4
2C

(6.10)

and for type 2 sites:
k3 Θ

Here ω1 and ω2 represent equilibrium constants for the retention reactions
associated with type 1 and type 2 sites, respectively. The formulations of
Equations 6.9 and 6.10 are analogous to expressions for homovalent ionexchange equilibrium reactions. In this sense, the equilibrium constants ω1
and ω2 resemble the selectivity coefficients for exchange reactions and Smax
resembles the exchange capacity (CEC) of soil matrix surfaces. However,
a major difference between ion exchange and the proposed second-order
approach is that no consideration of other competing ions in solution or on
matrix surfaces is incorporated into the second-order rate equations. In a
strict thermodynamic sense, Equations 6.9 and 6.10 should be expressed in
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terms of activities rather than concentrations. However, we use the implicit
assumption that solution-phase ion activity coefficients are constant in a
constant ionic strength medium. Moreover, the solid-phase ion activity coefficients are assumed to be incorporated in the selectivity coefficients (ω1 and
ω2) as in ion-exchange formulations.
Incorporation of Equations 6.1 to 6.4 into Equations 6.9 and 6.10 and further
rearrangement yields the following expressions for the amounts retained by
type 1 and type 2 sites at t → ∞,
 ω1 C 
S1
=
, and
(Smax)1  1 + ω 1 C 

 ω1 C 
S2
=
(Smax)2  1 + ω 2 C 

(6.11)

Therefore, the total amount sorbed in the soil S (= S1 + S2), is
S
 ω1 C 
 ω2 C 
F+
=
 (1 − F )
Smax  1 + ω 1 C 
 1 + ω2 C 

(6.12)

Equation 6.12 is analogous to the two-site Langmuir formulation where
the amount sorbed in each region is clearly expressed. Such Langmuir formulations are commonly used to obtain independent parameter estimates
for Smax and the affinity constants ω1 and ω2.
Let us now consider the case where only one type of active sites is dominant in the soil system. In a similar fashion to the formulations of Equations
6.9 and 6.10, the kinetics of the reaction can be described by the following
equation (Murali and Aylmore, 1983):
ρ

∂S
= k f Θ φ C − kb ρ S
∂t

(6.13)

Here kf and kb (h–1) are the forward and backward retention rate coefficients and S is the total amount of solute retained by the soil matrix surfaces.
This formulation is often referred to as the kinetic Langmuir equation. In
fact, Equation 6.13 at equilibrium obeys the widely recognized Langmuir
isotherm equation:
S
Smax

=

ωC
1+ ω C

(6.14)

where ω = (Θkf /ρkb) is equivalent to that of Equations 6.9 and 6.10. For a discussion of the formulation of the kinetic Langmuir equation see Rubin (1983).
It should be recognized that the unfilled or vacant sites (ϕ) in Equations 6.7,
6.8, and 6.13 are not strictly vacant. They are occupied by hydrogen, hydroxyl,
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or other nonspecifically adsorbed (e.g., Na, Ca, Cl, and NO3) or specifically
adsorbed (e.g., PO4, AsO4, and transition metals) species. Vacant or unfilled
refers to sites vacant or unfilled by the specific solute species of interest. The
process of occupying a vacant site by a given solute species actually is one of
replacement or exchange of one species for another. However, the simplifying assumption on which this model is based is that the filling of sites by a
particular solute species need not consider the corresponding replacement
of species already occupying the sites. The Langmuir-type approach considered here (Equations 6.11 to 6.14) is a specialized case of an ion-exchange
formulation (ElPrince and Sposito, 1981). Alternatively, the competitive
Langmuir approach may be used if the identities of the replaced solute species are known.
6.1.1 Transport Model
Incorporation of the second-order reactions into the classical (convectiondispersion) transport equation yields (Brenner, 1962; Nielsen, van Genuchten,
and Biggar, 1986):
Θ

∂C
∂C
 ∂S ∂S 
∂2C
+ ρ 1 + 2  = Θ D 2 − q
−Q


∂x
∂t
∂t
∂t
∂x

(6.15)

where D is the hydrodynamic dispersion coefficient (cm2 h–1), q is Darcy’s
water flux (cm h–1), and x is depth (cm). Here the term Q is a sink representing the rate of irreversible reactive chemical reactions by direct removal from
the soil solution (mg h–1 cm–3). In this model, the sink term was expressed in
terms of a first-order irreversible reaction for reductive sorption, precipitation, or internal diffusion:
Q = Θ ks C

(6.16)

where ks is the rate constant for the irreversible reaction (h–1). Equation 6.16 is
similar to that for a diffusion-controlled precipitation reaction if one assumes
that the equilibrium concentration for precipitation is negligible and that ks is
related to the diffusion coefficient.
For convenience, we define the dimensionless variables:
x
L

(6.17)

qt
LΘ

(6.18)

X=

T=
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c=

C
Co

(6.19)

S

s=

(6.20)

Smax

Φ=

P=

(6.21)

Smax
qL
DΘ

(6.22)

where T is dimensionless time equivalent to the number of pore volumes
leached through a soil column of length L, and P is the Peclet number
(Brenner, 1962). Given the above variables, Equations 6.15, 6.7, and 6.8 are
rewritten in dimensionless form, respectively, as (Selim and Amacher, 1988):
∂c
∂c
 ∂ s ∂ s  1 ∂2c
+ Ω 1 + 2 =
−
− κ sc
2


∂T
∂T ∂T
P ∂X
∂X

(6.23)

∂ s1
= κ 1 Φ1 c − κ 2 s1
∂T

(6.24)

∂s2
= κ 3 Φ2 c − κ 4 s2
∂T

(6.25)

where
Ω=

Smax ρ
Co Θ

(6.26)

k sΘL
q

(6.27)

κs =

κ1 =

k 1Θ 2C oL
ρq

and κ 3 =

k 3Θ 2C oL
ρq

(6.28)

Here, κs, κ1, κ2 , κ3, and κ4 are dimensionless kinetic rate coefficients that
incorporate q and L. As will be shown in a later section, these dimensionless
variables (including Ω, c, s, and ϕ) represent a convenient way to study the
sensitivity of the model to reduced variables.

163

Second-Order Transport Modeling

For the purpose of simulation and model evaluation, the appropriate initial and boundary conditions associated with Equations 6.23 to 6.25 were
as follows. We chose uniform initial solute concentration Ci in a finite soil
column of length L such that:
c = ci (T = 0 and 0 < X < 1)

(6.29)

We also assume that an input solute solution pulse having a concentration
Co was applied at the soil surface for a (dimensionless) time Tp and was then
followed by a solute-free solution. As a result, at the soil surface, the following third-type boundary conditions were used (Selim and Mansell, 1976):
1= c −

1 ∂c
P ∂X

(X = 0, T < T p)

(6.30)

0=c −

1 ∂c
p ∂X

(X = 0, T > T p)

(6.31)

At x = L, we have:
∂c
= 0 (X = 1, T > 0)
∂X

(6.32)

The differential equations of the second-order model described above are
of the nonlinear type and analytical solutions are not available. Therefore,
Equations 6.21 to 6.23 must be solved numerically. A finite-difference
approximation (explicit-implicit) subject to the above initial and boundary
conditions can be derived as was carried out by Selim and Amacher (1988)
and documented in Selim, Amacher, and Iskandar (1990).

6.2 Sensitivity Analysis
Several simulations were performed to illustrate the kinetic behavior of solute
retention as governed by the proposed second-order reaction. We assumed
a no-flow condition to describe time-dependent batch (sorption-desorption)
experiments. The problem becomes an initial-value problem where closedform solutions are available.
The retention results shown in Figure 6.1 illustrate the influence of the
rate coefficients (k1 and k2) on the shape of sorption isotherms (S versus
C). The parameters chosen were those of a soil initially devoid of solute
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FIGURE 6.1
Effect of rate coefficients on sorption isotherms using the second-order kinetic model. (From
H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of Heavy Metals in Soils. Boca
Raton, FL: CRC Press. With permission.)

(Ci = Si = 0 at t = 0) and a soil-to-solution ratio (ρ/Θ) of 1:10, which is commonly used in batch experiments. Since the amount sorbed was assumed to
be initially zero, larger values for k2 than k1 were selected in our simulations
to induce reverse (desorption) reactions.
As shown in Figure 6.1, after 2 days of reaction, isotherm A, where k1 and
k2 were 0.01 and 0.1 day–1, respectively, appears closer to the equilibrium isotherm than other cases shown. The equilibrium case was calculated using
Equation 6.9 and represents an isotherm at t → 4 for a soil having values of
k1 and k2 that are extremely large. Isotherms B and C represent cases where
both k1 and k2 values were reduced in comparison to those for isotherm A, by
one and two orders of magnitude, respectively. For both cases, the isotherms
deviate significantly from the equilibrium case. It is apparent from curve C
that 2 days of reaction is insufficient to attain equilibrium and a sorption
maximum is not apparent from the shape of the isotherm. Moreover, it is perhaps possible to consider a linear-type isotherm for the concentration range
shown. However, as much as 100 days or more of reaction time is necessary
to achieve apparent equilibrium conditions. This is illustrated in Figure 6.2,
where the influence of time of reaction using the second-order model is
shown.
The influence of the sorption maxima (Smax) on the retention isotherms
is shown in Figure 6.3. The parameters selected were similar to those of
Figure 6.2 except that a contact time of 10 days was chosen. As expected, the
isotherms reached their respective maxima at lower C values with decreasing
Smax. The results of Figure 6.3 also indicate a steep gradient of the retention
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FIGURE 6.2
Effect of time of retention on sorption isotherms using the second-order kinetic model. (From
H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of Heavy Metals in Soils. Boca
Raton, FL: CRC Press. With permission.)
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FIGURE 6.3
Effect of total number of sites (Smax) on the shape of sorption isotherms using the second-order
kinetic model. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of Heavy
Metals in Soils. Boca Raton, FL: CRC Press. With permission.)
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FIGURE 6.4
Effluent concentration distributions for different initial concentrations (Co) using the secondorder model. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of Heavy
Metals in Soils. Boca Raton, FL: CRC Press. With permission.)

isotherms in the low concentration range. Such a retention behavior has been
observed by several scientists for a number of reactive solutes. The simulations also illustrate clearly the influence of the sorption maxima on the
overall shape of the isotherms. The influence of other parameters such as F,
k3, and k4 on retention kinetics can be easily deduced and is thus not shown.
Figures 6.4, 6.5, and 6.6 are selected simulations that illustrate the transport of a reactive solute with the second-order model as the governing retention mechanism. The parameters selected for the sensitivity analysis were
ρ = 1.25 g cm–3, Θ = 0.4 cm3 cm–3, L = 10 cm, Ci = 0, Co = 10 mg L–1, F = 0.50,
and Smax = 200 mg kg–1. Here we assumed a solute pulse was applied to a

Smax = 50 mg kg–1
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FIGURE 6.5
Effluent concentration distributions for different Smax values using the second-order model.
(From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of Heavy Metals in Soils.
Boca Raton, FL: CRC Press. With permission.)
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FIGURE 6.6
Effluent concentration distributions for different flux (v) values using the second-order model.
(From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of Heavy Metals in Soils.
Boca Raton, FL: CRC Press. With permission.)

fully water-saturated soil column initially devoid of a particular reactive
chemical of interest. In addition, a steady water-flow velocity (q) was maintained constant with a Peclet number P (= q/Θ D) of 25. The length of the
pulse was assumed to be three pore volumes, which was then followed by
several pore volumes of a reactive chemical-free solution. The rate coefficients
selected were 0.01, 0.1, 0.001, and 0.01 day–1 for k1, k2, k3, and k4, respectively.
As a result, the equilibrium constants ω1 and ω2 for sites 1 and 2, respectively,
were identical.
Figure 6.4 shows breakthrough curves (BTCs), which represent the relative
effluent concentration (C/Co) versus effluent pore volume (V/Vo), for several
input Co values. The shape of the BTCs is influenced by the input solute concentration and is due to the nonlinearity of the proposed second-order retention
mechanism. The simulated results also indicate that for high Co values the BTCs
appear less retarded and have sharp gradients on the desorption (or right) side.
In contrast, for low Co values the general shape of the BTCs appear to be kinetic
in nature. Specifically, as Co decreases, a decrease in maximum or peak concentrations and extensive tailing of the desorption side of the BTCs can be observed.
The influence of the total number of (active) sites (Smax) on the BTC is clearly
illustrated by the cases given in Figure 6.5. Here the value of Co was chosen
constant (Co = 10 mg L–1). The BTCs show that an order of magnitude increase
in Smax (from 50 to 500 mg ≅ kg–1) resulted in an approximately three pore
volume shift in peak position. In addition, for high Smax values extensive tailing and an overall decrease of effluent concentrations (C/Co) were observed.
The influence of the flow velocity (q) on the shape of the BTC is somewhat
similar to that of the rate coefficients for retention provided that the Peclet
number (P) remains constant. This is illustrated by the simulations shown
in Figure 6.6 for a wide range of flow velocities. For q = 40 cm day–1, the
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retention reactions associated with type 1 sites were not only dominant but
also closer to local equilibrium than those for type 2 sites (results not shown).
This is a direct consequence of the limited solute residence time encountered
when the fluid flow velocity is exceedingly high. Type 2 sites, which may
be considered highly kinetic, were far removed from equilibrium such that
only a limited amount of solute was retained from the soil solution. Under
such conditions, the number of available sites (ϕ) remains high and the retention capacity of the soil matrix is therefore not achieved. In fact, for q = 40
cm/day, the BTC describes closely a one site retention mechanism as indicated by the low retardation and lack of tailing of the desorption side. As the
flow velocity decreases the solute residence time increases and more time is
available for the highly kinetic type 2 sites to retain solute species from the
soil solution. In addition, for extremely small velocities the BTC should indicate maximum solute retention during transport. This probably resembles
the BTCs with q = 0.1 cm/day, which indicates the highest solute retardation
shown. For intermediate velocities (q from 1 to 10), however, the respective
BTCs indicate relatively moderate degrees of retardation as well as tailing,
which is indicative of kinetic retention mechanisms.
In the BTCs shown in Figures 6.4, 6.5, and 6.6 the irreversible retention mechanism for reactive chemical removal (via the sink term) was ignored. The influence
of the irreversible kinetic reaction (e.g., precipitation) is a straightforward one as
shown in Figure 6.7. This is manifested by the lowering of solute concentration
for the overall BTC for increasing values of ks. Since a first-order reaction was
assumed the lowering of the BTC is proportional to the solution concentration.
In previous BTCs, the sensitivity of model predictions (output) of the
second-order approach to selected parameters was discussed. It is convenient, however, to assess model sensitivity using dimensionless parameters

1.0
ks = 0 hr–1

0.8
C/Co

0.05
0.10

0.6
0.4
0.2
0

0

1

2

3

4

5
V/Vo

6

7

8

9

10

FIGURE 6.7
Effluent concentration distributions for values of the irreversible rate coefficient (ks) using the
second-order model. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of
Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)
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FIGURE 6.8
Effluent concentration distributions for different values of the parameter Ω of the second-order
model. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of Heavy Metals in
Soils. Boca Raton, FL: CRC Press. With permission.)

such as those defined by Equations 6.17 to 6.22. The use of dimensionless
parameters offers a distinct advantage over the use of conventional parameters since they provide a wide range of application as well as further insight
on predictive behavior of the model. Figures 6.8 to 6.10 are simulations that
illustrate the transport of a reactive solute with the second-order model for
selected dimensionless parameters. Unless otherwise indicated the values
for the dimensionless parameters Ω, κ1, κ2, κ3, κ 4, F, κs, P, and Tp were 5, 1, 1,
0.1, 0.1, 0, 0.5, 25, and 1, respectively.
Figure 6.8 shows BTCs of a reactive solute for several values of Ω. The figure indicates that the shape of the BTCs is influenced drastically by the value
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FIGURE 6.9
Effluent concentration distributions for different values of rate coefficients (κ1, κ2, κ3, and κ4)
using the second-order model. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and
Transport of Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)
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FIGURE 6.10
Effluent concentration distributions for different values of the fraction of sites F using the
second-order model. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of
Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)

of Ω. This is largely due to the nonlinearity of the proposed second-order
retention mechanism. As given by Equation 6.26, Ω represents the ratio of
total sites (Smax) to input (pulse) solute concentration (Co). Therefore, for small
values of Ω (e.g., Ω = 0.1), the simulated BTC is very similar to that for a
nonretarded solute due to the limited number of sites (Smax) in comparison
to Co. In contrast, large values of Ω resulted in BTCs that indicate increased
retention as manifested by the right shift of peak concentration of the BTCs.
In addition, for high Ω, extensive tailing as well as an overall decrease of
effluent concentration were observed.
The effect of the dimensionless reaction rate coefficients (κ1, κ2, κ3, and κ4)
of the two-site model on solute retention and transport is illustrated by the
BTCs of Figure 6.9 where a range of rate coefficients differing by three orders
of magnitude were chosen. For the BTCs shown, the rate coefficients for type
2 sites were chosen to be one order of magnitude smaller than those associated with type 1 sites. These BTCs indicate that, depending on the values of
κ1, κ2, κ 3, and κ4, two extreme cases can be illustrated. For large values of κ,
rapid sorption-desorption reactions occurred for both type 1 and type 2 sites.
Rapid reactions indicate that the retention process is less kinetic and BTCs
can approximate local equilibrium conditions in a relatively short contact
time. Examples are those of curves C and D. In contrast, for extremely small
values of κ1, κ2, κ3, and κ4 (or small residence time), little retention takes place
and the shape of the BTC resembles that for a nonreactive solute (see curve
A). The behavior of all illustrated BTCs is consistent with those for first-order
kinetic and for two-site nonlinear equilibrium-kinetic reactions.
Figure 6.10 shows BTCs for several values of the fraction of sites parameter
F. There are similar features between the BTCs of Figures 6.8 and 6.9 and
those illustrated in Figure 6.10. For F = 1, all the sites are type 1 sites which
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we designated earlier as those sites of strong kinetic influence due to their
large values of κ1 and κ2. As the contribution of type 2 sites increases (or F
decreases), the shape of the BTCs becomes increasingly less kinetic with significant decreases in the amount of solute retention.

6.3 Experimental Data on Retention
The second-order model (SOM) was applied by Selim and Amacher (1988)
and Amacher and Selim (1994) to describe batch and miscible displacement data sets for Cr(VI) retention and transport in three different soils.
Furthermore, they attempted, whenever possible, to utilize parameters that
were either independently measured or estimated by indirect means. The
parameters that were estimated included the adsorption maximum Smax, the
fraction of sites F, and the kinetic rate coefficients associated with the reversible and irreversible mechanisms.
Retention data sets for Cr(VI) by three soils (Cecil, Olivier, and Windsor soils)
after 336 h of reaction (Figure 6.11) were used to arrive at independent estimates
of Smax and F. Specifically, the two-site Langmuir equation (6.12) was used to
describe Cr(VI) retention results using a nonlinear, least-squares, parameteroptimization scheme. It was assumed that the reactions between Cr(VI) in solution and the two types of sites had attained equilibrium in 336 h even though
small amounts of Cr(VI) were still being retained by the soil. The continuing
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FIGURE 6.11
Two-site Langmuir sorption curves for Cr(VI) retention by Olivier, Windsor, and Cecil soils
after 336 h of reaction. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of
Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)
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reaction between Cr(VI) in solution and the soil was ascribed to an irreversible reaction, which is included in the model (Equation 6.15). It is important
to realize that only the reactions of Cr(VI) with the two types of reaction sites
were assumed to attain equilibrium in 336 h. Overall retention had not reached
equilibrium because of the irreversible reaction. However, if the magnitude of
the irreversible term is small as is the case here, then reliable estimates of Smax
and F can be made, although the actual Smax is somewhat smaller. The statistical
results indicated a close approximation of the two-site Langmuir equation to
the experimental sorption isotherms shown in Figure 6.11.
Data sets of time-dependent retention of Cr(VI) by Olivier, Windsor, and
Cecil soils and for several input (initial) concentrations (Co) were used to provide estimates of the kinetic rate coefficients of the second-order approach.
Both Smax and F values previously obtained were used as model inputs and
nonlinear parameter optimization was used to estimate k1, k2, k3, k4, and ks.
Two versions of SOM were used: a three-parameter or a one-site version (k1,
k2, and ks) in which Smax was not differentiated into type 1 and type 2 sites
(F = 1) and a five-parameter or a two-site version (k1, k2, k3, k4, and ks) in which
two types of reaction sites were considered. For most values of Co, either the
three- or five-parameter versions described the data adequately, with high R 2
values and low parameter standard errors. The exception was the description of retention data for Olivier soil at high Co where the retention of Cr(VI)
was not highly kinetic and more scatter in experimental data was observed.
Model calculations and data for the Olivier, Windsor, and Cecil soils are
shown in Figures 6.12, 6.13, and 6.14, respectively.
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FIGURE 6.12
Time-dependent retention of Cr(VI) by Olivier soil. Closed squares are the data points and
solid lines are second-order model predictions for different initial concentration curves (Co = 1,
2, 5, 10, 25, 50, 75, and 100 mg @ L–1). (From H. M. Selim and M. C. Amacher. 1997. Reactivity and
Transport of Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)
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FIGURE 6.13
Time-dependent retention of Cr(VI) by Windsor soil. Closed squares are the data points and
solid lines are second-order model predictions for different initial concentration curves (Co = 1,
2, 5, 10, 25, 50, 75, and 100 mg @ L–1). (From H. M. Selim and M. C. Amacher. 1997. Reactivity and
Transport of Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)

If the fraction of type 1 sites is small as was the case with the Olivier and
Windsor soils, then their contribution to the kinetic solute retention curve
will be small and indistinguishable at high solute concentrations. For the
Cecil soil where the fraction of type 1 sites was significant (F = 0.224), the
five-parameter model version was superior to the three-parameter version
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FIGURE 6.14
Time-dependent retention of Cr(VI) by Cecil soil. Closed squares are data points and solid
lines are second-order model predictions for different initial concentration curves (Co = 1, 2,
5, 10, 25, 50, 75, and 100 mg @ L–1). (From H. M. Selim and M. C. Amacher. 1997. Reactivity and
Transport of Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)

174

Transport & Fate of Chemicals in Soils: Principles & Applications

at all values of Co except for Co = 1 mg L–1. Therefore, the applicability of the
five-parameter version to a wide range of solute concentrations was directly
related to the magnitude of the fraction of type 1 sites. As F increased (Olivier
< Windsor < Cecil), the concentration range over which the five-parameter
version provided a better description of the data than the three-parameter
version increased. The shapes of the experimental curves and model calculations (Figures 6.12, 6.13, and 6.14) are influenced by Co. At higher Co, retention
of Cr(VI) from solution was far less kinetic than at lower Co. This behavior is
as expected if the concentration of one or more reaction sites limits reaction
rates. At Co = 100 mg L–1 there were 4 mg of Cr(VI) available for reaction in the
40 mL of solution volume used in the experiment. The maximum possible
amounts of Cr(VI) that could be sorbed by the 4 g of each soil used in the
experiment were 1.9, 2.9, and 4.5 mg (solute weight basis) for Olivier, Windsor,
and Cecil soils, respectively. Thus, maximum possible Cr(VI) retention in the
Cecil soil was about equal to the amount of Cr(VI) available for retention,
but was much less in the Olivier and Windsor soils than the amount of Cr
available. Since the number of type 1 sites was much less than the total, their
contribution to the overall reaction is actually quite negligible at high solute
concentrations. The influence of Smax/Co or Ω (Ω = ρSmax/CoΘ) on solute retention during transport is illustrated in Figure 6.8.
In general the SOM approach well described the data sets shown in
Figures 6.12, 6.13, and 6.14. Moreover, the retention processes responsible
for Cr(VI) retention may include physical adsorption, formation of outeror inner-sphere surface complexes, ion exchange, surface precipitation, etc.
Furthermore, subsequent solute transformations on the soil surface or internal diffusion into soil particles may occur.

6.4 Experimental Data on Transport
Chromium BTCs from the miscible displacement experiments for all three
soils are shown in Figures 6.15, 6.16, and 6.17. For Cecil and Windsor soils
the measured BTCs appear to be highly kinetic, with extensive tailing. For
Olivier soil little tailing was observed and approximately 100% of the applied
Cr(VI) pulse was recovered. These results are consistent with the batch data
where the irreversible reaction parameter (ks) was found to be quite small.
In order to examine the capability of the SOM, the necessary model parameters must be provided. Values for the dispersion coefficients (D) were obtained
from BTCs of tracer data for 3H2O and 36Cl. Other model parameters such as ρ,
Θ, and q were measured for each soil column. In addition, values for Smax and F
used in describing Cr (VI) BTCs using the SOM were those derived from adsorption isotherms shown in Figure 6.11. Direct measurement of these parameters
by other than parameter-optimization techniques is not available. Moreover,
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FIGURE 6.15
Effluent concentration distributions for Cr(VI) in Olivier soil. Curves A, B, C, D, and E are predictions using the second-order model with batch rate coefficients for Co of 100, 25, 10, 5, and
1 mg/L, respectively (From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of
Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)

we utilized the reaction rate coefficients k1, k2, k3, k4, and ks as obtained from the
batch kinetic data in the predictions of Cr(VI) BTCs. In the following discussion, predicted curves imply the use of independently measured parameters in
model calculations as was carried out here using the batch-derived parameters.
The predicted BTCs shown in Figures 6.15, 6.16, and 6.17 were obtained
using different sets of rate coefficients (k1, k2, k3, k4, and ks) in the SOM. This
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FIGURE 6.16
Effluent concentration distributions for Cr(VI) in Windsor soil. Curves A, B, C, D, and E are
predictions using the second-order model with batch rate coefficients for Co of 25, 10, 5, 2, and
1 mg/L, respectively. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of
Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)
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FIGURE 6.17
Effluent concentration distributions for Cr(VI) in Cecil soil. Curves A, B, C, and D are predictions using the second-order model with batch rate coefficients for Co of 100, 50, 25, and 10
mg/L, respectively. (From H. M. Selim, and M. C. Amacher. 1997. Reactivity and Transport of
Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)

is because no single or unique set of values for these rate coefficients was
obtained from the batch data, rather a dependence of rate coefficients on
input concentration (Co) was observed. For all soils, several features of the
predicted BTCs are similar and indicate dependence on the rate coefficients
used in model calculations. Increased sorption during transport, lowering of
peak concentrations, and increased tailing were predicted when batch rate
coefficients from low initial concentrations (Co) were used.
Figures 6.15 to 6.17 shows that using batch rate coefficients at Co = 100 mg
L–1, which is the concentration of Cr(VI) in the input pulse, overestimated
Cr(VI) retention. Reasons for this overestimation, which has been observed
by other scientists, are not fully understood. Rate coefficients based on batch
experiments varied with Co, which would be expected for pseudo rate coefficients. Unless the concentrations of unaccounted for reaction components
remain relatively constant over the course of the experiment, rate coefficients will vary with Co because they implicitly include concentrations of
other reaction components. Much larger changes were observed in Cr(VI)
concentrations in column effluent (pulse input) than in the batch solutions.
Moreover, in the batch experiment reaction products are not removed and
the reaction is considered a closed system. In the column experiment, on the
other hand, solutes are continually displaced. Also, in batch experiments the
soil suspension is continuously shaken, whereas in the miscible displacement column experiment fluid flow is dominant and no such agitation of
the solid phase occurs. Model parameters k1, k2, k3, and k4 did not vary over
the concentration range used in the batch experiment. Thus, a valid set of
rate coefficients from the batch experiment is readily available to cover the
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range of concentrations found in the miscible displacement experiment. The
only exception is for the irreversible parameter ks, which increased as the
input concentration (Co) increased.
For Olivier soil, predicted BTCs using the SOM indicate that the use of
batch rate coefficients from either Co of 10 or 25 mg L–1 provided surprisingly good overall descriptions of the experimental results (Figure 6.15). Less
than adequate predictions were obtained for the highly kinetic Cecil and
Windsor soils, however. In fact, no one set of batch rate coefficients successfully described both the adsorption and the desorption sides of Windsor or
Cecil BTCs. For both soils, closest predictions were realized using batch rate
coefficients from Co of 10 or 25 mg L–1. This is a similar finding to that based
on the predictions for Olivier soil.
6.4.1 Modified Second-Order Approach
A major modification of the second-order model (SOM) approach was introduced by Ma and Selim (1994, 1998) where few model parameters are required.
The primary difference of the modified approach from that of the original
second-order formulation presented earlier is the assumption that vacant sites
are equally accessible and can thus be occupied by either S1 or S2. That is, S1
and S2 can compete for the unoccupied adsorption sites regardless of whether
they are type 1 or type 2 sites. Therefore, it is assumed that adsorption sites
are related and affected by each other and adsorption of one species may
block the adsorption sites of the other type. In other words, the total adsorption sites (Smax) were not partitioned between S1 and S2 phases based on a fraction of sites F. Instead, it is now assumed that the vacant sites are available
to both types of sites and F is no longer required and the amount of solute
adsorbed on each type of sites is only determined by the rate coefficients associated with each type of sites. As a result, sites associated with fast reactions
will compete for available sites before slow sites are filled. Such mechanisms
are in line with observations where rapid (equilibrium type) sorption is first
encountered followed by slow types of retention reactions. Therefore, based
on the above, we defined ϕ (μg g–1) as the number of vacant sites, which is
dependent on the number of sites occupied by S2 and S2 such that:
φ = Smax − S1 − S2

(6.33)

and governing kinetic expressions for the rate of reactions for solutes present
in the soil solution phase (C) for the type 1 and type 2 sites may be written as:
ρ

∂S1
= k 1 Θ φ C − k 2 ρ S1
∂t

for type 1 sites

(6.34)

ρ

∂S2
= k 3 Θ φ C − k 4 ρ S2
∂t

for type 2 sites

(6.35)
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At large time (t → ∞) when both sites achieve local equilibrium yield the
following expressions hold. For type 1 sites:
k 1 Θ φ C − k 2 ρ S1 = 0, or

S1 Θ k 1
= ω1
=
φ C ρ k2

(6.36)

S2 Θ k 3
= ω2
=
φ C ρ k4

(6.37)

and for type 2 sites:
k 3 Θ φ C − k 4 ρ S2 = 0, or

Here ω1 and ω2 represent equilibrium constants for the retention reactions
associated with type 1 and type 2 sites, respectively. These formulations are
analogous to expressions for the original second-order formulation, excepting that ω1 and ω2 are functions of the vacant sites ϕ.
In the following analysis we followed similar overall structure for the secondorder formulation to that described earlier where three types of retention sites
are considered with one equilibrium-type site (Se) and two kinetic-type sites,
S1 and S2. Therefore, we have ϕ now related to the sorption capacity (Smax) by:
Smax = φ + Se + S1 + S2

(6.38)

The governing retention reactions can be expressed as (Ma and Selim, 1998):
ρSe = K d Θ C φ
∂S1
= k 1 Θ φ C − k 2 ρ S1
∂t

(6.40)

∂S2
= k 3 Θ φ C − ρ ( k 4 + k 4)S2
∂t

(6.41)

∂Sirr
= ks Θ C
∂t

(6.42)

ρ
ρ

(6.39)

ρ

The unit for Ke is cm3 μg–1, k1 and k3 have a derived unit of cm3 μg–1 h–1; k2,
k4, k5, and ks are assigned a unit of h–1.

6.5 Experimental Data on Retention
The input parameter Smax of the second-order model is a major parameter and represents the total sorption of sites. Smax, which is often used
to characterize reactive chemical sorption, can be quite misleading if the
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experimental data do not cover a sufficient range of solution concentration and if other conditions such as the amounts initially sorbed prevail
(Houng and Lee, 1998). In an arsenic adsorption study, Selim and Zhang
(2007) used Smax in the SOM based on average values as determined from
the Langmuir isotherm equation. This is a simple approach to obtain Smax
estimated when a direct measurement of the sorption capacity is not available. Figures 6.18 to 6.21 show simulated adsorption results using the SOM
based on two model versions for three different soils. Based on visual
observations of the overall fit of the model to the experimental data, the
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FIGURE 6.18
Experimental results of As(V) concentration in soil solution for Windsor soil versus time for
all values of Co. Dashed curves were obtained using the multireaction model with concurrent
(top figure) and consecutive (bottom figure) irreversible reactions.
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FIGURE 6.19
Experimental results of As(V) concentration in soil solution for Windsor soil versus time for all
values of Co. Dashed curves were obtained using the second-order model with concurrent (top
figure) and consecutive (bottom figure) irreversible reactions.

SOM provided good overall predictions of the kinetic adsorption data for
arsenic.
The question arises whether SOM model improvements can be realized
when one relaxes the assumption of the use of Langmuir Smax and utilizes
parameter optimization to arrive at a best estimate of the rate coefficients (e.g.,
k1, k2, and kirr or k3, k4, and k5) as well as Smax. Based on these results, Selim and
Zhang (2007) concluded that the use of Langmuir Smax as an input parameter provided good predictions of the adsorption results. Moreover, retention kinetics predictions of As(V) shown are in agreement with the biphasic
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FIGURE 6.20
Experimental results of As(V) concentration in soil solution for Olivier soil versus time for all
values of Co. Dashed curves were obtained using the second-order model with concurrent (top
figure) and consecutive (bottom figure) irreversible reactions.

arsenic adsorption behavior observed on several soil minerals (Fuller et al.,
1993; Raven, Jain, and Loeppert, 1998; Arai and Sparks, 2002) as well as whole
soils (Elkhatib, Bennett, and Wright, 1984; Carbonell-Barrachina et al., 1996)
over different time scales (minutes to months).
A comparison of the multireaction (MRM) and second-order (SOM) models for their capability to predict arsenic concentration with time is given in
Figure 6.22. Selim and Zhang (2007) found that several model versions fit
the data equally well, but the sorption kinetics prediction capability varied
among the soils investigated. MRM was superior to SOM and the use of irreversible reactions for the model formulations was essential. They also found

182

Transport & Fate of Chemicals in Soils: Principles & Applications

Arsenic Concentration (mg/L)

80

SOM Model
with Concurrent Irreversible Reaction

60

40

Co = 100 mg/L

20

80

0

40
20
0

50

100

150

200 250 300
Time, Hours

350

400

450

500

Sharkey Soil

SOM Model
with Consecutive Irreversible Reaction

100
Arsenic Concentration (mg/L)

Sharkey Soil

80
60
Co = 100 mg/L

40
20

80

0

40
20
0

50

100

150

200 250 300
Time, Hours

350

400

450

500

FIGURE 6.21
Experimental results of As(V) concentration in soil solution for Sharkey soil versus time for
all values of Co. Dashed curves were obtained using the second-order model with concurrent
(top figure) and consecutive (bottom figure) irreversible reactions.

that incorporation of an equilibrium sorbed phase into the various model
versions for As(V) predictions should be avoided.
The success of the SOM approach in describing As(v) retention results
is significant since the SOM formulation described in this chapter has not
been applied to metalloid elements like arsenic. Previous use of the SOM
formulation, which included a partitioning of the sites, indicated that for
Cr and Zn the rate coefficients were highly concentration dependent (Selim
and Amacher, 1988; Hinz, Buchter, and Selim, 1992). Selim and Ma (2001)
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FIGURE 6.22
Experimental and predicted As(V) concentration versus time for Olivier and Sharkey soil and
several input (initial) concentrations (Co). Predictions were obtained using the multireaction
and second-order models.

successfully utilized the SOM model to describe Cu adsorption as well as
desorption or release following sorption. They concluded that the use of consecutive irreversible reactions (ks in Figure 6.1) provided improvements in
the description of the kinetic sorption and desorption of Cu compared to the
concurrent irreversible reaction (kirr). This finding is contrary to that from
this study for arsenic adsorption for all three soils. Such contradictions are
not easily explained and are thus a subject for future research.
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6.6 Experimental Data on Transport
In the first example, Zhang and Selim (2011) investigated the capability of
SOM in describing the mobility and reactivity of arsenite in two different
soils. Results from their miscible displacement experiments indicated that
for both soils, arsenite BTCs exhibited strong retardation, with diffusive
effluent fronts followed by slow release or tailing during leaching. They also
found that SOM, which accounts for equilibrium, reversible, and irreversible retention mechanisms, well described arsenite transport results from
the soil columns. Figures 6.23 and 6.24 are examples of predictions based on
several versions of the SOM for Windsor and Olivier soils. Based on these
results, Zhang and Selim (2011) argued that the transport patterns of arsenite
in these soils are indicative of dominance of kinetic retention during transport in soils. Zhang and Selim (2011) concluded that based on inverse and
predictive modeling results, the SOM successfully depicted arsenite BTCs
from several soil columns and is thus recommended for describing arsenite
transport in soils.
In the second example, Elbana and Selim (2012) carried out miscible displacement column experiments and batch adsorption to assess Cu mobility
and reactivity in calcareous soils. A second objective was to examine the
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FIGURE 6.23
Comparison of second-order model simulations using several model versions for describing
the arsenite breakthrough curve (BTC) from Windsor soil.
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FIGURE 6.24
Comparison of second-order model simulations using several model versions for describing
the arsenite breakthrough curve (BTC) from Olivier soil. The arrow indicates pore volumes
when flow interruptions occurred.

prediction capability of SOM in describing Cu mobility in strongly reactive
calcareous soils. The strongest Cu retention was observed in the surface
soil layer having 2.76% CaCO3 in comparison to the subsurface layer having
1.18% CaCO3. Based on the Cu BTC results shown in Figure 6.25, recovery
in the effluent was only 27% of that applied. Such low Cu recovery in the
effluent was not surprising for this calcareous surface soil. In contrast Cu
recovery was 60% of that applied for the subsurface soil. Rodriguez-Rubio
et al. (2003) suggested that Cu was preferentially retained in calcareous soils
through precipitation of CuO, Cu2(OH)2CO3, or Cu(OH)2 and by adsorption
on soil carbonates. Elzinga and Reeder (2002) used extended x-ray absorption fine-structure (EXAFS) spectroscopy to characterize Cu adsorption
complexes at the calcite surface. They observed that Cu occupied Ca sites in
the calcite structure, and formed inner-sphere Cu adsorption complexes at
calcite surfaces. EXAFS results revealed that the precipitation of malachite
(Cu2(OH)2CO3) did not take place in Cu/calcite suspensions at Cu concentration of 5.0 μM and 10.0 μM.
The solid curves in Figure 6.25 are simulations using the SOM model.
Comparison of calculated BTCs and measured Cu effluent concentrations
illustrates the capability of the SOM model in predicting Cu mobility in
the surface and subsurface columns. Simulations using a linear model are
also given in Figure 6.25, indicated by the dashed curves. The linear model
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FIGURE 6.25
Breakthrough results of Cu from surface soil (top) and subsurface soil (bottom). Solid curves are
simulations using the second-order model. Dashed curves represent linear model predictions.

used by Elbana and Selim (2012) is also described by Toride, Leij, and van
Genuchten (1995). This analytical model was utilized to solve the inverse
problem based on the assumption of linear equilibrium sorption and an
irreversible reaction to account for strong Cu sorption. The linear model
used, which incorporates a first-order decay (sink) term, is
R

∂C
∂2 C
∂C
=D 2 −v
− µC
∂t
∂z
∂z

(6.43)

where R is a dimensionless retardation factor (R =1 + ρKd/ϕ), and Kd is a partitioning coefficient (mL g–1). In Equation 6.44 the term R accounts for linear
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FIGURE 6.26
Breakthrough results of Cu and Ca from the surface soil after removed of carbonate. Solid
curves are simulations using the second-order model. The dashed curve represents linear
model predictions.

equilibrium sorption. The rate coefficient μ (h–1) associated with the sink
term (μC) captures irreversible retention (or removal) of a chemical directly
from the soil solution based on first-order kinetics. The simulations shown
indicate early arrival of the Cu BTCs and failure to describe the tailing of the
leaching right side of the BTCs. In addition, concentration peak maxima of
the BTCs were underestimated.
Elbana and Selim (2012) investigated the influence of the removal of carbonates from the surface soil on Cu mobility, illustrated by the BTC shown
in Figure 6.26. The BTC is characterized by early arrival of Cu in the effluent (three pore volumes) and peak concentration C/Co of 1.0. Moreover, 87%
of the applied Cu was recovered in the effluent solution. In contrast only
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FIGURE 6.27
Copper sorbed versus column depth based on soil extractions. Solid and dashed curves represent second-order and linear model predictions, respectively. Symbols are experimental measurements and represent different replications.

27% was recovered when carbonates were not removed. Good description of
the BTC was obtained using the SOM. In addition, use of the linear model
provided good overall description of the BTC although it failed to describe
the slow release of Cu during leaching. The capability of SOM in describing
the distribution of Cu retained versus soil depth following the termination
of the miscible displacement experiments is illustrated in Figure 6.27. The
amount of Cu retained ranged from 13.60 to 24.65 mmol kg–1. As expected,
when the carbonates were removed, a low amount of Cu was retained in the
soil (<3.5 mmol kg–1). In general, the amount of Cu retained by each soil is
reflected by the amount leached or recovered in the effluent solution. Sorbed
Cu versus depth using the SOM and linear models are given by the solid and
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dashed curves, respectively. Simulated results showed good predictions of
Cu distribution for the surface soil when the carbonates were removed. In
contrast, poor predictions were realized for the surface when carbonate was
not removed.
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7
Competitive Sorption and Transport
Over the last three decades, several studies were carried out to identify the
dominant mechanisms controlling the fate and overall behavior of heavy
metals in the soil-water environment. Most investigations focused on
describing the sorption and transport of heavy metals under field conditions
and in laboratory and greenhouse experiments. Adsorption-desorption on
the surface of solid minerals and organic matters is one of the dominant
reactions impacting the fate and transport of heavy metals in soils. Most
efforts focused on describing the transport and retention of one heavy metal
species only. Such an assumption implies that all other interactions that
occur in the soil do not greatly influence the behavior of the heavy metal
species under consideration. This simplification is unrealistic and does not
represent the soil environment, which contains many chemical species having various interactions.
It is generally accepted that competing ions strongly affect heavy metal
retention and release in soils. Industrial waste and sewage sludge disposed
of on land often contain appreciable amounts of heavy metal such as Cu,
Zn, Cd, and Ni and thus create a risk for croplands, as well as animals and
humans. In most cases, soil contamination involves several heavy metals,
that is, a multiple-component system. In fact, competition among heavy
metal species present in the soil solution for available adsorption sites on
soil matrix surfaces is a commonly observed phenomenon (Murali and
Aylmore, 1983; Kretzschmar and Voegelin, 2001, among others). Competitive
adsorption and desorption processes of heavy metals in minerals and soil
organic matter have significant effects on their fate and mobility in soils and
aquifers. The selective sorption among competing heavy metal ions may
greatly impact their bioavailability in soils (Gomes, Fontes, and da Silva,
2001). Enhanced mobility as a result of competitive sorption has been often
observed for several trace metal contaminants in soils.
The adsorption of heavy metal by clay minerals, metal oxides, and organic
materials has generally been explained with two types of reaction mechanisms: (1) ion exchange in the diffuse layer as a result of electrostatic force
and (2) surface complexation through the formation of strong covalent bonds
between heavy metal ions and specific reaction sites on the surfaces of minerals or organic matters. The ion exchange reaction is also referred to as
nonspecific sorption and the surface complexation is referred to as specific
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sorption (Sposito, 1994; Sparks, 1998). A variety of models have been developed with the specific goal of predicting competitive sorption behavior of
heavy metals in soils. Equilibrium ion exchange models and surface complexation models were incorporated into geochemical models to simulate
the reactions among multiple heavy metals in the soil-water environment
(Allison, Brown, and Novo-Gradac, 1991; Parkhurst and Appelo, 1999). Such
models were used to simulate, with varying degrees of success, the competitive sorption and transport of several heavy metals in soils and aquifers (e.g.,
Smith and Jaffe, 1998; Serrano et al., 2005). However, geochemically based
models require a detailed description of the chemical and mineral composition of solution and porous media, as well as numerous reaction constants.
In fact, several of the required parameters are either unavailable or unreliable under most conditions (Goldberg and Criscenti, 2008). Moreover, the
inherent heterogeneity of natural porous media often impedes the application of chemical reaction based models. As a result, sorption reactions are
frequently simulated using empirical models of the equilibrium type, such
as the Freundlich and Langmuir.
In contrast to empirical models, in most geochemical models, sorption
processes are often considered as instantaneous where equilibrium conditions are attained in a relatively short time (minutes or several hours).
Traditionally, heavy metal sorption studies have been carried out based on
batch equilibration experiments within a short period of reaction time (hours
or days). In recent years, numerous studies have demonstrated the lack
of reaction equilibrium of contaminants in soils (Selim, 1992). Laboratory
experiments using kinetic approaches have demonstrated that sorption of
most reactive chemicals in soils was time dependent at various time scales
(Selim and Amacher, 1997). For several heavy metals, a slow but significant
reaction phase may exist due to (1) the transport of ion species from bulk
solution to the reaction sites on mineral surfaces and (2) chemical kinetics
of reactions such as ion exchange, formation of inner-sphere surface complexes, precipitation into distinct solid phases, or surface precipitation on
minerals. According to Sparks (1998), the kinetics of adsorption-desorption
need to be considered for accurate simulation of the fate of heavy metals in
the soil-water environment.

7.1 Transport Equation
Competitive sorption of interacting ions often results in complex breakthrough patterns during their transport in soils and geological media.
Therefore, describing heavy metal transport requires retention models
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that account for their governing mechanisms. The one-dimensional reactive-convective-dispersive transport equation is the most frequently used
model for describing the transport of dissolved chemicals in soils (Selim,
1992).
∂θCi
∂S
∂
∂C ∂qCi
+ρ i =
θD i −
∂z
∂t
∂t ∂ z
∂z

(7.1)

where Si is the amount of adsorption (mg kg–1), Ci is the dissolved concentration (mg L–1), i indicates the ith component in the system, D is the
dispersion coefficient (cm2 h–1), θ is the soil moisture content (cm3 cm–3),
ρ is the soil bulk density (g cm–3), z is distance (cm), and t is reaction time
(h). Retention reactions of a solute from the soil solution by the matrix of
soils and geological media is accounted for by the term ( ∂∂Sti ) in Equation
7.1 and can be quantified based on several approaches. A number of transport models simulate heavy metal sorption based on the local equilibrium
assumption (LEA). Here one assumes that the reaction of an individual
solute species in the soil is sufficiently fast and that an apparent equilibrium may be observed in a time scale considerably shorter than that of
the transport processes. The local equilibrium assumption is the basis for
several commonly used models, including ion-exchange, surface complexation, Freundlich, and Langmuir models. A discussion of the various models from the perspective of competitive sorption and transport is given in
subsequent sections. In contrast to the LEA, for most heavy metals timedependent retention in soils has been commonly observed, as discussed in
previous chapters. As a result, a number of formulations were introduced
to describe their kinetic sorption behavior in soils. Examples of kinetic
models include the first-order, Freundlich kinetic, irreversible, and secondorder models. Commonly used equilibrium and kinetic models are summarized in Table 7.1.
Another class of models is that of the multireaction, multistep, or multisite equilibrium-kinetic models. Basic to multireaction and multisite
models is that the soil is a heterogeneous system with different constituents (clay minerals, organic matter, Fe and Al oxides, carbonates, etc.),
with sites having different affinities/energies for heavy metal sorption.
Therefore, a heavy metal species is likely to react with various constituents (sites) by different mechanisms. As a result, a single equilibrium
or chemical kinetic reaction is unlikely to be the dominant mechanism
in heterogeneous soils, which are made of multiple sites having different energies for heavy metal sorption. In subsequent sections, multireaction and multisite models and simulations in competitive systems are
presented.
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TABLE 7.1
Competitive Equilibrium and Kinetic Retention Models
Model

Formulation

α i, j Cj 

j=1

ni − 1

Sheindorf-Rebhun-Sheintuch (SRS) equilibium model


Si = K iCi 


Sheindorf-Rebhun-Sheintuch (SRS) kinetic model


∂(S1 )i
θ
= k1, i Ci 
∂t
ρ 

Competitive Langmuir equilibium model

K i Ci
Si
=
Smax
1 + ∑ j K j Cj

Competitive Langmuir kinetic model

∂Si
θ 
= (λ f )i Ci  Smax −
∂t
ρ 

l

∑


α i , jC j 

j=1
l

∑

Vanselow ion exchange

v

 * νj   (ζ ) νj 
( ai )  j
K ij = 

νi 
 a*j   (ζ j ) νi 

Gaines and Thomas ion exchange

G

K ij =

Rothmund-Kornfeld ion exchange

( si)νj
=
( s j)νi

Elovich ion exchange

∂Si
= a e − BSi
∂t

Factional power model

Si = κtβ

Parabolic diffusion model

4
Si
=
(Seq )i
π

ni − 1

− k2, i (S1 )i



l

∑ S  − (λ ) S
j

b i

i

i=1

( )

νj

( γ j ) νi  si   s j 
( γ i ) νj  C i   C j 
R

 (c i)νj 
K ij 
νi 
 (c j) 

vi

n

Dm t Dm t
− 2
r
r2

7.2 Equilibrium Ion Exchange
One of the earliest concepts of competition among the various ions in the
soil solution and those retained on matrix surfaces is that of ion exchange.
Here one assumes that a positive (or negative) ion in solution can exchange
with another ion retained on charged surfaces (Sparks, 2003). Ion exchange is
commonly considered an instantaneous process representing (nonspecific)
sorption mechanisms and as a fully reversible reaction between heavy metal
ions in the soil solution and those retained on charged surfaces of the soil
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matrix. In a standard mass action formulation, the exchange reaction for two
competing ions i and j, having valencies vi and vj, respectively, may be written as:
νj

T

K ij =

( a*i )
νi
( a*j)

(7.2)

where TKij denotes the thermodynamic equilibrium constant and α* (omitting the subscripts) are the ion activity in soil solution and on the exchanger
surfaces, respectively. Based on Equation 7.2, one can denote the parameter
vK as:
ij
v

K ij =

T

K ij

(7.3)

(ζ j )νj
(ζ j )νi

where vKij is the Vanselow selectivity coefficient and ζ the activity coefficient
on the soil surface. It is recognized that in soils, ion exchange involves a wide
range of thermodynamically different sites. As a result, a common practice
is to ignore the activity coefficients of the adsorbed phase (ζ) in general. In
addition, the much simpler Gaines and Thomas (1953) selectivity coefficient
GK may be used, where:
ij
G

( γ j)νi  s i  νj  s j 
K ij =
( γ i)νj  C i   C j 

vi

(7.4)

This formulation is more conveniently incorporated into the dispersionconvection transport equation (7.1). In Equation 7.4, γi and γj are dimensionless solution-phase activity coefficients where a i = γ i C i . In addition, the
terms si and sj are dimensionless, representing the solid-phase concentrations expressed in terms of equivalent fraction, si = Si/Ω. Here the term Ω
is the cation exchange (or adsorption) capacity of the soil (mmolc kg–1 soil)
and Si is the concentration (mmolc kg–1) of adsorbed-phase soil. Although Ω
is often assumed as invariant, it is recognized that Ω has been observed to
be dependent on soil pH and the counterions present in the soil. Moreover,
there are several other ways to express the adsorbed-phase concentration on
a fractional basis, including as a molar rather than as an equivalent value.
For the simple case of binary homovalent ions, that is, vi = vj = v, and assuming similar ion activities in the solution phase (γi = γj = 1), Equation 7.3 can be
rewritten as:
 si   s j 
K ij =   /  
 Ci   C j 

(7.5)
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where Kij represents the affinity of ion i over j or a separation factor for the
affinity of ions on exchange sites. Rearrangement of Equation 7.5 yields the
following isotherm relation for equivalent fraction of ion 1 as a function of c1:
s1 =

K 12 c 1
1 + ( K 12 - 1) c 1

(7.6)

and c1 relative concentration (dimensionless) and CT (mmolc L–1) represent
the total solution concentration:
ci =

Ci
CT

and CT =

∑C

(7.7)

i

i

The respective isotherm equation for ion 2 (i.e., s2 versus c2) can be easily
deduced. This dimensionless isotherm relation is represented in Figure 7.1
for different values of K12. For K12 = 1, a linear isotherm relation is produced,
represented by the solid line in Figure 7.1. This clearly illustrates a 1:1 relationship between relative concentration in solution and that on the adsorbed
phase (i.e., s1 = c1). This also implies that the two ions 1 and 2 each have equal
affinity for the exchange sites. In contrast, for K12 different than 1, we have
nonlinear sorption isotherms. Specifically, for K12 > 1, sorption of ion 1 is
preferred and the isotherms are convex. For K12 < 1, sorption affinity is apposite and the isotherms are concave. Examples of homovalent ion exchange
isotherms are illustrated in Figure 7.2 for Ca-Mg in soils and clay mineral
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FIGURE 7.1
Exchange isotherms as affected by different values of selectivity coefficients (K12). (From H. M.
Selim, and M. C. Amacher. 1997. Reactivity and Transport of Heavy Metals in Soils. Boca Raton, FL:
CRC Press. With permission.)
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FIGURE 7.2
Exchange isotherms for Mg-Na, Ca-Mg, and Na-Ca on Sharkey soil (A) and bentonite-sand
mixture (B). Smooth curves are predictions obtained using the constant exchange selectivity
model.(From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of Heavy Metals in
Soils. Boca Raton, FL: CRC Press. With permission.)

systems (Gaston and Selim, 1990a, 1990b) and in Figure 7.3 for Cd-Ca in two
soils (Selim et al., 1992).
Examples of predictions of cation breakthrough curves (BTCs) using ion
exchange models compared to experimental data for Mg plus Na leached by
Ca in a Sharkey clay soil column is shown in Figure 7.4 (Gaston and Selim,
1990a). Breakthrough of Na was early and well described by the model.
Moreover, predictions of Ca and Mg results were equally well described.
Such predictions are somewhat surprising achievements of a simple transport model based on ion exchange.
Predicting cation transport in soils as shown in Figure 7.4 requires knowledge of several chemical and physical properties of the porous medium,
including, at a minimum, the cation-exchange capacity (CEC), exchange
selectivity coefficients, bulk density, and the dispersion coefficient. The
CEC and the physical properties are readily determined. Estimation of
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FIGURE 7.3
Cadmium-calcium exchange isotherm for Windsor and Eustis soils. Solid and dashed curves
are simulations using different selectivities (KCdCa). (From H. M. Selim and M. C. Amacher. 1997.
Reactivity and Transport of Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)

cation-exchange selectivities, however, typically requires development of
exchange isotherms. The experimental methods are laborious. If exchange
selectivities for reference materials could be used to obtain fairly accurate
predictions of cation movement in field soils, then it might be feasible to
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FIGURE 7.4
Breakthrough results for a ternary system (Na, Ca, and Mg) in a Sharkey clay soil. Solid curves
are predictions based on the equilibrium ion exchange transport model.
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FIGURE 7.5
Breakthrough results for ternary system (Na, Ca and Mg) in a Sharkey clay soil. Predictions are
based on ion exchange selectivity coefficients for bentonite clay.

broaden the database of land management decisions for agricultural production or waste disposal to include such predictions. The applicability of
selectivity parameters of a common type of mineral for prediction of cation motilities of soils having mineralogies dominated by similar minerals
showed success (see Gaston and Selim, 1990b, 1991). For example, transport model predictions based on selectivity coefficients of pure montmorillonite shown in Figure 7.2 well described cation leaching in columns of
bulk samples of predominantly montmorillonitic Sharkey soil as shown in
Figure 7.5. As reported by Gaston and Selim (1991) good cation predictions
were obtained for a predominantly kaolinitic Mahan soil when selectivity
coefficients were based on pure kaolinite.
Several studies indicated that the affinity of heavy metals to soil matrix
surfaces increases with decreasing heavy metal fraction on exchanger surfaces (Abd-Elfattah and Wada, 1981; Harmsen, 1977; Selim et al., 1992; Hinz
and Selim, 1994). Using an empirical selectivity coefficient, it was shown that
Zn affinity increased up to two orders of magnitude for low Zn surface coverage in a Ca background solution (Abd-Elfattah and Wada, 1981). Mansell
et al. (1988) successfully relaxed the assumption of constant affinities and
allowed the selectivity coefficients to vary with the amount adsorbed on
the exchange surfaces. The Rothmund-Kornfeld selectivity coefficient incorporates variable selectivity based on the amount of adsorbed or exchanger
composition. The approach is empirical and provides a simple equation that
incorporates the characteristic shape of binary exchange isotherms as a function of equivalent fraction of the amount sorbed as well as the total solution
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concentration in solution. Harmsen (1977) and Bond and Phillips (1990)
expressed the Rothmund-Kornfeld selectivity coefficient as:
( si)νj
=
( s j)νi

R

 (c i)νj 
K ij 
νi 
 (c j) 

n

(7.8)

where n is a dimensionless empirical parameter associated with the ion pair
i-j and RKij is the Rothmund-Kornfeld selectivity coefficient. The above equation is best known as a simple form of the Freundlich equation, which applies
to ion exchange processes. As pointed out by Harmsen (1977), the Freundlich
equation may be considered as an approximation of the Rothmund-Kornfeld
equation valid for si << sj and ci << cj, where:
si = R K ij (c i)n

(7.9)

The ion exchange isotherms in Figure 7.6 show the relative amount
of Zn and Cd adsorbed as a function of relative solution concentration
along with best-fit isotherms based on the Rothmund-Kornfeld equation
for two acidic soils (Hinz and Selim, 1994). The diagonal line represents
a non-preference isotherm (R Kij = 1, n = 1) where competing ions (Ca-Zn
or Ca-Cd) have equal affinity for exchange sites. The sigmoidal shapes of
the isotherms reveal that Zn and Cd sorption exhibit high affinity at low
concentrations, whereas Ca exhibits high affinity at high heavy metal concentrations. This behavior is well described by the Rothmund-Kornfeld
isotherm with n less than one. Isotherms in Figure 7.6 are consistent with
those of Bittel and Miller (1974), Harmsen (1977), and Abd-Elfattah and
Wada (1981). However, Abd-Elfattah and Wada obtained much larger
selectivities for low heavy metal concentrations on exchange surfaces compared to the results shown.

7.3 Kinetic Ion Exchange
Numerous studies have indicated that ion exchange is a kinetic process in
which equilibrium is not instantaneously reached. Observed kinetic or timedependent ion exchange behavior is most likely a result of the transport of
initially sorbed ions from exchange sites to the bulk solution and the reverse
process of the transport of replacing ion from bulk solution to exchange sites.
Specifically, the rate of ion exchange is dependent on the following processes:
(1) diffusion of ions in the aqueous solution, (2) film diffusion at the solidliquid interface, (3) intraparticle diffusion in micropores and along pore wall
surfaces, and (4) interparticle diffusion inside solid particles (Sparks, 1989).
Due to the complexity of the kinetic processes, over the last three decades
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FIGURE 7.6
Ion exchange isotherms of Cd-Ca and Zn-Ca for Olivier and Windsor soils (relative concentration (C/CT) versus the sorbed fraction (s/Ω). Solid and dashed curves are fitted using the
Rothmund-Kornfeld equation. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and
Transport of Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)

several kinetic rate formulations have been proposed. Such formulations
have been applied to describe sorption-desorption kinetic results for heavy
metal ions. The pseudo first-order or mass action model is perhaps the most
commonly used approach, where one assumes the kinetic rate is a function
of the concentration gradient on the exchange surfaces. For the exchangeable
amount S (omitting the subscript i) the rate equation can be expressed as
(Selim et al. 1992):
∂S
= α(Seq − S)
∂t

(7.10)

where α is an apparent rate coefficient (d–1) for the kinetic-type sites. For
large values of α, S approaches Seq in a relatively short time and equilibrium is rapidly achieved. In contrast, for small α, kinetic behavior should
be dominant for extended periods of time. Illustrative examples of utilizing
the kinetic ion exchange concept are presented in a later section. It should
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also be mentioned that expressions similar to the above model have been
used to describe mass transfer between mobile and immobile water in
porous media (Coats and Smith, 1964), as well as chemical kinetics (Parker
and Jardine, 1986).
Other kinetic expressions have also been employed to describe the kinetic
exchange of ions in mineral and soils. The parabolic diffusion model is based
on the assumption of diffusion controlled rate-limited processes in media
with homogeneous particle size. The parabolic diffusion equation was
derived from Fick’s second law of diffusion in a radial coordinate system.
S
4
=
(Seq )i
π

Dmt Dmt
− 2
r2
r

(7.11)

where r is the average radius of soil or mineral particle, and Dm is the molecular diffusion constant. The Elovich model is anther empirical kinetic retention model, which may be expressed as:
∂Si
= a e − BSi
∂t

(7.12)

where a is the initial adsorption rate and B is an empirical constant. Jardine
and Sparks (1984) have compared the first-order, parabolic diffusion, and
Elovich approaches described above to describe the kinetic exchange of K-Ca
in clay minerals and soils. They found that the pseudo first-order model provided the best overall goodness-of-fit of the experimental results. Recently,
a fractional power approach was introduced by Serrano et al. (2005) having
the form:
S = κtβ

(7.13)

where κ and β are empirical constants. They compared the overall sorption
kinetics of Pb and Cd for single and binary systems. Their results showed
that the simultaneous presence of the competing metal did not affect the
estimated apparent sorption rate, which indicated that the rate-limiting processes of the sorption of heavy metal ions were not impacted by the competing ions.

7.4 Examples
Several examples are given here to illustrate the capability of the competitive
model to describe heavy metals transport in soils. Figure 7.7 is an example of
Cd miscible displacement results for Eustis fine sandy soil from Selim et al.
(1992). The sequence of input solutions was 10 mmolc L–1 of Ca(NO3)2 followed
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Cd breakthrough curve 100 mg/L – eustis soil
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FIGURE 7.7
Measured (closed circles) and predicted breakthrough curves in Windsor soil column. Curves
are predictions using equilibrium and kinetic ion exchange with different α values. (From
H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of Heavy Metals in Soils. Boca
Raton, FL: CRC Press. With permission.)

by 1.786 mmolc L–1 Cd(NO3)2 then 10 mmolc L–1 of Ca(NO3)2 subsequently
added. As a result of changes in the total concentration (CT), a pronounced
snowplow effect was observed as shown in Figure 7.7. Here the measured
peak concentration was about five times the input Cd pulse. Moreover, use
of the ion exchange approach with the assumption of local equilibrium
adequately predicted the shape and location of the BTC, although the BTC
was somewhat more retarded than observed. The selectivity coefficient
(K12) used in the simulations shown in Figure 7.5 was equal to 7.1, indicating
equal affinity of Cd and Ca to the soil surface. It is clear that the use of the
kinetic ion exchange improved overall prediction of the BTC even though
this resulted in the lowering of peak concentrations. Therefore, the competitive ion exchange approach was capable of predicting the snowplow elution
of the Cd pulse from the soil column.
To further test the capability of the competitive model, two data sets from
multiple pulse applications are illustrated. Figures 7.8 and 7.9 are for Windsor
soil where Cd pulse applications were 10 and 100 mg L–1, respectively (Selim
et al., 1992). For all multiple pulses, the ion exchange approach well predicted
the position of the BTC peaks. In fact, the assumption of equilibrium ion
exchange adequately predicted the observed snow plow effect for the two
Windsor data sets. Good predictions were also obtained for peak maxima
for the 100 mg L–1 data set (Figures 7.8 and 7.9). Calculated BTCs shown in
these figures were obtained from input parameters that were independently
determined. Specifically, curve fitting of the data was not implemented
to obtain the predictions shown. The shape of the Cd peaks of Figures 7.8
and 7.9 are due in part to the concentration and width or the number of pore
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FIGURE 7.8
Measured (closed circles) and predicted breakthrough curves in Windsor soil column for three
Cd pulses of Co = 10 mg L–1. Curves are predictions using equilibrium and kinetic ion exchange
with different α values. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of
Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)

volumes of each input pulse (Selim et al., 1992). Lower peak concentrations
for 10 mg L–1 in comparison to 100 mg L–1 is perhaps related to the equivalent fraction of Cd on exchange surfaces for Windsor soil. In Figure 7.8, the
maximum C/Co increased from 0.9 to 1.6 and reached 3.0 for the third Cd
8
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α=5
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FIGURE 7.9.
Measured (closed circles) and predicted breakthrough curves in Windsor soil column for
three Cd pulses of Co = 100 mg L–1. Curves are predictions using equilibrium and kinetic ion
exchange with different α values. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and
Transport of Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)
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pulse. The first pulse (22.6 pore volumes) represents about 4% of the total
cation exchange in the soil column, and the second and third pulses (20.8
and 30.3 pore volumes) represent 4% and 6%, respectively. Selim et al. (1992)
postulated that applied Cd may occupy specific sorption sites on matrix surfaces. Therefore, irreversible Cd sorption could partly explain the fact that
only 80% of applied Cd was recovered in the effluent. For the Windsor BTCs
shown in Figure 7.9 (Co = 100 mg L–1), the first pulse alone was equivalent to
30% of the cation exchange capacity of the soil column and perhaps resulted
in higher peak maxima due to Ca-Ca ion exchange.
Examples of transport behavior of Zn when variable ionic strength (or CT)
conditions prevailed in the soil columns are presented in Figures 7.10 and 7.11
for two flow velocities (Hinz and Selim, 1994). Since the total concentration
4.0
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FIGURE 7.10
Zn and Ca breakthrough curves in Windsor soil column at variable ionic strength. Predictions
were based on equal affinity (K1 = 1) and the Rothmund-Kornfeld (RK) equation. (From H. M.
Selim and M. C. Amacher. 1997. Reactivity and Transport of Heavy Metals in Soils. Boca Raton, FL:
CRC Press. With permission.)
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FIGURE 7.11
Zn and Ca breakthrough curves in a Windsor soil column at variable ionic strength. Predictions
were based on equal affinity (K12 = 1) and the Rothmund-Kornfeld approach. (From H. M.
Selim and M. C. Amacher. 1997. Reactivity and Transport of Heavy Metals in Soils. Boca Raton, FL:
CRC Press. With permission.)

of the Zn and Cd input pulse solutions were much lower than that of the
displacing Ca solution, chromatographic peaks were observed after 13 pore
volumes. The BTCs were somewhat similar in shape except for earlier Zn
arrival at high flow velocity. Early appearance of Zn was well described by
the predicted BTC (dashed curves) where equal Ca-Zn exchange affinity was
assumed. In fact, the chromatographic effect for Ca and Zn was adequately
described by the equal affinity BTCs, for both flow velocities. However, the
tailing was not well predicted. Contrary to our expectations, the RothmundKornfeld equation predictions (solid curves), for both data sets, were disappointing. The extent of Zn retardation was overestimated by two to three
pore volumes (right shift). The opposite trend was observed for Ca, where
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FIGURE 7.12
Breakthrough results of Cu and Ca from Bustan-subsurface calcareous soil and Windsor acidic
soil. Multireaction transport model (MRTM) and kinetic ion exchange model simulations are
denoted by solid and dashed curves, respectively.

the BTCs were shifted to the left of experimental results. These predictions
are indicative of strong Zn affinity (compared to Ca) at low Zn concentrations based on parameter estimates of ion-exchange isotherms using the
Rothmund-Kornfeld approach.
Another example that illustrates the application of kinetic ion exchange
is that of Elbana and Selim (2011) for Cu transport in different soils (see
Figure 7.12). Here Cu solution was introduced in the form of a pulse into
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columns packed with different calcareous (Bustan) soils and a Windsor soil.
Although accurate prediction for Cu transport was not attained for both
soils, the assumption that Cu retention occurs via kinetic ion exchange cannot be ignored. The results presented in Figure 7.10 also illustrate the capability of the multireaction and transport model (MRTM) in predicting Cu
transport in different soils.

7.5 Competitive Freundlich Model
This model was originally developed by Sheindorf, Rebhun, and Sheintuch
(1981) and is commonly referred to as the Sheindorf-Rebhun-Sheintuch
(SRS) model. Here competitive or multicomponent sorption is assumed
to follow that for single-component sorption based on the Freundlich
equation:
S = K F Cb

(7.14)

The derivation of the SRS equation was based on the assumption of an exponential distribution of adsorption energies for each component. Specifically,
the SRS model was developed to describe competitive equilibrium sorption
for multicomponent systems where the sorption isotherms of single components follow the Freundlich equation. A general form of the SRS equation
can be written as:

Si = K iCi 


l

∑α
j=1

i, j


Cj 


ni −1

(7.15)

where the subscripts i and j denote metal components i and j, l is the total
number of components, and αi,j is a dimensionless competition coefficient
for the adsorption of component i in the presence of component j. The
parameters K i and ni are the Freundlich parameters representing a single
component system i as described in Equation 7.14. By definition, αi,j equals
1 when i = j. If there is no competition, that is, αi,j = 0 for all j ≠ i, Equation
7.15 yields a single-species Freundlich equation for component i identical to
Equation 7.14.
The suitability of the multicomponent SRS equation for describing the competitive adsorption isotherms of trace elements on soil and soil minerals has
been investigated by several researchers. A general procedure for applying
the SRS equation is first to obtain the Freundlich distribution coefficient K F
and reaction exponent b or n by fitting the single-component isotherms to the
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Freundlich equation, followed by estimating the competition coefficients αi,j
through fitting the experimental isotherms of binary and ternary mixtures
to the SRS equation (Roy, Hassett, and Griffin, 1986a). The competition coefficients αi,j in the SRS equation represent the relative selectivity of the sorbent
to the heavy metal species. It is demonstrated that the SRS equation with
competition coefficients estimated through nonlinear least squares optimization successfully describes the experimental competitive adsorption isotherms of Ni and Cd on three different soils (Liao and Selim, 2010). Gutierrez
and Fuentes (1993) employed the SRS equation to represent the competitive
adsorption of Sr, Cs, and Co in Ca-montmorillonite suspensions. They found
that the SRS competition coefficients αi,j obtained from experimental data
on binary mixtures successfully predicted the competitive adsorption of the
ternary mixture Sr-Cs-Co. Similarly, Bibak (1997) found that values of the
SRS competitive coefficients obtained from binary sorption experiments successfully predicted sorption data of the ternary solute mixture Cu-Ni-Zn.
The SRS equation was successfully used to describe competitive sorption of
Cd, Ni, and Zn on a clay soil by Antoniadis and Tsadilas (2007). In addition,
the SRS equation was also used by Wu et al. (2002) in representing the competitive adsorption of molybdate, sulfate, selenate, and selenite on γ-Al2O3
surface where relative affinity coefficients were used instead of competitive
coefficients. The relative affinity coefficients were calculated as the ratios of
the proton coefficients of competing anions. The simulation result showed
that the sorption affinity of anions on γ-Al2O3 surface decreased in the order
of MoO42– > SeO32– > SeO42– > SO42–.

7.6 Competitive Multireaction Model (CMRM)
The kinetic (time-dependent) sorption models of the Freundlich type given
were developed to simulate the sorption of solutes during their transport in
soils and aquifers (Selim, 1992). Zhang and Selim (2007) extended the equilibrium Freundlich approach to account for kinetic competitive or multiplecomponent systems. Specifically, the model accounts for equilibrium and
kinetic adsorption in a way similar to the SRS equation described above.
This model represents a modification of the multireaction and transport
model (MRTM), which accounts for equilibrium and kinetic retention of the
reversible and irreversible type as discussed in Chapter 5. MRTM accounts
for linear as well as nonlinear reaction processes of equilibrium and/or
kinetic (reversible and irreversible) type. The model version discussed here
is that with reversible as well as irreversible sorption of the concurrent and
consecutive type. Here Se represents the amount retained on equilibrium
sites (mg kg–1); S1 and S2 represent the amount retained on reversible kinetic
sites (mg kg–1); Ss represents the amount retained on consecutive irreversible
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sites (mg kg–1); and Sirr represents the amount retained on concurrent irreversible sites (mg kg–1). The retention reactions associated with the MRTM
are similar to those presented earlier in Chapter 3:
 θ
Se = K e   Cb
 ρ

(7.16)

 θ
∂S1
= k1   C n − k2S1
∂t
 ρ

(7.17)


∂S2   θ  m
=  k3   C − k 4S2  − k sS2
∂t   ρ 


(7.18)

∂Ss
∂t

= k sS2

(7.19)

 θ
Sirr = kirr   C
 ρ

(7.20)

where b is the reaction order; Ke is a dimensionless equilibrium constant
(cm3 g–1); k1 and k2 (h–1) are the forward and backward rate coefficients associated with S1, respectively, and n is the reaction order; k3 and k4 (h–1) are
the forward and backward rate coefficients associated with S2, respectively,
and m is the reaction order; ks (h–1) is the irreversible rate coefficient; and kirr
(h–1) is the rate coefficient associated with Sirr. In the above equations, we
assumed n = b since there is no method for estimating n and/or m independently. Zhang and Selim (2007) modified the MRM to account for competitive Freundlich-type retention such that:

(Se )i = K e ,iCi 


∂(S1 )i
θ 
= k1,i Ci 
∂t
ρ 

l

∑

∑
j=1

l

j=1


α i , jC j 



α i , jC j 


ni −1

(7.21)

ni −1

− k2,i (S1 )i

(7.22)
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∂(S2 )i
θ 
= k3,i Ci 
∂t
ρ 

l

∑
j=1


α i , jC j 


ni −1

− ( k 4,i + k s ,i ) (S2 )i

(7.23)

∂(Ss )i
= k s ,i (Ss )i
∂t

(7.24)

∂(Sirr )i
θ
= kirr ,i Ci
∂t
ρ

(7.25)

When competition is ignored, that is, αi,j for all j ≠ i, Equation 71 holds for
single-species nth-order kinetic sorption. Examples of the capability of this
approach to describe the transport of the competitive arsenate and phosphate behavior in soil columns are presented in a subsequent section.

7.7 Competitive Langmuir Model
The Langmuir equation can be extended to account for competitive sorption
of multiple heavy metals in multicomponent systems. In the multicomponent Langmuir approach, one assumes that there is only one set of sorption sites for all competing ions. Furthermore, the model also assumes that
the presence of competing ions does not affect the sorption affinity of other
ions. Because of these overly simplified assumptions, the modeling ability of
the model is rather limited. It should be noted that with the assumption of
a fixed number of reaction sites, the surface complexation model described
in this chapter gives Langmuir-type adsorption isotherms under constant
pH and ionic strength. For time-dependent sorption of competing ions, the
multicomponent second-order kinetic equation was proposed in the form of:
∂Si
θ 
= (λ f )i Ci  Smax −
∂t
ρ 



l

∑ S  − (λ ) S
j

b i

i

(7.26)

i=1

Under equilibrium conditions, Equation 7.26 yields:
( K L ) i = ( λ f )i

(λ f )i θ
( λ b )i ρ

(7.27)

where λf and λb (h–1) are the forward and backward rate coefficients, respectively.
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Moreover, for the case where one assumes negligible competition among
the various ions, Equation 7.26, omitting the subscript i, is reduced to the
second-order formulation discussed earlier.

7.8 Experimental Evidence
7.8.1 Nickel and Cadmium
Several studies on Ni and Cd indicate that they exhibit somewhat similar
sorption behavior on minerals and soils. These two cations have lower affinities for soil colloids and are generally considered as weakly bonded metals
(Atanassova, 1999). A consequence of weakly bonded heavy metals ions such
as Cd and Ni is that ion competition may result in their enhanced mobility
in the soil environment. Moreover, a number of studies reported varying Cd
and Ni affinities in soils and minerals. Several studies indicated that for some
soils Cd is of higher affinity than Ni (Gomes et al., 2001; Echeverría et al., 1998;
Papini, Saurini, and Bianchi, 2004). Moreover, cation exchange was considered as the major sorption mechanism for both ions. Echeverría et al. (1998)
and Antoniadis and Tsadilas (2007) reported that Ni adsorption was stronger than Cd and was related to hydrolysis of divalent ions capable of forming
inner-sphere complexes with clay lattice edges. Other studies with minerals,
such as kaonilite, montmorillonite, and goethite, indicated stronger affinity
for Cd than Ni (Barrow, Gerth, and Brummer, 1989; Puls and Bohn, 1988).
For hematite, kinetic sorption results indicated that Ni is of stronger affinity
than Cd (Jeon, Dempsey, and Burgos, 2003). Schulthess and Huang (1990)
showed that Ni adsorption by clays is strongly influenced by pH as well as
silicon and aluminum oxide surface ratios. Moreover, in recent studies using
X-ray absorption fine structure (XAFS) and high-resolution transmission
electron microscopy (HRTEM) techniques, Ni-Al layered double hydroxide
(LDH) was considered responsible for the sorption behavior for pH above
6.5 on pyrophyllite and kaolinite surfaces (Scheidegger, Lamble, and Sparks,
1996; Eick, Naprstek, and Brady, 2001). They suggested that Al dissolved at
high pH values could be responsible for Ni precipitate on clay surfaces. The
formation of surface-induced precipitates may play an important role in the
immobilization of Ni in nonacidic soils. However, surface-induced precipitates were not found for Cd in nonacid soils. This suggests that competitive
behavior of Cd and Ni in neutral and alkaline soils may have different characteristics from their behavior in acidic soils.
Modeling competitive adsorption between Ni and Cd in soils has been at
best sparse. Nevertheless a few scientists have utilized variable charge surface models and surface complexation models. Barrow, Gerth, and Brummer
(1989) successfully utilized a variable-charge surface model in an effort to
describe Ni, Zn, and Cd adsorption in a goethite-silicate system. A modified
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competitive surface complexation model developed by Papini, Saurini, and
Bianchi (2004) was adopted to describe competitive adsorption of Pb, Cu,
Cd, and Ni by an Italian red soil. Equilibrium and kinetic ion exchange type
models were employed by several investigators to describe sorption of heavy
metals in soils (Abd-Elfattah and Wada, 1981; Hinz and Selim, 1994). Here the
affinity of heavy metals increases with decreasing heavy metal fraction on
exchanger surfaces. Using an empirical selectivity coefficient it was shown
that Zn affinity increased up two orders of magnitude for low Zn surface
coverage in a Ca-background solution (Abd-Elfattah and Wada, 1981). The
Rothmund-Kornefeld approach incorporates variable selectivity based on the
amount of metal sorbed. Based on the Rothmund-Kornefeld approach, Hinz
and Selim (1994) showed strong Zn and Cd affinities at low concentrations.
Another type of competitive adsorption modeling is that based on the
Freundlich approach. The Shenindrof-Rebhun-Sheituch (SRS) equation was
developed to describe competitive or multicomponent sorption where it was
assumed that the single-component sorption follows the Freundlich equation
(Sheindorf, Rebhun, and Sheituch, 1981). The derivation of the SRS equation
was based on the assumption of an exponential distribution of adsorption
energies for each component. Gutierrez and Fuentes (1993) concluded that
the SRS approach was suitable in representing competitive adsorption of
Sr, Cs, and Co in a system comprising Ca-montmorillonite suspensions.
Recently, Antoniadis and Tsadilas (2007) used the SRS successfully to predict competitive sorption of Cd, Ni, and Zn in a Greek vertic xerochrept soil.
They found Zn was strongly retained and competition suppressed the sorption of the three metals.
In the example we present here, three surface soils with contrasting properties were chosen for study: a Webster Loam, Windsor sand, and Olivier
loam. Webster soil has a pH of 6.92 and cation exchange capacity (CEC) of 27.0
cmol kg–1. For Windsor sand, the pH is 6.11 and the CEC is 2.0 cmol kg–1, and
for Olivier loam they are pH of 5.8 and CEC of 8.6 cmol kg–1. Batch adsorption
of Ni and Cd in single and binary Ni-Cd systems was carried out in the traditional methods (Selim and Amacher, 1997). Different molar ratios of Ni/Cd
for a wide concentration range were applied to investigate competitive Cd
and Ni in all soils. Sorption isotherms for single ions as well as binary systems were modeled using the Freundlich and competitive approaches. A
wide range of concentrations of the competing ions is necessary to delineate
the adsorption characteristics for different heavy metals as well for modeling multicomponent competitive systems.
Sorption isotherms Ni and Cd are shown in Figure 7.13 for Olivier, Windsor,
and Webster soils. These isotherms exhibit highly nonlinear behavior indicative of strong affinities at low heavy metal concentrations. For all three
soils, the overall shape of the isotherms suggests some similarities in sorption mechanisms of the two cations. The Freundlich approach was used to
describe both Ni and Cd isotherms. For both Ni and Cd the Freundlich well
described the isotherms with coefficients of correlation (R 2) ranging from
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FIGURE 7.13
Adsorption isotherms for Ni (top) and Cd (bottom) for Windsor, Olivier, and Webster soils.
Solid curves are Freundlich model calculations.

0.982 to 0.999 (Liao and Selim, 2010). The dimensionless parameter n may
be regarded as a representation of energy distribution of heterogeneous
adsorption sites for solute retention by matrix surfaces (Sheindorf, Rebhun,
and Sheintuch, 1981). Nonlinearity and competition are often regarded as
characteristics of site-specific adsorption processes. Here adsorption occurs
preferentially at the sites with highest adsorption affinities and sites with
lower adsorption potential are occupied with increasing concentration. The
n values for Windsor, Olivier, and Webster soils are 0.64, 0.57, and 0.55 for
Cd and 0.50, 0.56, and 0.52 for Ni, respectively. These n values were within a
narrow range (0.50–0.64) for all three soils and reflect the observed similarities of the overall shape of both Ni and Cd sorption isotherms as shown in
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Figure 7.13. Moreover, the shape of these isotherms depicts an L-type curve
as described by Sposito (1984). These n values are within the range of values of those reported earlier by Buchter et al. (1989); 0.57–0.78 for Cd and
0.65–0.74 for Ni. A comparison of the adsorption isotherms indicates that for
both Ni and Cd sorption affinities follows the sequence; Windsor < Olivier <
Webster soil (Figure 7.11). This is also illustrated by the respective K values
for Cd; 5.62, 24.59, and 26.78 L kg–1 and for Ni; 2.55, 13.30, and 37.57 L kg–1.
The work of Gomes, Fontes, and da Silva (2001), among others, indicates that
Cd and Ni adsorption by a number of soils are correlated with CEC. Papini,
Saurini, and Bianchi (2004) reported that Cd and Ni adsorption was largely
due to cation-exchange reaction on an Italian red soil.
Results of competitive Ni sorption in the presence of a range of Cd concentrations are given in Figure 7.14 for all three soils. Here the amount of
Ni sorbed (mmol per kg soil) is presented versus input concentration of the
competing Cd ion for two initial Ni concentration, 0.025 mM (Figure 7.14,
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FIGURE 7.14
Competitive sorption of Ni in the presence of Cd for Windsor, Olivier, and Webster soils. Initial
Ni concentrations were 0.025 mM (top) and 0.766 mM (bottom).
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FIGURE 7.15
Competitive sorption of Cd in the presence of Ni for Windsor, Olivier, and Webster soils. Initial
Cd concentrations were 0.025 mM (top) and 0.766 mM (bottom).

top) and 0.766 mM (Figure 7.14, bottom). These results indicate that Ni sorption decreased as the competing Cd concentration increased. In Figure 7.15,
results are shown for Cd sorption in the presence of a range of Ni concentrations for all three soils. Here Cd adsorption decreased with increasing Ni concentrations. Moreover, the extent of the decrease in Ni or Cd
sorption in this competitive systems was dissimilar among the three soils.
For the two acidic soils (Windsor and Olivier), Ni adsorption decreased
substantially with increasing Cd concentration in comparison to Webster,
the neutral soil. This finding was consistent for both initial Ni concentrations (0.025 and 0.766 mM—see Figure 7.14). The amount of Ni sorbed in the
presence of 0.766 mM Cd was reduced by 0.5%, 18%, and 45% for Webster,
Olivier, and Windsor soil, respectively. When 0.766 mM Ni was present,
sorbed Cd was reduced by 20%, 7.6%, and 15% for Windsor, Olivier, and
Webster soil, respectively.
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Metal ion competition is presented in the traditional manner as isotherms
and is given in Figures 7.16 and 7.17. These isotherms were described using
the Freundlich model in a similar manner to those for a single ion. The extent
of nonlinearity of Ni and Cd isotherms is depicted by the dimensionless
parameter n and was not influenced by input concentration of the competing
ion. Thus in a competitive system, the parameter n did not exhibit appreciable changes for both metal ions investigated. In contrast, K values exhibited a
decrease of sorption as the concentration of the competing ion increased, and
the extent of such a decrease was dissimilar for the three soils. For Windsor
and Olivier, Ni adsorption decreased significantly over the entire range of
concentrations of the competing ion (Cd). However, Cd adsorption was less
affected by the competing Ni ions for both soils. For the neutral Webster
soil, Ni was not appreciably affected by the presence of Cd, especially at low
Ni concentrations. This may be because, for a single-component system, Ni
adsorption was much stronger than Cd for Webster soil as discussed above.
Another explanation of the competitive Ni sorption behavior is perhaps
due to Ni-LDH precipitates, which may be considered irreversible on soils
and minerals (Voegelin and Kretzschmar, 2005). This process may lead to
significant long-term stabilization of the metal within the soil profile (Ford
et al., 1999). In acidic soils, Ni and Cd are both weakly bonded to soil particle surfaces and mainly forms outer spheres, which are available for cation
exchange. However, for the neutral Webster soil, Ni sorption may include a
fraction of inner-sphere complexation or Ni-LDH precipitates, both of which
are perhaps not available for competition via cation exchange.
Based on Sheindorf-Rebhun-Sheintuch (SRS) model predictions, the estimated αNi-Cd for Ni adsorption, in the presence of Cd, was larger than 1
for Windsor and Olivier soils, indicating noticeable decrease of Ni in the
presence of Cd. In contrast, αNi-Cd for Ni adsorption on Webster soil was
less than 1, which is indicative of small influence of competing Cd ions.
These results are in agreement with the competitive sorption reported by
Antoniadis and Tsadilas (2007). Such small αNi-Cd implies that Ni adsorption
in Webster soil was least affected in a competitive Ni-Cd system in comparison to the other two soils. Moreover, the estimated αCd-Ni for Cd adsorption
was 0.61 for Windsor and 0.82 for Olivier, whereas the competitive coefficient of Cd/Ni was 4.00 for Webster soil. Although the SRS equation may be
regarded as a multicomponent model and does not imply certain reaction
mechanisms, differences of competitive sorption between the neutral and
the two acidic soils were illustrated based on the SRS models’ competitive
selectivity parameters. In fact, Roy, Hassett, and Griffin (1986a) suggested
that the SRS parameters could be used to describe the degree of the competition under specific experimental conditions. Calculated results using the
estimated αNi-Cd are given in Figures 7.18 and 7.19 and illustrate the capability of the SRS model to describe experimental data for competitive adsorption of Ni and Cd. An F-test indicated that there was no statistical difference
between our experimental results and SRS model calculations (at the 95%
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FIGURE 7.16
Competitive adsorption isotherms for Ni in the presence of different concentrations of Cd.
Solid curves are Freundlich model calculations.
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FIGURE 7.17
Competitive adsorption isotherms for Cd in the presence of different concentrations of Ni.
Solid curves are Freundlich model calculations.
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FIGURE 7.18
Competitive adsorption isotherms for Ni in the presence of different concentrations of Cd.
Solid curves are SRS model calculations.
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FIGURE 7.19
Competitive adsorption isotherms for Cd in the presence of different concentrations of Ni.
Solid curves are SRS model calculations.
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confidence level). Based on these calculations, the SRS model was capable
of quantifying competitive adsorption for Ni and Cd. However, for both Ni
and Cd, the SRS model deviated considerably from experimental data for
high concentrations of the competing ions. This finding is consistent with
the application of SRS made earlier by Gutierrez and Fuentes (1993) and
illustrates the need for model improvement to better describe competitive
adsorption of heavy metals over the entire range of concentrations.

7.8.2 Zinc–Phosphate
Zinc availability and mobility in soils may be controlled by several interactions with the soil-water environment. Primary sources of Zn contamination
include mining, smelting, and other industrial as well as anthropogenic factors (Adriano, 2001). A secondary source of Zn is through phosphate fertilizers, which often contain traces of heavy metals such as Cd, Cu, Mn, Ni, Pb, and
Zn. Zinc is also an essential micronutrient for plants and animals (Adriano,
2001). The understanding of the complex interactions of Zn in the environment is a prerequisite in the effort to predict their behavior in the vadose
zone. It is well accepted that several factors influence Zn adsorption, desorption, and equilibrium between the solid and solution phases. These factors
include soil pH, clay content, organic matter (OM), cation exchange capacity
(CEC), and Fe/Al oxides (Gaudalix and Pardo, 1995), among which, soil pH is
one of the most important factors (Barrow, 1987). Zn sorption increases and
Zn desorption reduces with increased pH (Rupa and Tomar, 1999; Tagwira,
Piha, and Mugwira, 1993). This may be because increasing pH increases the
negative charge of variable-charge soil for Zn adsorption (Saeed and Fox,
1979). On the other hand, pH affects Zn hydrolysis which would be preferentially sorbed on soil surface (Bolland, Posner and Quirk, 1977).
Over the past two decades, phosphate has been observed to increase Zn
adsorption and decrease Zn desorption in soils (Agbenin, 1998; Rupa and
Tomar, 1999). Xie and Mackenzie (1989) reported that P sorption increased
soil CEC, resulting in increased Zn adsorption on three different soils. Saeed
and Fox (1979) reported that increased negative charge due to P sorption was
responsible for the observed increase in Zn sorption. Xie and Mackenzie (1989)
found phosphate sorption enhanced the correlation between Zn sorption and
soil OM and Fe content and postulated that enhanced Zn sorption may be a
consequence of either an increase in negative surface charge of soil particles,
creation of specific sites, or precipitation of hoepite. Ahumada, Bustamnte,
and Schalscha (1997), Pardo (1999), and Sarret et al. (2002) observed significant increases in Zn fractions associated with organic matter and Fe/Al
oxides in the presence of P. Rupa and Tomar (1999) investigated Zn desorption kinetics as influenced by phosphate on alfisol, oxisol, and vertisol. They
tested several kinetic models and found that Zn release was best described
by the Elovich equation. A primary limitation of simple models such as
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Elovich is that different rates of reaction are needed to describe Zn adsorption from Zn desorption or release. Multireaction kinetic models are capable,
given only one set of reactions rate parameters, of describing adsorption and
desorption or release and have been successfully used to describe kinetic
behavior for several heavy metals and contaminants (Amacher, Selim, and
Iskandar, 1988; Darland and Inskeep, 1997; Barnett et al., 2000). None of the
multireaction-type models have been tested for their capability to describe
Zn reactivity in the complex soil environment in the presence of P.
Similar to the previous case study for Ni-Cd, three surface soils with contrasting properties were chosen for this study: a Webster Loam, Windsor
sand, and Olivier loam. Adsorption of Zn was studied using the batch
method as described by Selim and Amacher (1997). The duration of adsorption was 1 day. Release or desorption commenced following the 1 day
adsorption step using sequential or successive dilutions. To study the influence of P on Zn adsorption as well as release, the Zn batch experiments
were also carried out where different levels of P concentrations were added
in the solutions.
A family of Zn isotherms is represented in Figure 7.20 for each soil, where
different initial P concentrations were added (from 0 to 100 mg L–1) (see Zhao
and Selim, 2010). Distinct differences in the amount of Zn sorbed among the
different soils were observed. Highest sorption was observed for the neutral
Webster soil. Strong retention of Zn is observed as the soil pH increased
(Harter and Naidu, 2001: Barrow, 1987). Moreover, Webster soil is a fine
loamy Haplaquoll with 3.7% calcium carbonates and the presence of carbonates enhances Zn sorption in soils (see Mesquita and Vieira e Silva, 1996). The
Olivier and Windsor soils exhibited lower sorption capacities where Windsor
soil showed least sorption. Hinz and Selim (1994) reported stronger retention
for Zn by Olivier compared to Windsor which may be due to higher CEC
caused predominately by smectitic clays. In contrast, Windsor is an Entisol
and contains parent material that has not been completely weathered to secondary minerals and hence lower sorption capacity for Zn. Increased CEC
results in more negatively charged sites to adsorb Zn (Kurdi and Doner, 1983;
Cavallaro and McBride, 1984).
The influence of P on increased Zn sorption was clearly manifested in
the isotherms shown in Figure 7.20 where similar trends were observed
for all soils. Saeed and Fox (1979) showed that P fertilization increased Zn
adsorption by soils from Hawaii that contained colloids predominantly of
the variable-charge type. Their results support the hypothesis that phosphate additions to soils increased Zinc adsorption by increasing the negative
charges on iron and aluminum oxides. Wang and Harrell (2005) reported that
zinc sorption was enhanced by H2PO4– as opposed to Cl– or NO3– in acid soils.
The overwhelming increase of total Zn sorption with P addition was consistent with other studies (Agbenin 1998; Pardo, 1999; Rupa and Tomar, 1999; Xie
and Mackenzie, 1989). Moreover, the influence of P on increased Zn sorption
for Windsor and Webster soils was much greater than for Olivier soil.
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FIGURE 7.20
Zinc adsorption isotherms on different soils after 24 h sorption in the presence of different P
concentrations. Solid curves are simulations using the Freundlich equilibrium equation.
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FIGURE 7.21
Zn concentration in Windsor soil versus time during adsorption and desorption for various
initial Zn concentrations. Dashed curves are multireaction model (MRM) simulations.

Figures 7.21 and 7.22 present the amount of Zn sorbed versus time to illustrate
the kinetics of Zn desorption for the various initial concentrations (Co) used.
As illustrated in the figures, Zn desorption exhibited strong time-dependent
behavior as depicted by the continued decrease of the amount sorbed with
time. For Windsor and Olivier soils, the rate of Zn desorption was initially
rapid and followed by gradual or slow reactions. In contrast, for Webster slow
release reactions for Zn were dominant. The results indicate that a fraction of
Zn was weakly sorbed by Windsor and Olivier soils via ion exchange or outersphere surface complexation. In contrast, Zn was strongly sorbed in Webster
soil and bound via inner-sphere surface complexation. Consistent with these
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FIGURE 7.22
Zn concentration in Webster soil versus time during adsorption and desorption for various
initial Zn concentrations. Dashed curves are multireaction model (MRM) simulations.

results, Zn desorption kinetic results reported by Rupa and Tomar (1999)
showed that for increasing level of applied P to 20 and 40 mg/kg subsequent
decrease in Zn desorption by 20% to 31% and 39% to 53% were observed.
As previously reported the P-induced Zn sorption may be related to
increased surface negative charges and/or creation of specific sorption sites
as a result of P sorption on OM, Fe/Al oxides and clays (Barrow, 1987; Bolland,
Posner, and Quirk, 1977; Xie and Mackenzie, 1989). Xie and Mackenzie (1989)
postulated that sorption of P on OM and oxides can form inner-sphere surface complexes that increase negative charges, resulting in increased surface
Zn retention. Kuo and McNeal (1984) proposed that the added P act as a
“bridge” between soil surfaces and sorbed Zn, or sorbed P alters the soil
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properties sufficiently to affect Zn sorption. The latter was also proposed by
Tagwira, Piha, and Mugwira (1993). Thus, P application can affect Zn sorption resulting in increased specific sorption sites for Zn and subsequently
reducing Zn release or desorption. Furthermore, P-induced Zn retention
may be due in part to precipitation or co-precipitation involving the formation of solid-solution of ZnHPO4 as an intermediate product (Agbenin, 1998).
Al-P precipitation products from reactions of P with Al-OM complexes may
form new sites to retain Zn on soil organic matter. Thus, P sorption on the
surface increased Zn sorption and restricted Zn desorption, depending on
soil pH, surface complexation, and soil precipitation.
Desorption or release following adsorption is presented as isotherms in
the traditional manner in Figures 7.23 and 7.24 for both soils. Distinct discrepancies between adsorption and successive desorption isotherms are
clearly observed in the figures and indicate considerable hysteresis for Zn
release, the extent of which varied among the three soils. This observed
hysteresis was not surprising in view of the kinetic behavior of Zn and is
indicative of the nonequilibrium behavior of Zn retention mechanisms.
Significant irreversibility of Zn sorbed on mineral surfaces and soils has
been reported extensively in the literature, and this observed hysteresis may
be due in part to slow diffusion and kinetic ion exchange, as well as irreversible mechanisms.
Hysteresis results shown in Figures 7.23 and 7.24 illustrate the extent of
kinetics during release of Zn in the three soils. Webster exhibited limited
kinetics or very slow release where desorption isotherms exhibited little
release over time for all initial Zn concentrations considered. In contrast, for
the two acidic soils Zn release as a percentage of the total sorbed was 47% to
51% and 42% to 49% for Windsor and Olivier soil, respectively. For the neutral
Webster, only 9% to 11% of the sorbed Zn was released into the soil solution
after 28 d of successive desorptions. This is due to its much higher content
of clay with smectite as the predominating mineral, organic matter, Fe/Al
oxides, and CEC. Soils with high clay, OM, Fe/Al content, and CEC have
more available reactive sites and increased specific sorption and reduced Zn
desorption (Xie and MacKenzie, 1989). Furthermore, at low initial Zn concentrations, lower proportions of Zn were desorbed, indicating high affinity for
Zn in soils, whereas at high concentration, the percentage of Zn desorption
increased, indicating lower Zn affinity. Although higher Zn amounts were
sorbed as a result of the presence of P, similar release curves were obtained
for all P concentrations (Figures 7.23 and 7.24). Thus, the kinetics of Zn retention was not altered by the presence of increased levels of P. However, the
application of P resulted in reduced desorption of Zn for all three soils. This
is perhaps because the added P increased specific sorption sites on OM and
Fe/Al oxides surfaces where Zn was tightly sorbed. Moreover, the effect of
P on Zn sorption by Webster soil was more pronounced compared to the
acidic soils. This is likely due to the high clay, OM, Fe/Al content, and CEC
for Webster soil as discussed above.
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FIGURE 7.23
Adsorption and desorption isotherms for Windsor soil with different P concentration. The
solid and dashed curves depict results of multireaction (MRM) model simulations for sorption
and desorption.

In order to assess the mobility of Zn in soils, column transport experiments
were carried out using the miscible displacement technique. Transport of
Zn in soils was quantified using miscible displacement techniques in watersaturated soil columns. A Zn pulse solution with or without P was applied to
each column. In Figure 7.25, Zn BTCs are presented for a Windsor soil column
that received a pulse of Zn alone (column 1). In contrast, in Figure 7.26, results
show BTCs where a mixed pulse of P and Zn was introduced (column 2).
A comparison of the two Zn BTCs clearly shows increased retention of Zn
sorption in the presence of P (see Figure 7.27). In fact after some 120 pore
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FIGURE 7.24
Adsorption and desorption isotherms for Webster soil with different P concentration. The
solid and dashed curves depict results of multireaction (MRM) model simulations for sorption
and desorption.

volumes, 55% of applied Zn was retained in the presence of P compared to
31% retention without P. Overall Zn concentration in the effluent decreased
in the presence of P without a change in the relative position of the BTC;
for example, arrival of the Zn front in the effluent solution. Such behavior
is indicative of increased irreversible Zn retention in the presence of P. It is
clear that the presence of P resulted in a lower peak concentration and less
overall Zn recovery in the effluent when compared to column 1 BTCs where
P was absent. The transport data are consistent with retention and clearly
indicate that the presence of P increases the amount of Zn sorbed. Moreover,
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FIGURE 7.25
Breakthrough curve for Zn from Windsor soil column 1. The solid curve is based on multireaction model simulation.

all BTCs were successfully described by the multireaction model presented
above.
7.8.3 Arsenate–Phosphate
Arsenic (As) is a highly toxic element widely present in trace amounts in soil,
water, and plants. Adsorption to soils and sediments is the major pathway
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FIGURE 7.26
Breakthrough curves for Zn and P from Windsor soil column 2. Solid and dashed curves are
based on multireaction model simulations.
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FIGURE 7.27
Breakthrough curves for Zn from a single pulse (column 1) and a mixed (P + Zn) pulse (column
2) in Windsor soil.

of attenuating arsenic bioavailability and toxicity in natural environments
(Smedley and Kinniburgh, 2002). Phosphate (P) anion has similar chemical
properties to arsenate [As(V)] and forms similar types of inner-sphere surface
complex with metal oxides. The competition between As(V) and P for adsorption sites has the potential of increasing arsenic mobility and bioavailability
in soil environments (Woolson, Axley, and Kearney, 1973; Peryea, 1991).
The competitive adsorption of As(V) and P can be affected by a wide range
of factors, such as surface properties of the adsorbent, concentration and
molar ratio of As(V) to P, solution pH, and residence time (Hingston, Posner,
and Quirk, 1971; Violante and Pigna, 2002; Liu, De Cristofaro, and Violante,
2001; Jain and Loeppert, 2000; Manning and Goldberg, 1996a, 1996b; Zhao
and Stanforth, 2001). Hingston, Posner, and Quirk (1971) proposed two types
of adsorption sites on mineral surfaces. The first type is available for both
As(V) and P where competition takes place while the second type is specifically available for either As(V) or P. Results from studies on single ion
sorption showed that As(V) and P sorption on Fe and Al oxides were somewhat similar (Manning and Goldberg, 1996a, 1996b). However, when added
simultaneously in equal molarities, Violante and Pigna (2002) reported that
metal oxides and phyllosilicates rich in Fe were more effective in adsorbing
As(V) than P, while more P was adsorbed than As(V) on minerals rich in Al.
Adsorption studies on soils often reveal that P is preferentially adsorbed
than As(V) whether added separately or added simultaneously in equal
molar ratios (Roy, Hassett, and Griffin, 1986a, 1986b; Smith, Naidu, and
Alston, 2002; De Brouwere, Smolders, and Merckx, 2004). These studies also
demonstrated that amounts of As(V) sorbed on minerals and soils exhibited
a decrease with increasing additions of P in solution. Moreover, the sequence
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of addition might significantly affect the competition between As(V) and P
(Liu, De Cristofaro, and Violante, 2001; Zhao and Stanforth, 2001). Liu, De
Cristofaro, and Violante (2001) found that when added sequentially [As(V)
before P versus P before As(V)], more P was replaced by As(V) on goethite
than vice versa. Due to the similar dissociation constants of phosphate
(pKa1 = 2.23, pKa2 = 7.2, pKa3 = 12.3) and arsenate (pKa1 = 2.20, pKa2 = 6.97,
pKa3 = 11.53), adsorption of both anions decreases with increasing pH (Jain
and Loeppert, 2000). When added simultaneously, Jain and Loeppert (2000)
reported that the effect of P on As(V) adsorption on ferrihydrite was greater
at high pH than at low pH.
In most studies dealing with competitive adsorption, equilibrium conditions are often assumed. However, several experiments demonstrated
adsorption of As(V) (Fuller, Davis, and Waychunas, 1993; Grossl et al., 1997;
Raven, Jain, and Loeppert, 1998; Waltham and Eick, 2002; Zhang and Selim,
2008) and P (Barrow, 1992; Wilson, Rhoton, and Selim, 2004) on minerals and
soils are both time dependent.
In the case study presented here, As adsorption as well as desorption
results are presented in the presence of different P concentration (see Zhang
and Selim, 2008). Furthermore, transport results from soil columns that
received As alone and columns that received a pulse having As and P (see
Zhang and Selim, 2007). In the subsequent sections, these two treatments are
referred to as single pulse and mixed pulse, respectively.
Amount of As(V) sorption in the presence of P is depicted in Figure 7.28,
which indicates that As(V) adsorption decreased substantially with increasing P concentrations. Competition for specific adsorption sites is likely the
major cause for the observed competitive effect between As(V) and P shown
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FIGURE 7.28
Competitive sorption between arsenate and phosphate at 24 h of reactions for Olivier, Sharkey,
and Windsor soils. The initial concentration of arsenate was 0.13 mM.
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in Figure 7.28. Formation of surface complexation between Fe/Al (hydro)
oxides and As(V)/P restricted the accessibility of those surface sites for further adsorption (Hingston, Posner, and Quirk, 1971; Smith, Naidu, and Alston,
2002). Because adsorption of both anions takes place preferentially on high
affinity sites at low surface coverage, the competition is expected to be greatest at low As(V) and P concentrations, which is consistent with observations.
The SRS equation (7.15) was employed to quantify competitive adsorption
of As(V) and P. Specifically, the Freundlich K F and N were taken from the
single-anion adsorption data and utilized to obtain the competitive coefficients αij by fitting the competitive adsorption data to Equation 7.15 using
nonlinear least square optimization. We should emphasize that the SRS
equation should only be regarded as an empirical model and the conformity of this equation does not imply certain reaction mechanisms. In their
original paper, Sheindorf, Rebhun, and Sheintuch (1981) defined αij as symmetrical values, that is, aij = 1/aji. However, Roy, Hassett, and Griffin (1986a,
1986b) suggested that the coefficients should be regarded as empirical values describing the degree of competition under specific experimental conditions. Furthermore, Barrow, Cartes, and Mora (2005) used nonlinear curve
fitting to determine the competitive coefficients between As(V) and P and
they found that the coefficients were not symmetrical.
Results from the kinetic batch experiments are presented in Figures 7.29
and 7.30 in order to illustrate the competitive sorption kinetics between
As(V) and P by the soils. The extent of As(V) sorbed by all soils were
significantly reduced as concentrations of P in the applied solution
increased. Moreover, both As(V) and P exhibited strongly time-dependent adsorption behavior, which is depicted by the continued decrease
of concentration with reaction time. Observed retention kinetics of As(V)
and P in Figures 7.29 and 7.30 is likely due to the heterogeneity of the
soil surface where multiple chemical and physical processes take place.
Chemical reaction rates of surface complexation between anions and
metal oxides are considered rapid. Using a pressure jump relaxation technique, Grossl et al. (1997) calculated a kinetic rate constant of 106.3 s –1 for
the formation of a monodentate inner-sphere surface complex on goethite
surface. In addition, a forward rate constant of 15 s –1 was associated with
succeeding reaction for the formation of a bidentate mononuclear surface
complex. Because of their rapid reaction rates, surface complexation is not
a rate-limiting step of As(V) and P adsorption in soils. However, different
types of surface complexes (e.g., monodentate, bidentate, mononuclear,
binuclear) can be formed on oxide surfaces at high or low surface coverage. This heterogeneity of sorption sites may contribute to adsorption
kinetics observed in most experiments, that is, where sorption takes place
preferentially on high affinity sites and followed by slow sorption to sites
of low sorption affinity.
Recent adsorption studies suggested that surface precipitation, that is,
three-dimensional growth of a particular surface phase, may occur for both
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FIGURE 7.29
Arsenate concentrations in solution versus time in the presence of various concentrations of
phosphate. The initial concentration of As(V) was 0.13 mM.

As(V) and P (Zhao and Stanforth, 2001; Pigna, Krishnamurti, and Violante,
2006; Jia et al., 2006). The development of surface precipitate is a slow process involving multiple reaction steps and explains in part the slow As(V)
and P retention kinetics. The theory of surface precipitation suggests that
anions absorbed on mineral surfaces attract dissolved Fe or Al. Adsorbed
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FIGURE 7.30
Phosphate concentrations in solution with time in the presence of various concentrations of
arsenate. The initial concentration of P was 0.32 mM.

Fe or Al in turn adsorbs more anions and results in a multilayer adsorption.
Zhao and Stanforth (2001) suggested the slow buildup of surface precipitate as the mechanisms of irreversible As(V) and P retention on goethite.
More recently, the x-ray diffraction and Raman spectroscopy results of Jia et
al. (2006) confirmed the formation of poorly crystalline ferric As(V) surface
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precipitate on ferrihydrite under high As/Fe molar ratio, low pH, and long
reaction time.
Diffusion of As(V) and P to reaction sites within the soil matrix was also
proposed as the explanation of the time-dependent adsorption (Fuller,
Davis, and Waychunas, 1993; Raven, Jain, and Loeppert, 1998). A two-phase
process was generally assumed for diffusion-controlled adsorption, with
the reaction occurring instantly on liquid-mineral interfaces during the first
phase, whereas slow penetration or intraparticle diffusion is responsible for
the second phase. The pore space diffusion model has been employed by
Fuller, Davis, and Waychunas (1993) and Raven, Jain, and Loeppert (1998) to
describe the slow sorption of As(V) on ferrihydrite. For heterogeneous soil
systems, the complex network of macro- and micro-pores may further limit
the access of solute to the adsorption sites and cause the time-dependent
adsorption.
Transport results of As(V) are presented by the BTCs in Figures 7.31 and
7.32. Each soil column received two consecutive As pulses. The BTCs indicate
extensive As(V) retention during transport in both soils. After two As(V)
pulse applications and subsequent leaching by arsenic-free solution for more
than 20 pore volumes, As(V) mass recoveries in the effluent were 82.1% and
72.5% of that applied for Olivier and Windsor soil, respectively. The BTCs
were asymmetric, showing excessive tailing during leaching.

1.0

As(V) Transport
Olivier soil

As(V) Concentration (C/Co)

0.8

0.6

0.4

As(V)
Column

0.2

0.0

0

20

40
Pore Volumes (V/Vo)

60

80

FIGURE 7.31
Experimental As(V) breakthrough curves in Olivier soil without addition of P. Solid curves
are single-component multireaction model (MRM) predictions using batch kinetic parameters. The dashed curves depict MRM results based on nonlinear optimization. Arrows indicate
pore volumes when flow interruptions occurred.
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FIGURE 7.32
Experimental As(V) breakthrough curves in Windsor soil without addition of P. Solid curves
are single-component multireaction model (MRM) predictions using batch kinetic parameters.
The dashed curves depict MRM results based on nonlinear optimization. Arrows indicate
pore volumes when flow interruptions occurred.

The transport of As(V) in the presence of P is illustrated by the BTCs
shown in Figures 7.33 and 7.34. Similar to As(V), BTCs for P exhibited extensive asymmetry. Nonequilibrium conditions appear dominant as indicated
by the sharp drop in P concentration as a result of flow interruption (or stop
flow). In order to describe the competitive transport of As(V) and P, a model
was developed that accounts for equilibrium and kinetics mechanisms.
Specifically, the equilibrium and kinetic adsorption equations were modified in a way similar to the competitive SRS model. The single-species simulation results were further tested with the analytical solution for the two-site
nonequilibrium transport model provided by CXTFIT (Toride, Leij, and van
Genuchten, 1995).
7.8.4 Vanidate–Phosphate
Vanadium is a ubiquitous trace element in the environment and is an essential trace element for living organisms, but in excessive amounts is harmful to humans, animals, and plants (Crans et al. 2004). Vanadium acts as a
growth-promoting factor and participates in fixation and accumulation of
nitrogen in plants, whereas high concentrations of vanadium may reduce
their productivity (Underwood, 1977). In soils, vanadium is derived from
parental rocks and deposits.
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FIGURE 7.33
Phosphate concentrations versus reaction time with the presence of various concentrations of
arsenate for Olivier and Windsor soils. The initial P concentration was 0.32 mmol L1. Symbols
are for different initial As(V) concentrations of 0, 0.13, and 1.29 mmol L1. Solid and dashed
curves are multicomponent, multireaction model simulations.
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FIGURE 7.34
Experimental As(V) and P breakthrough curves in Windsor soil (column 6). Solid curves are
multicomponent, multireaction model (MCMRM) predictions using batch kinetic parameters.
The dashed curves are MCMRM simulations using kinetic parameters obtained from singlecomponent As(V) transport experiments. Arrows indicate pore volumes when flow interruptions occurred.
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Environmentally, the occurrence of vanadium in petroleum and coal is of
high significance because fuels constitute major sources of vanadium emissions to the atmosphere (Dechaine and Gray, 2010). A large fraction of the
vanadium-rich atmospheric particles may enter the soil environment as particulate fallout or dissolved in rain. Vanadate and vanadyl ions are versatile
at forming complexes that inhibit or stimulate activity of many enzymes by
specific mechanisms.
Here we present vanadium transport and adsorption results for two soils
with contrasting properties: a Sharkey clay (very fine, montmorillonitic,
nonacid, Vertic Haplaquept) and Cecil soil ((clayey, Kaolinitic, thermic Typic
Kanhapludult). The Sharkey soil has an organic matter content of l.4l%o and
a pH of 5.9, whereas Cecil soil has an organic matter content of 0.74%o and a
pH of 5.6. Miscible displacement experiments were carried out using soil columns under saturated condition and state-flux was slowly saturated upward
with 0.01 N NH4Cl background solution for 4 d prior to V pulse application.
A vanadium pulse of 100 mg L–1 of NH4VO3 in 0.0l N NH4Cl was applied
to each column and was followed by 0.0l N NH4Cl solution. The effluent
solution from each column was collected using a fraction collector. To assess
the impact of the presence of P on vanadium mobility in the soil columns,
100 mg L–1 of P as -NH4H2PO4 was mixed with the vanadium pulse solution.
Moreover, periods of stop-flow (or flow interruption) of 2 d duration were
implemented to test whether equilibrium or kinetic processes are the dominant transport mechanism.
Vanadium adsorption by the two soils represents contrasting behavior
with regard to intensity as well as kinetics. Sharkey soil exhibited stronger affinity for vanadium than Cecil soil. In addition, Cecil soil, which is
predominantly kaolinitic, exhibited extremely limited kinetic reaction (see
Figures 7.35 and 7.36). When compared to 1 d retention, after 4 d of reaction
an increase of only 30% was observed. In contrast for Sharkey soil, which
is predominantly montmorillonitic, there was a threefold increase in vanadium adsorption when compared to 1 d sorption. The Kd values for Cecil
soil were 1.70 and 2.31 L/kg, after 1 and 4 d sorption, respectively. The corresponding Kd values for Sharkey soil were 73.03 and 360.91 L/kg, after 1
and 21 d sorption, respectively. The presence of P resulting in decreasing the
amount of V sorbed varied among the two soils. In fact, the impact of P on
reduced vanadium sorption was greatest for Sharkey soil, where a onefold
decrease was observed. In contrast, only 50% decrease in vanadium sorption
was observed for Cecil soil (Figures 7.35 and 7.36).
The mobility of vanadium (V) as well as phosphorus (P) is presented by
the BTCs presented in Figures 7.37 and 7.38. These BTC’s represent different
column scenarios. In column 1, a pulse of vanadium was followed by a pulse
of phosphorus, which was subsequently followed by a pulse of a mixed
solution of P plus V. In Figure 7.37, the sequence of pulse applications was P
followed by a pulse of V and subsequently by a mixed pulse. For column 2
shown in Figure 7.38, the soil column received three consecutive pulses of
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FIGURE 7.35
Vanadium isotherms after 1 and 4 d retention for Cecil soil. Isotherms are also presented in the
presence of 100 mg of P in the soil solution.

mixed solution (P plus V). The BTCs clearly indicate higher affinity for V
over P for all cases presented here. This was evident when three consecutive
pulses were introduced in the Cecil soil column, as illustrated in Figure 7.38.
For the case shown in Figure 7.37, both P and V peaks represent the input
pulse solution during all three pulses. Based on peak concentration and
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FIGURE 7.36
Vanadium isotherms after 1 and 21 d retention for Sharkey soil. Isotherms are also presented
in the presence of 100 mg of P in the soil solution.
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Breakthrough curve results of V and P from Cecil soil (column 1). The pulse sequence was V,
P, and V and P sequentially.
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FIGURE 7.38
Breakthrough curve results of V and P from Cecil soil (column 2). The pulse sequence was P,
V, and V and P sequentially.

243

Competitive Sorption and Transport

arrival time for each BTC, Cecil soil exhibited higher affinity for V than P.
This result was consistent for all three consecutive pulses. The location of
the BTC maximum was the same for both P and V. This suggests that the
retention mechanisms for P as well as V on Cecil soil were similar. However,
a major difference is that the amount that appears to be irreversibly sorbed
(or slowly released) is larger for V than P. We infer the extent of irreversible
sorption (or slow release) based on the area under the BTCs. Moreover, the
extensive tailing during leaching or desorption also suggests nonlinear and/
or kinetic retention mechanisms for both V and P (Mansell et al., 1992).
Competition between V and P for the same retention sites on soil surfaces
is evident when one compares the BTCs shown in Figure 7.37 with those in
Figure 7.38. The absence of P in the pulse solution resulted in a much higher
retention of V, with a much lower peak concentration when compared to the case
when both P and V were present in the input pulse solution. The extent of retention can be estimated from the area under the BTC for V in the first input pulse
where four times the amount of V was found in the effluent solution when P was
present. In addition, a subsequent P pulse displaced a significant portion of V
already retained by the Cecil soil during the first pulse. However, the opposite
was not as apparent when a P pulse followed a V pulse, as shown in Figure 7.39.
Phosphate-soil interactions exhibit various reactions, including kinetic,
reversible, and nonlinear sorption, often with some degree of irreversibility
(Mansell et al., 1992; Chen et a1., 1996). Nonlinear sorption occurs primarily due to reactions with Fe and Al oxides in the soil. The term sorption is
used in a general sense here to include P adsorption by mineral surfaces
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FIGURE 7.39
Breakthrough curve results of V and P from Cecil soil (column 3). The column received three
pulses of a mixed solution of P and V.
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and complexation with humic acids (Al and Fe may form bridges between
organic ligands and P ions). Irreversible sorption is considered to involve
chemisorption and fixation within mineral structures. Scientists generally
agree that many types of P retention processes can take place simultaneously. Less is known as to whether these reactions operate in series or in
parallel. Experimental techniques are available in the literature to monitor
sorption and fixation reactions. Although a mathematical model to completely describe P reactions in soil doesn’t exist, models that approximate
these reactions do. Multireaction sorption models constitute a class of such
approximations and offer a practical means of approximating P mobility during water flow in soils. In general, the sorption behavior of vanadate in soils
is similar to inorganic phosphate. However, V also reduces acid phosphatase activity in soil, which alters the rate of mineralization of organic matter
and may reduce phosphate bioavailability (Tyler, 1976). The interactions of V
with other ions present in the soil solution (e.g., phosphate) and its potential
mobility in the soil profile have not been fully investigated (Mikkonen and
Tummavuori, 1994). For all three columns with an input pulse containing
both P and V BTCs for P arrived earlier and with higher peak concentrations
than those for V. In addition, a decrease in effluent concentration due to flow
interruption was observed in all BTCs associated with the third pulse in all
three columns, which indicates increases in the amounts of P or V sorbed
(Figures 7.37 to 7.39). These observations are consistent for both P and V and
show the kinetic nature of the retention mechanisms. For Sharkey clay soil,
miscible displacement results illustrated the extent of P as well as V retention
in this montmorillonitic soil (results are not shown). For all input V concentrations, the presence of P resulted in a decrease in the amount of V sorbed
at all reaction times. This finding was consistent with that obtained for the
kaolinitic Cecil soil as well as a montmorillonitic Sharkey soil.
7.8.5 Copper–Magnesium
Copper is a heavy metal exploited in large quantities for economic value
which often leaves many abandoned Cu mines around the world. Drainage
water from the abandoned mines often contains high Cu concentrations and
can be of environmental concern (Amacher et al., 1995). An understanding of
the retention and transport of Cu in mine soils is necessary for minimizing
possible adverse effects from Cu mining.
We present retention and transport studies for two soils: Cecil soil and
McLaren soil (with pH of 4.1, organic matter content of 3.03%, and CEC of
3.3 meq/100 g). The Cecil soil was chosen as a benchmark soil and was previously characterized for its affinity for retention of several heavy metals
(Buchter et al., 1989). McLaren soil was obtained from a site near an abandoned Cu mine on Fisher Mountain, Montana. Acid mine drainage from the
abandoned mine flows into Daisy Creek below the mine, which is located
about two miles from Cooke City, Montana (Amacher et al. 1995). Results
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FIGURE 7.40
Breakthrough curves for Cecil soil (column I) with sulfate as the counterion.

from undisturbed soils near the minespoil are reported here. The minespoil
is characterized by high Cu contents and low pH.
Figures 7.40 and 7.41 show the effect of total concentration or ionic strength
of the input pulse solution on Cu breakthrough results. When Cu was introduced in Mg background solution with minimum change in ionic strength,
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Breakthrough curves for Cecil soil (column II) with sulfate as the counterion.
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Cu BTCs appear symmetrical in shape with considerable tailing and a peak
concentration of 40 mg L–1. The Mg BTC shows an initial increase in concentration due to slight increase in ionic strength followed by a continued
decrease during leaching. When Cu was introduced in the absence of a background solution, the total concentration decreased from 0.005 to 0.0015 M. As
shown in Figure 7.41, the Cu BTC showed a sharp increase in concentration
due to the chromatographic (or snow plow) effect (Selim et al., 1992). The
peak Cu concentration was 94 mg L–1, and the corresponding Mg concentration in the effluent decreased due to depletion of Mg during the introduction of Cu. The Mg concentration increased thereafter to a steady-state
level during subsequent leaching. This snowplow effect is a strong indication of competitive ion exchange between Mg and Cu cations. The amount
of Cu recovered in the effluent was 53% of that applied in the presence
of MgSO4 as the background solution, whereas only 38% was recovered
when no background solution was used. Therefore, miscible displacement
experiments indicated that there was strong ion exchange between Cu and
Mg cations, which was also affected by the counterion used. Effluent peak
concentrations were three- to fivefold that of the input Cu pulse, which is
indicative of pronounced chromatographic effect.
7.8.6 Cadmium–Phosphate
The influence of the presence of P on Cd sorption in soils is illustrated by
the family of Cd isotherms shown in Figure 7.42 where different initial P
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FIGURE 7.42
Cadmium adsorption isotherms for Webster soil after 24 h of sorption in the presence of various P concentrations. Solid curves are simulations using the Freundlich equation.
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FIGURE 7.43
Cadmium and P breakthrough curve results for a Webster soil column that received pulses of
Cd and P. The solid and dashed curves are multireaction model predictions.

concentrations were added (0 to 100 mg/L). All Cd isotherms appear nonlinear regardless of the initial P concentration in solution in Webster soil.
The influence of P on increased Cd sorption was clearly manifested by the
increased Freundlich distribution coefficient K F from 532 to 601 ml/g for initial P concentrations of 0 and 100 ml/g. In contrast, the nonlinear parameter
N did not exhibit much variation (0.50 to 0.54) for all P concentrations.
In Figure 7.43, the BTCs for Cd and P are presented for a Webster soil column that received a Cd pulse followed by a P pulse, that is, sequential pulses.
Figure 7.44 shows BTCs for Cd and P for a Webster soil column that received
two consecutive pulses of a mixed P and Cd solution. Cadmium BTCs indicate strong retention with low Cd concentration in the effluent solution,
especially for the mixed column. Peak concentration of the BTC results was
70 mg/L (C/Co of 0.37); compared to 30 and 60 mg/L associated with the first
and second pulses of the mixed column. Based on the area under curve, the
amount of Cd recovery was 28% for the sequential column and only 18% for
the mixed column, which indicates higher sorption of Cd in the presence of
P. The observed strong Cd retention exhibited by the results of Figures 7.43
and 7.44 is supported by the sorption isotherm shown in Figure 7.42, which
indicates high Cd sorption, which is likely due to high clay content, organic
matter, amorphous Fe and Al, and the presence of carbonates. In addition,
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FIGURE 7.44
Cadmium and P breakthrough curve results for a Webster soil column that received two mixed
pulses of Cd and P solution. The solid and dashed curves are multireaction model predictions.

x-ray diffraction analysis indicates that for Webster soil, smectite is the dominant clay type.
The solid curves shown in Figures 7.43 and 7.44 are multireaction transport model (MRTM) simulations for the two Webster columns. For the
sequential column, the model provided a good description of Cd as well
as P results, with R 2 of 0.96 for Cd and 0.95 for P. For the mixed column, the
respective values were 0.85 and 0.86. Overall good model description of the
BTCs for Cd and P were achieved for the sequential and mixed columns.
Peak P concentration and the tailing of the BTC were not well described by
the model, however. The model version that provided the best prediction
for Cd was that which assumed only kinetic reactions. Other model versions that account for equilibrium sorption resulted in the finite-difference
solution of the convection-dispersion transport equation being unstable
and convergence was not attained. This is an indication that all Cd retention mechanisms for Webster soil are dominated by kinetic or time-dependent reactions. For P, the dashed curves shown in Figures 7.43 and 7.44, the
MRTM versions were fully kinetic which included reversible and irreversible P retention. The breakthrough results for P indicate that for both the
sequential and mixed columns more than 90% P recovery was obtained.
These results were not expected and a significant amount of P sorption was
anticipated based on the soil properties of this soil. In fact the lack of P sorption by the soil columns is in contrast to strong sorption of P for this soil
with K F of 134 and b of 0.682. These results suggest that the presence of Cd
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resulted in reduced P retention and enhanced mobility and bioavailability
in this soil. Similar findings were obtained for three other soils having a
wide range of soil properties.
7.8.7 Silver–Zinc
Silver ion is one of the most toxic forms of all heavy metals, surpassed only
by mercury, and thus has been assigned to the highest toxicity class, together
with cadmium, chromium, copper, and mercury (Ratte, 1998). The principle
sources of silver are zinc, copper, gold, and lead mines. Because of its wide
use, silver is regarded as a significant metal and effort over the last several
decades has been devoted to understanding the geochemical reactions of
silver (Ag) with other heavy metals in the soil-water environment. Because
of increased use of silver in different industries, including the pharmaceutical industry, discharges containing silver are often reported. Release from
industry and from disposal of sewage sludge and refuse are major sources
of soil contamination with silver. The major source of elevated silver levels in
cultivated soils is from the application of sewage sludge and sludge effluents
as agricultural amendments.
Examples illustrating the extent of mobility of Ag and the influence of the
presence of Zn on Ag mobility in Windsor soil are presented in Figures 7.45
to 7.47. Ag and Zn were applied to the soil column as Ag(NO3)2 and Zn(NO3)2.
The BTC for Ag illustrates extensive transport of Ag with high peak concentrations regardless of the presence of Zn. In Figure 7.46, BTCs for Ag and Zn
are presented from the mixed pulse and show early arrival in the effluent
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FIGURE 7.45
Breakthrough curve results for Ag from a Windsor soil column that received a pulse of Ag
solution. Solid and dashed curves are simulations using the multireaction and linear models.
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FIGURE 7.46
Breakthrough curve results for Ag and Zn from a Windsor soil column that received a mixed
pulse with Ag and Zn solution. Solid curves are simulations using the multireaction model.
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FIGURE 7.47
Comparison of breakthrough curves for Ag from two Windsor soil columns. One received a
Ag pulse only; the second received a mixed pulse of Ag and Zn solution. Solid and dashed
curves are simulations using a multireaction model.
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solution (1.8 pore volumes) for both Zn and Ag. In Figure 7.47, significant
difference in the arrival time of Ag in the presence and absence of Zn is
illustrated. Moreover, the presence of Zn resulted in a slight increase of Ag
sorption with an influent recovery of 35% compared to 38% in the absence
of Zn.
The solid and dashed curves shown in Figures 7.45 to 7.47 are multireaction
model simulations of Ag and Zn in the Windsor soil columns. Good model
predictions for both Ag and Zn were obtained as depicted by the prediction
of the effluent front, peak concentration maxima, and the slow release during
leaching. However, when a linear model was used, predictions were considered less than adequate. In addition, a decrease in effluent concentration
due to flow interruptions was observed in all BTCs. These are consistent for
both Ag and Zn and show the kinetic nature of their retention mechanisms,
which were well predicted by the multireaction models.
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8
Mobile, Immobile, and Multiflow
Domain Approaches
Nonequilibrium transport of solute in soils and geological media is commonly attributed to two main processes: (1) the rate-limited mass transfer of
aqueous species to or from the regions with limited or no advective flow; and
(2) the time-dependent chemical reaction at the surfaces of solid materials.
The first process is often referred to as transport-related nonequilibrium or
physical nonequilibrium and the second process is referred to as reactionrelated nonequilibrium or chemical nonequilibrium. As a result of pedogenic
processes, soils and geological media are often characterized by extensive
chemical and physical heterogeneities. Soil heterogeneity has a profound
effect on the transport of chemicals in the soil profile. The physical heterogeneity is mainly attributed to the highly nonuniform pore space as a result of
the soil aggregates, soil layers, as well as cavities developed from natural and
anthropogenic activities. The highly irregular flow field resulting from the
spatial variance of pore sizes and connectivity is a major driving force of the
nonequilibrium transport of solutes in soils (Biggar and Nielsen, 1976; Dagan,
1984). Conceptually, the nonequilibrium transport of nonreactive solutes in
structured soils can be described as a rapid movement of water flow and solutes within preferential flow paths and a diffusive mass transfer of solutes to
a stagnant region. This mobile-immobile dual-region concept is the foundation of the mathematical models used for simulating the physical nonequilibrium transport (van Genuchten, 1981; Reedy et al., 1996; Simunek et al., 2003).

8.1 Matrix Diffusion
In general, the nonequilibrium mass transfer of solutes in soils proceeds in
two stages: (1) external or film diffusion from flow water to the solid interface; and (2) internal diffusion through the porous network of soil aggregates
(Brusseau, 1993). Film diffusion is of importance only at low flow velocities.
Under environmental conditions, diffusive mass transfer in the micropores
inside soil aggregates is an important process influencing the mobility of
reactive metals in soils. The intra-aggregate diffusion serves as a reservoir in
the transport of contaminants by spreading them from flowing water to the
257
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immobile region of stagnant pore water. Furthermore, the diffusion of reactive solutes inside soil matrix increases their contact with reaction sites on
the surfaces of minerals and organic matters. The time-dependent process
can significantly impact the extent and rate of geochemical and microbial
reactions with the solid phase.
Matrix diffusion can be manifested in the laboratory by examining the
asymmetric breakthrough curves from miscible displacement experiments
with nonreactive tracers. Experimental and modeling studies have demonstrated that the mass transfer process can be influenced by aggregate
shape, particle size distribution, and pore geometries. Brusseau (1993) performed column experiments using four porous media with different physical properties to investigate the influence of solute size, pore water velocity,
and intraparticle porosity on solute dispersion and transport in soil. It was
concluded that solute dispersion in aggregated soil was caused by hydrodynamic dispersion, film diffusion, intraparticle diffusion, and axial diffusion at low pore water velocities, whereas for sandy soils, the contribution
of intraparticle diffusion and film diffusion is negligible and hydrodynamic
dispersion is the predominant source of dispersion for most conditions.
The flow interruption technique has been employed to detect and quantify the rate and extent of physical nonequilibrium during solute transport
in heterogeneous porous media. A flow interruption stops the injection of
fluids and tracers, allowing more time for reactive tracers to interact with the
solid phase and for all tracers to diffuse into or out of the matrix. Reedy et al.
(1996) conducted nonreactive tracer (Br–) miscible displacement experiments
with a large, undisturbed soil column of weathered, fractured shale from a
proposed waste site on the Oak Ridge Reservation. The tracer flow was interrupted for a designated time to quantify the diffusive mass transfer of a nonreactive solute between the matrix porosity and preferential flow paths in
fractured subsurface media. Decreased and increased tracer concentrations
were observed after flow interruption during tracer infusion and displacement, respectively, when flow was reinitiated.

8.2 Preferential Flow
Preferential flow is primarily due to the naturally occurring soil structure,
which consists of pores having different diameters, cracks formed by soil
shrinking during drying and wetting cycles, various macropores, and channels created by decaying plant roots and earthworms. Luxmoore (1981) suggested that macropores are those with diameters greater than 0.1 mm in size.
In shrink-swell clay soils such as Sharkey clay, cracks 2 to 4 cm in width and
12 to 15 cm deep are not uncommon during drying periods. Preferential or
macropore flow is of particular significance in heavy textured soils because
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they can increase infiltration and may result in bypass flow where water and
solutes move rapidly through the soil profile with limited interaction with
the soil matrix.
Macropores are essentially considered as noncapillary pores, and it can be
assumed that flow occurs in macropores only in the presence of free water at
the soil surface. However, several observations indicate that macropore flow
occurs in very dry soils at the onset of a rain. This is of significance in the
movement of reactive chemicals to lower depth due to water flow in macropores. In general, preferential flow occurring via distinct flow pathways in
fractures and macropores can significantly influence the movement of heavy
metals through soils. Preferential and nonequilibrium flow and transport
are often difficult to characterize and quantify because of the highly irregular flow field as a result of the high degree of spatial variance in soil hydraulic conductivity and other physical characters (Biggar and Nielsen, 1976). A
significant feature of preferential flow is the rapid movement of water and
solute to significant depths while bypassing a large part of the matrix porespace. As a result, water and solutes may move to far greater depths, and
much faster, than would be predicted using averaged flow velocity (Jury and
Flühler, 1992). The consequence of the preferential flow is the nonequilibrium transport processes where solute in fast flow regions does not have
sufficient time to equilibrate with slowly moving resident water in the bulk
of the soil matrix. Therefore, the breakthrough curves of the solute transport through preferential flow often exhibit a sharp front indicating early
breakthrough in the rapid flow region, and long tailing as a result of the ratelimited transfer of solutes from the slow flow region to the fast flow region
(Jury and Flühler, 1992).
Since macropores in structured soils can conduct water rapidly to deeper
soil horizons, while bypassing the denser, less permeable soil matrix (Jarvis,
Villholth, and Ule´n, 1999), an application of reactive chemicals during dry
seasons can cause their rapid transport and to an extensive depth in the soil
profile. It is commonly accepted that reactive chemicals move down the soil
profile through these preferential flow pathways after application of sewage sludge, wastewater, or smelter residues. Sterckeman et al. (2000) reported
that concentrations of Cd, Pb, and Zn increased down to a 2 m depth in soils
near smelters. They suggested that earthworm galleries were the main pathways for accelerated particulate metal migration. Conventional laboratory
transport studies using column leaching techniques with homogenized soil
samples are not capable of capturing the increased mobility of heavy metals
through preferential flow. Studies using undisturbed soil samples where the
pore structure is kept intact are useful in evaluating the potential of transport through preferential flow. For example, the column leaching experiment
of Cd, Zn, Cu, and Pb conducted by Camobreco et al. (1996) showed that the
metals were completely retained in homogenized soil columns. In contrast,
the preferential flow paths in the undisturbed soil columns allowed metals to pass through the soil profile. Distinctively different characteristics of
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metal breakthrough curves were observed for the four undisturbed soil columns, reflecting different preferential flow paths. Similarly, Corwin, David,
and Goldberg (1999) demonstrated with a lysimeter column study that without accounting for preferential flow, 100% of the applied As was isolated in
the top 0.75 m over a 2.5-year period. However, when preferential flow was
considered and a representative bypass coefficient was used, about 0.59% of
applied As moved beyond 1.5 m. Han et al. (2000) quantified the distribution
of several heavy metals in a clay soil grown to pasture which had received
poultry waste applications over 25 years. They found significant concentration for Zn up to 1 m when compared to nonamended soil.

8.3 Mobile-Immobile or Two-Region
One of the most popular mechanistic models that is currently used to model
the physical nonequilibrium that results from either the presence of aggregates or macropores was presented by van Genuchten and Wierenga (1976),
which was based on the scheme developed in petroleum engineering by
Coats and Smith (1964). The great simplicity of this model is that one fraction of the soil water Θim is considered, for transport purposes, to be stagnant. This immobile water may be residing in the intra-aggregate domain,
or within the micropores of the matrix. Furthermore, mobile soil water Θm
may be regarded as water residing between the aggregates or flowing in
the macropores. This arbitrary division of mobile and immobile soil water
fractions is not realistic. Nevertheless, because of its simplicity it provides
a convenient analytical tool to assess the influence of mobile-immobile on
preferential flow (Clothier, Kirkham, and Mclean, 1992).
For soils dominated by macropores that are connected within a microporous matrix, an earlier-than-expected arrival of solute will occur due
to preferential transport along the larger and multiconnected macroporcs
(Figure 8.1). This higher velocity transport, coupled with mechanical mixing between the variously sized macropore networks, will result in a breakthrough of inert solute in which the smearing is dominated by hydrodynamic
dispersion. The relative role of diffusion from the macropores will depend
on the comparative size of the macropores. In the lower limit the pore sizes
will be of the same order, and the flow will become uniform since local equilibrium will prevail.
As stated earlier, several experimental studies showed evidence of early
breakthrough results and tailing with nonsymmetrical concentration distributions of effluent breakthrough curves (BTCs). Discrepancies from symmetrical or ideal behavior for several solutes led to the concept of solute transfer
between mobile and immobile waters. It is commonly postulated that tailing
under unsaturated conditions was perhaps due to the fact that larger pores
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Local non-equilibrium Transport
Ci

Ci

Co

Co

Intra-aggregate
diffusion

Macroporous
dispersion

FIGURE 8.1
Local nonequilibrium transport through an aggregated soil where preferential flow is dominated by intraaggregate diffusion (left) and in a macroporous soil where solute breakthrough
is controlled by hydrodynamic dispersion. (From B. E. Clothier, M. B. Kirkham, and J . E.
Mclean. 1992. Soil Sci. Soc. Am. J. 56: 733–736. With permission.)

are eliminated for transport and the proportion of the water that does not
readily move within the soil increased. This fraction of water was referred
to as stagnant or immobile water. A decrease in water content increases the
fraction of air-filled macropores resulting in the creation of additional dead
end pores which depend on diffusion processes to attain equilibrium with a
displacing solution. However, the conceptual approach of mobile-immobile
or two-region behavior is perhaps more intuitively applicable for well-structured or aggregated soils under either saturated or unsaturated flow.
8.3.1 General Formulation
The equations describing the movement for a nonreactive solute through a
porous medium having mobile and immobile water fractions are:
Θm

∂C m
∂C m
∂ 2C m
= Θ mD
− νmΘm
− α (C m − C im )
2
∂t
∂x
∂x

(8.1)

∂C im
= α(C m − C im)
∂t

(8.2)

and
Θ im

Equation 8.1 is a modified version of the convection-dispersion equation
where D is the hydrodynamic dispersion coefficient in the mobile water region
(cm2 h–1), Θm and Θim are mobile and immobile water fractions (cm3 cm–3),
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respectively. The terms Cm and Cim are the concentrations in the mobile and
immobile water (μg cm–3), and vm is the average pore-water velocity in the
mobile region (cm h–1). Also x is depth (cm) and t is time (h). It is also assumed
that the immobile water (Θim) is located inside aggregate pores (interaggregate) where solute transfer occurs by diffusion only. In Equation 8.2 α is a
mass transfer coefficient (h–1), which governs the transfer of solutes between
the mobile- and immobile-water phases in analogous manner to a diffusion
process.
The mobile-immobile concept represented by Equations 8.1 and 8.2 may be
generalized for the transport of reactive solutes. Incorporation of reversible
and irreversible retention for reactive solutes in Equations 8.1 and 8.2 yields:
Θm

∂C m
∂Sm
∂C m
∂ 2C m
+ fρ
= Θ mD
− νmΘm
− α (C m − C im ) − Q m
2
∂t
∂t
∂x
∂x

(8.3)

∂C im
∂Sim
+ (1 − f )ρ
= α(C m − C im) − Q im
∂t
∂t

(8.4)

and
Θ im

where ρ is soil bulk density (g cm–3). Here the soil matrix is divided into two
regions (or sites) where a fraction f is a dynamic or easily accessible region and
the remaining fraction is a stagnant or less accessible region (see Figure 8.2).
The dynamic region is located close to the mobile phase, whereas the stagnant region is in contact with the immobile phase. Moreover, Sm and Sim are
the amounts of solutes sorbed in the dynamic and stagnant regions (μg per
gram soil), respectively. Also Qm and Qim are sink (or source) terms associated with the mobile and immobile water regions, respectively. Therefore,
Qm and Qim represent rates of irreversible-type reactions. These terms must
be distinguished from Sm and Sim, which represent reversible sorbed solutes
in the dynamic and stagnant regions, respectively.
The mobile-immobile approach has been successful in describing the fate
of several pesticides in soils when linear and Freundlich reversible reactions
were considered (van Genuchten, Wierenga, and O’Connor, 1977). However,
it is often necessary to include kinetic rather than equilibrium reactions to
account for the degradation of pesticides in soils (Rao et al., 1979). The mobileimmobile approach has been successfully used to describe heavy metal
transport in soils when adsorption was considered as a Langmuir kinetic
along with a first-order irreversible reaction (Selim and Amacher, 1988). The
mobile-immobile is approach has had only limited success when extended to
describe the transport and exchange of ions in soils for binary (Ca-Mg) and
ternary (Ca-Mg-Na) systems (for a review see Selim, 1992).
The mobile-immobile concept is commonly referred to as the tworegion model and is regarded as a mechanistic approach where physical
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(a)
Dynamic soil region (fp g/cm3)
Mobile water (8 m)
AIR
Immobile water (8 im)
Stagnant soil region ((l–f )p g/cm3)

Dynamic
region

Stagnant
region

(b)
FIGURE 8.2
Schematic diagram of unsaturated aggregated porous medium. (A) Actual model; (B) simplified model. The shading patterns in A and B represent the same regions. (From M. Th. van
Genuchten and P. H. Wierenga. 1976. Soil Sci. Soc. Am. J. 40: 473–480. With permission.)

nonequilibrium is a controlling mechanism of solute behavior in porous
media. On the other hand, chemically controlled heterogeneous reactions are the governing mechanisms for the two-site (equilibrium/kinetic)
approaches (see Chapter 5). However, one can show that the two models are
analogous mathematically. Therefore, analysis of data sets of effluent results
from miscible displacement experiments alone is not sufficient to differentiate between physical and chemical processes as causes for often observed
apparent nonequilibrium behavior in soils. The similarity of the two transport models also means that the two formulations can be used in macroscopic and semiempirical manner without having to delineate the exact
physical and chemical processes on the microscopic level (Nkedi-Kizza et
al., 1984; Selim and Amacher, 1988).
8.3.2 Estimation of α
One major assumption of the mobile-immobile model is that of uniform solute distribution in each water phase. In addition, solute transfer between
the two water phases is assumed to follow an empirical first-order diffusion
mechanism. An alternative to this approach is to assume spherical aggregate
geometry with water within the aggregates as the immobile water phase
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where solute distribution in the sphere is not considered uniform (Rao et al.,
1980a). Moreover, solute diffusion into the aggregates can be governed by
Fick’s second law, which may be expressed in spherical coordinates as:
 ∂2 C im 2 ∂C im 
∂C im (rt)
= De 
+
∂t
r ∂r 
 ∂r 2

(8.5)

where De (= Doτ2) is an effective molecular diffusion coefficient, Do is molecular diffusion in water, τ2 is a tortuosity factor (<1), and r is the radial coordinate in a sphere of diameter a. Here, De was assumed to be independent of
concentration within the aggregate Cim. Average concentration in the sphere
can be calculated using:
__ im

C (t) =

3
a

a

∫r C
3

im

(r , t) dr

(8.6)

0

As a result, Rao et al. (1980a, 1980b) derived an approximate expression for
α assuming spherical aggregates as:
 D Θ im 
α =  e 2  α * (t)
 a 

(8.7)

where the parameter α* is estimated based on the aggregate size a, Do, t, and
F, the fraction of the mobile to total water content (F = Θm /Θ). As a result, this
α or α(t) in Equation 8.7 is time dependent and approximates the diffusion
process in a sphere. In an earlier attempt to arrive at an expression for an
overall dispersion D for nonreactive solute transport in spherical aggregates,
Passioura (1971) approximated the overall D for soils composed of spherical
aggregates as:
D = Dm F +

(1 − F )a 2 v 2
15De

(8.8)

with the constraint
(1 − F )De L
> 0.3
a2 v2

(8.9)

where L is solute transport length. As evidenced by Equation 8.8, when physical nonequilibrium is dominant, the overall D increases with increasing
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velocity and aggregate sizes. Equation 8.8 was extended to include a reactive
solute with a retardation factor R (van Genuchten and Dalton, 1986; Parker
and Valocchi, 1986):
D = Dm F +

(1 − F )a 2 v 2 (R im )2
15De R 2

(8.10)

where Rim is the retardation factor associated with the immobile phase, R is
an overall retardation factor (ΘR = Θim Rim + Θm Rm). Similar effective dispersion coefficients were obtained for rectangular aggregates with half width
of al as:
D = Dm F +

(1 − F ) al2 v 2 (R im )2
3De R 2

(8.11)

An overall D can also be derived from empirical first-order mass transfer where uniform solute distribution in the immobile water phase may
be assumed. This was carried out by De Smedt and Wierenga (1984), who
derived an expression for D for nonreactive solutes for long columns as:
D = Dm F +

Θ(1 − F )2 v 2
α

(8.12)

and for reactive solutes (van Genuchten and Dalton, 1986) as:
D = Dm F +

(1 − F ) al2 v 2 (R im )2
αR 2

(8.13)

Comparing Equations 8.8 and 8.12 an equivalent first-order transfer coefficient (αt) for spherical aggregates is thus obtained:
αt =

15De (1 − F ) Θ
a2

(8.14)

This equation can also be used using moment analysis (Valocchi, 1985) and
has been used in solute transport (Selim, Schulin, and Flühler, 1987; Selim
and Amacher, 1988). Similar α expressions were obtained for a rectangular
aggregate as:
α=

3De (1 − F ) Θ
al2

(8.15)
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As a result, a more general formulation for estimating αc is
αc =

nDe (1 − F ) Θ
ae2

(8.16)

where n is a geometry factor and a is an average effective diffusion length.
Details can be found in van Genuchten and Dalton (1986) and van Genuchten
(1985). Equation 8.14 has been used to estimate solute transport in porous
media (Selim and Gaston, 1990; Goltz and Roberts, 1988).
8.3.3 Estimation of Θm and Θim
A common way of estimating the mobile and immobile water content is by
use of curve fitting of tracer breakthrough results (Li and Ghodrati, 1994;
van Genuchten and Wierenga, 1977). De Smedt and Wierenga (1984) found
Θim = 0.8530 is applicable for unsaturated glass beads with diameters in the
neighborhood of 100 μm. Alternatively, a direct method of estimating Θm
and Θim is by measuring the soil water content at some arbitrary water tension (ψ). Smettem and Kirkby (1990) used water content at ψ = 14 cm as the
matching point between the interaggregate (macro-) and the intraaggregate
(micro-) porosity by examining the ψ – Θ soil moisture characteristic curve.
Jarvis, Bergstrom, and Dik (1991) estimated macroporosity from specific
yield under water tension of 100 cm. Other water tensions used to differentiate macropores from micropores are 3 cm (Luxmoore, 1981), l0 cm (Wilson,
Jardine, and Gwo, 1992), 20 cm (Selim, Schulin, and Flühler, 1987), and 80 cm
(Nkedi-Kizza et al., 1982). A list of water tensions used by different authors
was provided by Chen and Wagenet (1992). The equivalent diameters at these
water tensions range from 10 to 10,000 μm. Another experimental measurement of Θim is based on the following mass balance equation:
ΘR = Θm Rm + Θim Cim

(8.17)

When α is small enough to assume Cim = 0 and Co (input concentration) at
certain infiltration time t, the approximate equation is obtained:
Θm = Θ

C
C
=Θ
Cm
Co

(8.18)

Applications of this method can be found in Clothier, Kirkham, and Mclean
(1992) and Jaynes et al. (1995). By assuming that a tracer concentration in the
mobile water phase (Cm) equals input solution concentration (Co), Jaynes et al.
(1995) derived the following formula from Equations 8.2 and 8.18:
 Θ im 

C
αt
ln  1 −  = − im + ln 

Co 
Θ
 Θ 

(8.l9)
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α and Θim can be estimated by plotting ln(l – C/Co) versus application
(infiltration) time. However, the assumption of Cim = Co associated with this
method is questionable and may not be correct as long as α is not equal
to 0. A slightly different approach was used by Goltz and Roberts (1988) to
estimate the fraction of mobile water as the ratio of velocity calculated from
hydraulic conductivity to the velocity measured from tracer experiment.
8.3.4 Experimental Evidence
Traditionally, solute transport through structured subsurface media is conceptualized as both a rapid transport process occurring within preferential flow
paths (fractures and macropores) and a diffusive mass transfer process that
occurs between the rapid flow region and a stagnant region (micropores), for
example, the mobile-immobile concept (Nkedi-Kizza et al., 1982; Parker and van
Genuchten, 1984). The disparity in solute mobility in the different pore regions
results in concentration gradients between regions, that is, physical nonequilibria, whereby diffusive mass transfer serves to reestablish equilibrium.
Physical nonequilibrium is often investigated by employing a miscible displacement technique with the continuous injection of a nonreactive tracer
and the observation of an asymmetric breakthrough curve (Smettem, 1984;
Schulin et al., 1987; Buchter et al., 1995). Under certain conditions, nonequilibrium cannot be readily distinguished when analyzing data obtained
with the typical continuous flow column experiment (Brusseau et al., 1989).
There are several tracer studies in the literature that illustrate deviations of
experimental breakthrough results from predictions based on the convection-dispersion equation for homogeneous porous media where physical
nonequilibrium was not considered. The tritium BTCs shown in Figures 8.4
and 8.5 illustrate lack of equilibrium conditions and is commonly considered
evidence of physical nonequilibria.
Another technique known as flow interruption or simply stop flow has been
frequently used to assess nonequilibrium processes in miscible displacement experiments. This method is based on the “interruption test,” which
was developed in chemical engineering to distinguish between systems that
were controlled by intraaggregate diffusion and those controlled by film diffusion. Murali and Aylmore (1980) are perhaps the earliest to implement the
flow interruption technique during the displacement of several ions through
a finely ground soil.
The flow interruption technique has been used to a much lesser extent
to assess the significance of physical nonequilibria during solute transport
(Koch and Flühler, 1993). Hu and Brusseau (1995), and Reedy et al. (1996)
among others, implemented the flow interruption method to quantify physical nonequilibria processes during displacement of a conservative mobile
dye tracer or bromide in packed columns. Their results suggested that distinct physical nonequilibria mechanisms influenced the mobility and shape
of the breakthrough results. Such examples where nonreactive or nonsorbing
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tracers were used showed the significance of diffusion during solute transport in aggregated media.
The mobile-immobile approach described above, which is commonly
referred to as the two-region model, is regarded as a mechanistic approach
where physical nonequilibrium causes solute transfer between regions. Flow
interruption can be accounted for in the above formulation by simply assuming the flux v as zero and D = Do during interruption, where Do is the effective molecular diffusion coefficient. As a result, Equation 8.1 is reduced to the
commonly known diffusion equation:
Θm

∂C m
∂ 2C m
= Θ mDo
− α (C m − C im )
∂t
∂x2

(8.20)

Therefore, during flow interruption, we assume that transport of nonreactive solutes can be described by molecular diffusion within the mobile
water phase. Thus, during flow interruption, the exchange of solute between
mobile and immobile phases is assumed to follow the simple mass transfer
in Equation (8.20).
The examples presented here to illustrate physical nonequilibria are those
of the work of Reedy et al. (1996) where transport of the nonreactive tracer
bromide (Br) in packed columns was investigated. Reedy et al. (1996) carried out a series of experiments to examine the time dependency of the
diffusive mass transfer process by imposing flow interruptions of increasing duration (0.25 to 7 d) on tracer experiments conducted at similar fluxes
(Figure 8.6). Stop flow or simply flow interruption during tracer pulse application resulted in decreased Br concentrations, whereas flow interruption
during tracer leaching or displacement resulted in increased Br concentrations when flow was reinitiated (Figure 8.6). These observed concentration
perturbations resulting from flow interruption are indicative of solute diffusion between the two regions (fracture and matrix) of the porous medium.
Conditions of preferential flow create concentration gradients between
pore domains, resulting in diffusive mass transfer between the regions.
Concentration perturbations observed in Figure 8.6 were driven by solute
concentration gradients established between pore regions, that is, physical
nonequilibria. Upon stop flow, the decrease in relative concentration indicates that solute diffusion is occurring from the larger, more conductive
pores, into the smaller pores. During tracer displacement or leaching, Br
concentrations within the preferred flow paths are lower than those within
the matrix. The relative concentration increase after the second interruption
indicates solute diffusion from smaller pore regions back into larger pore
regions (Figure 8.6).
The extent of concentration perturbations can be observed in the Br BTC
with increased interruption time. As the duration of stop flow increased,
the concentration perturbation increased, which suggests that the diffusive
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process was far removed from equilibrium after short flow interruption
durations, and that a significant time period was required to alleviate the
concentration gradient that was established between large and small pore
domains during flowing conditions. In addition, one value of the parameter α was used to obtain these simulations for the different columns having
increasing stop flow duration. This finding is significant and lends credence
to physical nonequilibria in soils.
The concentration perturbations that result from flow interruptions place
a constraint on the model simulations such that a limited range in certain
parameter values was acceptable for matching the observed data. As shown
in Figure 8.7, model simulations are highly dependent on the parameter F
where the solid curve represents best simulation of the experimental data.
Large values of F described the rapid breakthrough of the bromide tracer
as well as the ascending and descending limbs of the BTC. However, the
concentration perturbation at the stop flow was completely absent. Smaller
values of F well described the influence of flow interruption. However, the
model grossly overestimated the rapid breakthrough of the tracer. Likewise,
only a limited range of α values could satisfactorily describe the experimental BTC.
Model sensitivity to a range of the mass transfer coefficient α in describing
Br breakthrough results is illustrated in Figure 8.8. The solid curve represents best simulation of the experimental data. Small values of α overpredicted the rapid breakthrough of tracer and the concentration perturbation
that resulted from flow interruption. Large values of α described a majority
of the BTCs; however, the simulated concentration perturbation was absent.
If stop flow interruption was not accounted for in the model to describe the
experimental data, the resulting simulations would be less than optimum.
Flow interruption places a constraint on the modeling effort that is advantageous for predictions of observed transport data.

8.4 A Second-Order Approach
In the previous chapter, the second-order reactions associated with sites 1
and 2 were considered as kinetically controlled, heterogeneous chemical
retention reactions (Rubin, 1983). One can assume that these processes are
predominantly controlled by surface reactions of adsorption and exchange.
In this sense, the second-order model is along the same lines as the earlier
two-site model of Selim et al. (1976) and Cameron and Klute (1977). Another
type of two-site model is that of Villermaux (1974), which is capable of describing BTCs from chromatography columns having two concentration maxima.
In this section, the second-order concept is invoked where processes of solute retention were controlled by two types of reactions; namely, chemically
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controlled heterogeneous reaction and the other physically controlled reaction (Rubin, 1983). The chemically controlled heterogeneous reaction was
considered to be governed according to the second-order approach. In the
meantime, the physically controlled reaction is chosen to be described by
diffusion or mass transfer based on the mobile-immobile concept (Coats and
Smith, 1964; van Genuchten and Wierenga, 1976). A comparison between the
mobile-immobile concept and that of the two-site approach indicates that
the dynamic and stagnant regions for solute retention are analogous to sites
1 and 2 of the two-site concept. Nkedi-Kizza et al. (1984) presented a detailed
discussion on the equivalence of the mobile-immobile and the equilibriumkinetic two-site models.
An important feature of the second-order approach is that an adsorption maximum (or capacity) is assumed. This maximum represents the
total number of adsorption sites per unit mass or volume of the soil
matrix. It is also considered an intrinsic property of an individual soil
and is thus assumed constant. In previous two-region models, a finite
number of sites has not been specified and thus an adsorption maximum
is never attained (e.g., van Genuchten and Wierenga, 1976; Rao et al., 1979;
Brusseau et al., 1989; van Genuchten and Wagenet, 1989). Specifically, in
Equations 8.3 and 8.4, the dimensionless term f denotes the ratio or fraction of dynamic or active sites to the maximum or total adsorption sites
Smax (μg/g soil). In addition, the terms (ΜSm/Μt) and (ΜSim/Μt) represent
the rates of reversible heavy metal reactions between C in soil solution
and that present on matrix surfaces in the mobile (or dynamic) and the
immobile regions, respectively. Moreover, irreversible reactions of heavy
metals were incorporated in this model as may be seen by the inclusion
of the sink terms Q m and Qim (μg cm–3 h–1) in Equations 8.3 and 8.4, respectively. It is assumed that irreversible retention or removal from solution
will occur separately in the mobile and immobile water regions. However,
the governing mechanism of retention for each region was assumed to
follow first-order-type reactions. Specifically, it is assumed that irreversible retention for the mobile and immobile regions are considered in this
transport model as follows:
Qm = Θm ks Cm

(8.21)

Qim = Θim ks Cim

(8.22)

where ks is an irreversible rate coefficient (h–1) common to both regions. These
formulations for the sink terms do not occur elsewhere in the literature and
were first proposed by Selim and Amacher (1988). Since soil matrix surfaces
may behave in a separate manner to heavy metal retention, it is conceivable
that the rate of irreversible reactions in the mobile region is characteristically different from that for the mobile region. One way to achieve this is to
distinguish between the rate coefficient (ks) controlling the reaction for the
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two regions, for example, kms and kims in Equations 8.5 and 8.6, respectively.
However, such a distinction in reaction coefficients was not incorporated in
this model and a common parameter ks was thus used.
The retention mechanism associated with the mobile and immobile phases
of Equations 8.3 and 8.4 was considered as an equilibrium linear sorption by
van Genuchten and Wierenga (1976) and was extended to the nonlinear or
Freundlich type by Rao et al. (1979). Recently, multiple ion retention expressed
on the basis of ion-exchange equilibrium reactions was successfully incorporated into the mobile-immobile model by van Eijkeren and Lock (1984) and
Selim, Schulin, and Flühler (1987). Here, it is considered that reversible solute
reactions are governed by the second-order kinetic approach. Specifically, the
rates of reaction for Sm and Sim were considered as (Selim and Amacher, 1988):
ρ

∂Sm
= Θm k 1
∂t

m

C m − ρk 2 S m

(8.23)

im

C im – ρk 2 S im

(8.24)

and
ρ

∂S im
= Θ im k 1
∂t

where k1 and k2 are forward and backward rate coefficients (day–1), respectively. Here φm and φim represent the vacant or unfilled sites (μg per gram
soil) within the dynamic and the stagnant regions, respectively. In addition,
the terms φm and φim can be expressed as:
m

im

= Sm max − Sm = f Smax − Sm

(8.25)

= Sim max − Sim = (1 − f ) Smax − Sim

(8.26)

where Smax, Smaxm, and Smaxim are the total number of sites in the soil matrix,
total sites in the dynamic region, and the total in the less accessible region
(mg/kg soil), respectively. These terms are related by:
Smax = Sm max + Sim max

(8.27)

We also assume Smax to represent the combined total of occupied and unoccupied sites, that is, maximum adsorption capacity of an individual soil, and
it is regarded as an intrinsic property of the soil.
An important feature of the second-order retention approach (Equations
8.23 and 8.24) is that similar reaction rate coefficients (k1 and k2) associated with the dynamic and stagnant regions were chosen. Specifically, it is
assumed that the retention mechanism is equally valid for the two regions of
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the porous medium. A similar assumption was made by van Genuchten and
Wierenga (1976) for equilibrium linear and Freundlich-type reactions and by
Selim, Schulin, and Flühler (1987) for selectivity coefficients for homovalent
ion-exchange reactions. Specifically, as t → ∞, that is, when both the dynamic
(or active) sites and the sites in the stagnant region achieve local equilibrium,
Equations 8.23 and 8.24 yield the following expressions. For the active sites
associated with the mobile region:
Θm k 1

m

C m − ρk 2 S m = 0

as t → ∞

(8.28)

or
Sm
Θm k 1
=
= ω1
m m
ρk 2
C

as t → ∞

(8.29)

and for the sites associated with the immobile region we have:
Θ im k 1

im

C im − ρk 2 Sim = 0

as t → ∞

(8.30)

t→∞

(8.31)

or
Sim
Θ im k 1
=
= ω2
im
ρk 2
C

im

as

Here ω1 and ω2 represent equilibrium constants for the retention reactions
associated with the mobile and immobile regions, respectively. The formulation of Equations 8.30 and 8.32 are analogous to expressions derived
for the second-order two-site model discussed previously. In this sense,
the equilibrium constants ω1 and ω2 resemble the Langmuir coefficients,
with Smax as the maximum sorption capacity (Selim and Amacher, 1988).
These equilibrium constants are also analogous to the selectivity coefficients associated with ion exchange reactions (see Selim, Schulin, and
Flühler, 1987).
The dimensionless forms of Equations 8.3, 8.4, 8.23, and 8.24 are
Ωf

∂sm
∂c m µ ∂ 2 c m ∂c m
−
+µ
=
− α(c m − c im) − µ k s c m
∂T
∂T P ∂X 2 ∂X

(8.32)

1 − f ∂ sim
∂c im
+Ω
= α(c m − c im) − k s c im
1 − µ ∂T
∂T

(8.33)

∂ sim
= µ k 1 Φm c m − k 2 sm
∂T

(8.34)

∂ sim
= (1 − µ)k 1 Φ im c im − k 2 sim
∂T

(8.35)
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where
cm =

Cm
,
C0

c im =

C im
C0

(8.36)

sm = Sm/Smax, sim = Sim/Smax, Φm = φm/Smax, Φim = φim/Smax,

(8.37)

P = vL/DΘ,

(8.38)

= αL/v(1 – μ),

(8.39)

μ = Θm/Θ,

(8.40)

X = x/L,

(8.41)

T = vt/LΘ,

(8.42)

where T is dimensionless time equivalent to the number of pore volumes
leached through a soil column of length L, and P is the Peclet number
(Brenner, 1962). In addition, we have defined:
Ω = Smaxρ/CoΘ,

(8.43)

κs = ksΘL/v,

(8.44)

κ1 = k1 Θ2CoL/ρv,

(8.45)

κ2 = k2ΘL/v.

(8.46)

Here, κs, κ1, and κ2 are dimensionless kinetic rate coefficients that incorporate
v and L.
8.4.1 Initial and Boundary Conditions
The corresponding initial and boundary conditions associated with the second-order mobile-immobile model can be expressed as:
Cm = Cim = Ci (t = 0, 0 < x < L)

(8.47)

Sm = Sim = Si (t = 0, 0 < x < L)

(8.48)

∂C m
∂x

(8.49)

v Co = vC m − Θ m D

( x = 0, t < tp )
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0 = vC m − Θ m D

∂C m
∂x

∂C m
=0
∂x

( x = 0, t > tp )

( x = L, t ≥ 0)

(8.50)

(8.51)

These conditions are similar to those described earlier for the transport
of a solute pulse (input) in a uniform soil having a finite length L where a
steady water flux v was maintained constant. The soil column is considered
as having uniform retention properties as well as having uniform ρ and Θ.
It is further assumed that equilibrium conditions exist between the solute
present in the soil solution of the mobile water phase (i.e., interaggregate)
and that present in the immobile (or interaaggregate) phase. This necessary
condition is expressed by Equations 8.47 and 8.48. Uniform initial conditions were assumed along the soil column. It is assumed that an input heavy
metal solution pulse having a concentration Co was applied at the soil surface
for a time duration tp and was then followed by a solute-free solution. As a
result, at the soil surface, the third-type boundary conditions were those of
Equations 8.49 and 8.50. In a dimensionless form, the boundary conditions
can be expressed as:
1 = c m − Θm D

∂c m
∂x

(X = 0, T < Tp )

(8.52)

0 = c m − Θm D

∂c m
∂x

(X = 0, T > Tp )

(8.53)

and at x = L, we have
∂c m
=0
∂x

(X = L, T > 0)

(8.54)

where Tp is dimensionless time of input pulse duration of the applied solute
and represents the amount of applied pore volumes of the input solution.
8.4.2 Sensitivity Analysis
Figures 8.9 through 8.12 are examples of simulated BTCs to illustrate the
sensitivity of the proposed second-order reaction, when incorporated into
the mobile-immobile concept, to various model parameters. As shown,
several features of the mobile-immobile concept dominate the behavior of
solute transport and thus the shape of simulated BTCs. For this reason, we
restrict the discussion here to the influence of parameters pertaining to the
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proposed second-order mechanism. Specifically, the influence of κ1 and κ2,
and ω on solute retention were examined. Other parameters such as D and v
have been rigorously examined in earlier studies (Coats and Smith, 1964; van
Genuchten and Wierenga, 1976).
For the simulations shown in Figures 8.2 to 8.6, initial conditions, volume
of input pulse, and model parameters were identical to those used previously for the second-order two-site model, where Ci = Si = 0 within the mobile
and immobile regions. Specifically, the parameters chosen were: L = 10 cm, D
= 1 cm2 h–1, ρ = 1.2 g cm–3, f = 0.50, Θ = 0.40 cm3 cm–3, μ = Θm/Θ = 0.5, Co = 100
mg L–1, and a Peclet number P = 25. Moreover, unless otherwise stated, the
values selected for the dimensionless parameters κ1, κ2, κs, Ω, were 1, 1, 0, 5,
and 1, respectively. It is assumed a solute pulse was applied to a fully watersaturated soil column initially devoid of a particular heavy metal of interest.
In addition, a steady water flow velocity (v) was maintained constant with a
Peclet number P of 25. The length of the pulse was assumed to be three pore
volumes, which was then followed by several pore volumes of metal-free
solution.
The influence of the reaction rate coefficients on the shape of the BTCs
is illustrated in Figure 8.9. Here the values of κ1 and κ2 were varied simultaneously provided that κ1/κ2 (and ω1 and ω2) remained invariant. For the
nonreactive case (κ1 = κ2 = 0), the highest effluent peak concentration and
least tailing was observed. As the rate of reactions increased simultaneously,
solute peak concentrations decreased and excessive tailing of the BTCs was
observed. However, the arrival time or the location of peak concentration
was not influenced by increasing the rates of reactions.
The effect of increasing values of the equilibrium constant ω, which represents the ratio κ1/κ2, on the shape of BTCs is shown in Figure 8.3. Here a
constant value for κ2 of 1 was chosen, whereas κ1 was allowed to vary. For
all BTCs shown in Figure 8.10, the values of ω1 and ω2 were equal (since μ =
0.5). As a result we refer to simply ω rather than ω1 and ω2. The results indicate that as the forward rate of reaction (κ1) increased, an increase in solute
retardation or a right shift of the BTCs was observed. This shift of the BTCs
was accompanied by an increase in solute retention (i.e., a decrease of the
amount of solute in the effluent, based on the area under the curve) and a
lowering of peak concentrations. Similar behavior was observed for the influence of the dimensionless transfer coefficient ω on the shape of the BTCs as
may be seen from the BTCs in Figure 8.4. For exceedingly large values (>2),
the diffusion between the mobile and immobile phases became more rapid.
Therefore, equilibrium condition between the two phases is nearly attained
(Valocchi, 1985).
Figure 8.12 shows BTCs of a reactive solute for several values of Ω. The
figure indicates that the shape of the BTCs is influenced drastically by the
value of Ω. This is largely due to the nonlinearity of the proposed secondorder retention mechanism. As given by Equation 8.25, Ω represents the ratio
of total sites (Smax) to input (pulse) solute concentration (Co). Therefore, for
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Mobile‐Immobile Multi‐Reaction Model (MIM‐MRM)
Sem

Ssm

Ssim
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Ke
Cm
α
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Cim

k1
k2
k1
k2

Skm

Skim

k3

Sim

k3

Siim

Ke
Seim
FIGURE 8.3
A combined physical and chemical nonequilibrium model based on the mobile-immobile
model and multireaction retention approaches, respectively.

small values of Ω (e.g. Ω = 0.1), the simulated BTC is very similar to that
for a nonretarded solute due to the limited number of sites (Smax) in comparison to Co. In contrast, large values of Ω resulted in BTCs that indicate
increased retention as manifested by the right shift of peak concentration
of the BTCs. In addition, for high values of Ω, extensive tailing as well as an
overall decrease of effluent concentration was observed. The influence of the
parameter f, which represents the fraction of active or dynamic sites within
the mobile region to the total number of sites, on the behavior of solute retention and transport is shown in Figure 8.13 for several values of f. There are
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FIGURE 8.4
Breakthrough of tritium in a Webster soil column. Simulations are based on the convectiondispersion equation where equilibrium is assumed.
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FIGURE 8.5
Breakthrough of tritium in an Olivier soil. Simulations are based on the convection-dispersion
equation where equilibrium is assumed.

similar features between these BTCs and those illustrated in the previous
figures. For f = 1, all the sites are active sites and thus there is no solute retention by the sites present within the immobile region (i.e., stagnant sites). As
the contribution of the stagnant sites increases (or f decreases), the shape of
the BTCs becomes increasingly less kinetic, with significant increase of the
tailing of the desorption side of the BTCs.
In the BTCs shown in Figures 8.2 through 8.6, the irreversible retention
mechanism for heavy metal removal (via the sink term) was ignored. The
influence of the irreversible kinetic reaction (e.g., precipitation) is a straightforward one and is thus not shown. This is manifested by the lowering of
solute concentration for the overall BTC for increasing values of ks. Since a
first-order reaction was assumed, the lowering of the BTC is proportional to
the solution concentration. The influence of other parameters on the behavior of solute in soils with the second-order mobile-immobile model, such
as P, D, and v, have been studied elsewhere (van Genuchten and Wierenga,
1976).
8.4.3 Examples
The capability of the second-order mobile-immobile model to describe the
transport of heavy metals in soils was examined for hexavalent chromium
(Cr(VI)) by Selim and Amacher (1988). Their Cr(VI) miscible displacement
results and model predictions for three soils are shown in Figures 8.14 to 8.16.
To obtain the predictions, several assumptions were necessary for the estimation of model parameters. The sorption maximum (Smax) was estimated
from kinetic adsorption isotherms. In addition, the ratio of the mobile to
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FIGURE 8.6
Breakthrough of bromide in a structured soil with flow interruptions of 0.25, 0.75, and 7 d durations. Simulations are based on the mobile-immobile model.

total water contents (Θm/Θ) was estimated based on soil-moisture retention
relations for each soil. Selim and Amacher (1988) also assumed that the fraction of sites f is the same as the relative amount of water in the two regions,
that is, f = μ (= Θm/Θ). Such an assumption was made because independent
measurement of f is not available (van Genuchten and Dalton, 1986). Selim,
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FIGURE 8.7
Breakthrough of bromide in a structured soil. Simulations are based on the mobile-immobile
model for different values of the fraction of the mobile water (F).

Schulin, and Flühler (1987) successfully used such estimates of f for a wellaggregated soil. Estimates for α were obtained using:
α = 15 Da Θ

1− µ
a2

(8.55)

where μ = Θm/Θ and Da is the molecular diffusion coefficient in a soil consisting of uniform aggregates of radius a. The above equation was derived
by Parker and Valocchi (1986) and is based on time-moment analysis for
1.0
1.0

C/Co

0.8

0.8

0.6

F = 0.45
q = 41 cm d–1

0.4

0.0

3

4

5

6

α = 0.08 d–1
0.35 d–1
0.62 d–1

0.2
0.0

0.6

0

2

4

6
8
Pore Volumes

10

12

14

FIGURE 8.8
Breakthrough of bromide in a structured soil. Simulations are based on the mobile-immobile
model for different values of the transfer coefficient (α).
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FIGURE 8.9
Effluent concentration distributions for different values of κ1 and κ2 using the SOMIM model.
(From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of Heavy Metals in Soils.
Boca Raton, FL: CRC Press. With permission.)

spherical diffusion and for first-order kinetic (mobile-immobile) models.
Estimates for α are based on the assumption of average aggregate sizes of
0.01, 0.01, and 0.005 cm for Windsor, Olivier, and Cecil soils used, respectively. In addition, Da for Cr(VI) diffusion was assumed to be 10 –9 cm2 sec–2
for all three soils. Barber (1984) compiled diffusion coefficients for a number of ions in soils with values for phosphate (H2PO4–) ranging from 10 –8 to
10 –11 cm2 sec–1 (for water Da = 10 –6 cm2 sec–1). Since chromate and phosphate
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FIGURE 8.10
Effluent concentration distributions for different values of the parameter ω using the SOMIM
model. Values of κ1 and κ2 are also shown. (From H. M. Selim and M. C. Amacher. 1997.
Reactivity and Transport of Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)
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FIGURE 8.11
Effluent concentration distributions for different values of the dimensionless mass transfer
parameter (α) of the SOMIM model. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and
Transport of Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)

have somewhat similar behavior in soils, one can assume that diffusion coefficients for chromate would be equivalent to those for phosphate. These values of Da and a were also used to estimate the hydrodynamic dispersion
coefficient (D) in the mobile-water region using (Parker and Valocchi, 1986):
D=

1.0

(8.56)
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FIGURE 8.12
Effluent concentration distributions for different values of the parameter Ω of the SOMIM
model. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of Heavy Metals in
Soils. Boca Raton, FL: CRC Press. With permission.)
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FIGURE 8.13
Effluent concentration distributions for different values of the fraction of active sites f m of the
SOMIM model. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport of Heavy
Metals in Soils. Boca Raton, FL: CRC Press. With permission.)

where v is the pore water velocity (v/Θm). Values for the dispersion coefficient
De used in the above equation were averages of those obtained from BTCs of
tritium and chloride-36 tracers. Selim and Amacher (1988) found that attempts
to utilize tracer data sets from tritium and chloride-36 for parameter estimation
of α and D were not successful. The values obtained using least squares parameter optimization were inconsistent and ill-defined due to large parameter
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FIGURE 8.14
Effluent concentration distributions for Cr in Olivier soil. Curves A, B, C, and D are predictions
using the second-order mobile-immobile model with batch rate coefficients for C/Co of 25, 10, 5,
and 1 mg/L, respectively. (From H. M. Selim, and M. C. Amacher. 1997. Reactivity and Transport
of Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)

283

Mobile, Immobile, and Multiflow Domain Approaches

1.0

A

C/Co

0.8

B
C

0.6

D

0.4
0.2
0

0

2

4

6

8

10

12

14

16

V/Vo
FIGURE 8.15
Effluent concentration distributions for Cr in Windsor soil. Curves A, B, C, and D are predictions using the second-order mobile-immobile model with batch rate coefficients for C/Co of
25, 5, 2, and 1 mg/L, respectively. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and
Transport of Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)

standard errors and were often physically unrealistic (e.g., a retardation factor
R >> 1). Perhaps these results are due to local equilibrium conditions between
the mobile and immobile regions for the two tracers (Rubin, 1983; Parker and
Valocchi, 1986).
Values for the rate coefficients used in the second-order mobile-immobile
model were those calculated from batch kinetic results. Selim and Amacher
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FIGURE 8.16
Effluent concentration distributions for Cr in Cecil soil. Curves A, B, and C are predictions
using the second-order mobile-immobile model with batch rate coefficients for C/Co of 25, 10,
and 5 mg/L, respectively. (From H. M. Selim and M. C. Amacher. 1997. Reactivity and Transport
of Heavy Metals in Soils. Boca Raton, FL: CRC Press. With permission.)
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FIGURE 8.17
Schematic diagram of a modified mobile-immobile (two-region) concept. (From H. M. Selim
and M. C. Amacher. 1997. Reactivity and Transport of Heavy Metals in Soils. Boca Raton, FL: CRC
Press. With permission.)

(1988) used k1, k2, and ks values from a three-parameter version of the secondorder model described earlier. Predicted BTCs were obtained using different sets of batch rate coefficients due to their strong dependence on input
concentrations (Co). Closest predictions to experimental Cr(VI) measurements were obtained from batch rate coefficients at low Co values (Co < 10 mg
L–1). Moreover, the use of rate coefficients at higher values of Co resulted in
decreased tailing and reduced retardation of the BTCs. These observations
are consistent with the second-order two-site approach discussed in the previous chapter. Overall, predictions of measured Cr(VI) using this model may
be considered adequate. However, it is conceivable that a set of applicable
rate coefficients over the concentration range for Cr(VI) transport experiments cannot be obtained simply by use of the batch procedure described
in this study. In addition, several parameters used in model calculations
were estimated and not measured, for example, Θm, α, and D. The fraction
of active sites f was not estimated; rather it was assumed equal to the mobile
water fraction (Θm/Θ). Amacher and Selim (1988) argued that it is likely that
improved model predictions could be obtained if such parameters could be
measured independently. They also postulated that other possible factors
responsible for these predictions may be due in part to lack of nonequilibrium conditions between the mobile and immobile fractions (Valocchi, 1985;
Parker and Valocchi, 1986).
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8.5 A Modified Two-Region Approach
Due to the uncertainty of obtaining independent measurement for the fraction of sites f, Selim and Ma (1995) reexamined the original assumption of
the mobile-immobile approach within the scope of the second-order formulation described above. Figure 8.17 presents a multiple processes based on a
combined physical and chemical nonequilibrium on the concepts of mobileimmobile model and multireaction models. Because there is no practical
approach for separating the chemical reactions in the dynamic and stagnant
flow regions, it is assumed that the same rate coefficients apply to both soil
regions (Ma and Selim, 1997).
In the modified approach, they considered the dynamic and stagnant
soil regions in the soil as a continuum, and connected to one another
(Figure 8.10). Solute retention may occur concurrently in the dynamic and
stagnant regions until equilibrium conditions are attained or all vacant sites
for a soil aggregate become occupied (filled). They proposed that the rates of
retention reactions in the mobile and immobile phases are a function of the
total vacant sites in the soil. Specifically, this modified approach does not
distinguish between the fraction of sites associated with the dynamic region
and that of the stagnant region. That is, the amount retained from the mobile
phase, for example, affects the total number of vacant sites for retention of
solutes in the immobile water phase, and vice versa. In fact, the fraction of
sites f has been shown to be highly affected by experimental conditions,
such as particle size, water flux, solute concentration, and species considered
(van Genuchten and Wierenga, 1977; Nkedi-Kizza et al., 1983). Selim and Ma
(1995) also assumed that the second-order approach accounts for two reversible kinetic reactions and one irreversible reaction. Specifically, Se and Sk are
associated with reversible and Si with irreversible reactions. According to
the second-order rate law, the rate of reaction is not only a function of solute
concentration in solution but also of the number of available retention sites
on matrix surfaces. As the sites become filled or occupied by the retained
solute, the number of vacant or unfilled sites, which we denote as φ (μg per
gram soil), approaches zero. In the mean time, the amount of solutes retained
by the soil matrix (S) approaches the total capacity or maximum sorption
sites Smax.
Incorporating the modified concept into the mobile-immobile approach,
the transport convection-dispersion equation with reactions in the dynamic
soil region can be rewritten as:
Θm

m
∂C m
∂Sm
∂ 2C m
m
m ∂C
+ρ
= Θ mD
−
− α (C m − C im )
ν
Θ
∂t
∂t
∂x2
∂x

(8.57)
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and the associated mass transfer equation as:
Θ im

∂C im
∂Sim
+ρ
= α( C m − C im )
∂t
∂t

(8.58)

Let φ denote the total number of vacant sites. The reactions in the dynamic
soil region are:
m
S e = K e Θ mC m

(8.59)

∂Sk m
= k 3 Θ mC m − k 4 S k m − k 5 S k m
∂t

(8.60)

∂Si m
= k 5S k m
∂t

(8.61)

For the stagnant region, the reactions are
im
Se = K e Θ imC im

(8.62)

∂Sk im
= k 3 Θ imC im − k 4Sk im − k 5Sk im
∂t

(8.63)

∂Si im
= k 5Sk im
∂t

(8.64)

and

Maximum sorption capacity Smax for a given soil is related to the total
vacant sites φ, according to:
m
m
im
im
Smax = + Se + Sk + Se + Sk

(8.65)

At large reaction time when equilibrium is assumed, the following relations
express the amount sorbed for the dynamic and stagnant regions, respectively:
m
 K Θm C m 
Se
= e
,
−
Smax  1 + ω ΘC 

m
 K Θm C m 
Sk
= k
−
Smax  1 + ω ΘC 

(8.66)

im
 K Θ im C im 
Se
= e
,
−
Smax  1 + ω ΘC 

im
 K Θ im C im 
Sk
= k
−
Smax  1 + ω ΘC 

(8.67)
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where ω is similar to that developed in the previous model (ω = Ke + Kk) and
represents average concentration in solution, (Θ = ΘmCm + ΘimCim). The total
amount S can thus be expressed by the following simplified (Langmuir) form:
__

S
Smax

=

ω ΘC

(8.68)

__

1 + ω ΘC

Therefore, the modified mobile-immobile model approaches a one-site
Langmuir isotherm. Moreover, the parameter f is absent in Equations 8.41 to
8.52 and, at equilibrium, the amounts sorbed in each fraction depend solely on
Ke, Kk, and Θm. Therefore, the partitioning coefficient f of the two-region concept, which is a difficult-to-measure parameter, need not be specified and the
amount retained by each soil region is solely a function of the rates of reactions.
Selim and Ma (1995) applied their modified model on miscible displacement
results for atrazine. They showed that their modified approach provided good
BTC predictions for a wide range of aggregate sizes and flow velocities for a
Sharkey clay soil. They also concluded that the modified approach, which
requires fewer parameters, is superior to the original model of Selim and
Amacher (1988). Measured and predicted atrazine BTCs from a soil column
with 4 to 6 mm aggregated Sharkey soil are given Figure 8.18. Predictions
shown are based on the second-order mobile-immobile approach with different values of the fraction of mobile water f. In Figure 8.19, measured and predicted BTCs for two columns of Sharkey clay soil having two aggregate sizes;
2 to 4 mm and 4 to 6 mm in diameter. In this example, the second-order model
(SOM) is compared with the coupled second-order model and the immobileimmobile approach (SOM-MIM). The predictions are based on two estimates
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FIGURE 8.18
Measured and predicted atrazine BTC for 4- to 6-mm aggregated Sharkey. Continuous and
dashed curves are simulations using the second-order mobile-immobile approach with different values of the fraction of mobile water f.
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FIGURE 8.19
Measured and predicted atrazine BTCs for two columns of Sharkey clay soil having two
aggregate sizes. Top figure is for a 10-cm column packed with 4- to 6-mm soil aggregates with
no flow interruption, and bottom figure is for a 15-cm column packed with 2- to 4-mm soil
aggregates, 6 d flow interruption after pulse input. Predictions are based on the second-order
mobile-immobile model (MIM-SOM) and the original second-order model (SOM).

of the transfer rate coefficient (α) using Equations 8.14 and 8.16. These examples illustrate the capability of SOM-MIM in describing the BTC as well as
the influence of flow interruption. Based on these predictions, this modified
approach is a promising one since it accounts for retention and transport processes based on physically as well as chemically heterogeneous reactions.
Figure 8.20 presents the BTCs from column experiments on arsenite transport in Olivier loam, which displays diffusive fronts followed by extensive tailing or slow release during leaching. Sharp decrease or increase in
arsenite concentration after flow interruption further verified the extensive
nonequilibrium condition. The arsenite BTC was simulated using coupled
physical and chemical nonequilibrium approaches. Here physical transport
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FIGURE 8.20
Measured and predicted arsenite for Olivier soil column. Predictions are based on the secondorder mobile-immobile model (MIM-SOM) and the original second-order model (SOM).

parameters (D, f, and α ) were based on the estimated values from tritium
BTCs, whereas kinetic retention parameters (Ke, k1, k2, ki) were obtained
from inverse modeling. The incorporation of the physical nonequilibrium
approach resulted in a slightly sharper front, reflecting the effect of preferential flow path. The coupled model successfully predicted the concentration
drop during flow interruption on the adsorption side. Based on the results
of model predictions, we concluded that kinetics of arsenite reaction on soil
surface is the dominant process of arsenite transport in soils. The utilization of the physical nonequilibrium parameters in the combined model is
expected to increase for modeling contaminant transport in heterogeneous
natural porous media compared with columns repacked in the laboratory
with homogenized soils.
Although the two-region model concept has been shown to successfully
describe the appearance of lack of equilibrium behavior and tailing for
a wide range of conditions, this approach has several drawbacks. First,
the value of α is difficult to determine for soils because of the irregular
geometric distribution of immobile water pockets, and second, the fraction of mobile and immobile water within the system can only be estimated. Thus, two parameters are needed (for nonreacting solute) and
they can only be found by curve fitting of the flow equations to effluent
data. Another drawback of the mobile-immobile approach is the inability to identify unique retention reactions associated with the dynamic and
stagnant soil regions separately. Due to this difficulty, a general assumption implicitly made is that similar processes and associated parameters
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occur within both regions. Thus, a common set of model parameters is
utilized for both regions. Such an assumption has been made for equilibrium (linear, nonlinear, and ion exchange) as well as kinetic reversible and
irreversible reactions. Therefore, this model disregards the heterogeneous
nature of various types of sites on matrix surfaces. This is not surprising
since soils are not homogeneous systems but, rather, are a complex mixture
of solids of clay minerals, several oxides/hydroxides, and organic matter
with varying surface properties.

8.6 Multiflow Domain Approaches
Following the basic structure of the mobile-immobile approach, other
approaches were developed to describe the observed deviation of nonreactive solute transport based on the classical convection-dispersion equation
for one-region or -domain. Common among such models is the assumption
that the soil consists of several flow regions or domains where each flow
domain is characterized by different a different water flux, soil water content and dispersion coefficients. This is in contrast with the mobile-immobile
approach where a stagnant (no-flow) domain or region is assumed. Without
loss of generality, a convective-dispersion flow equation for nonreactive solutes in domain i may be expressed as:
∂Ci
∂C
∂2Ci
= Di
− vi i
∂t
∂x2
∂x

(8.69)

where Di, Θi, and vi are the dispersion coefficient, soil water content, and
pore-water velocity associated with each domain I, where
l

l

Θ=

∑

Θi

and q =

i=1

∑q

i

(8.70)

i=1

and the pore-water velocity v for domain i is
vi =

qi
Θi

(8.71)

The two-domain transport model is the simplest case where one divides
soil water into two regions based on their flow velocities. Both water regions
have a non-zero flow rate. Without loss of generality, we denoted the fast flow
region as A and slow flow region as B. The soil system was characterized by
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velocity (qA, qB), porosity (ΘA , ΘB), solute concentration (CA, CB), and dispersion coefficient (DA, DB). The two flow domains are related by an interaction
term Γ such that:
Γ = α(CA − CB )

(8.72)

where α is the mass transfer coefficient between the two flow domains.
This two-domain model reduces to a capillary bundle model when α = 0
and it approaches the classic one-domain convective-dispersion equation as
α increases. The two-flow domain model can also be reduced to a mobileimmobile model when VB equals zero. The convective-dispersion equation
in each flow domain can be written as (Skopp, Gardner, and Tyler, 1981):
∂CA
∂C
α
∂2CA
= DA
− vA A −
(CA − CB )
∂t
∂x2
∂x Θ A

(8.73)

∂CB
∂C
α
∂2CB
= DB
− vB B −
(CB − CA )
∂t
∂x2
∂x ΘB

(8.74)

The corresponding initial and boundary conditions associated with each
flow domain (i) can be expressed as:
Ci = 0 (t = 0, 0 < x < L)

(8.75)

∂Ci
∂x

(8.76)

vi Co = vCi − Θ i Di

0 = vCi − Θ i Di
∂Ci
=0
∂x

∂Ci
∂x

( x = 0, t < tp )

( x = 0, t > tp )

( x = L, t ≥ 0)

(8.77)

(8.78)

These conditions are similar to those described earlier for the transport of
a solute pulse (input) having a concentration Co in a uniform soil having a
finite length L where a steady water flux v was maintained constant.
8.6.1 Experimental Evidence
The two-flow domain model, which may be referred to as a dual-porosity
concept, has been used in the solute transport literature to account for the
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contribution of large pores to preferential flow. Jarvis, Bergstrom, and Dik
(1991) applied the dual porosity model to a field study of water-unsaturated
and transient flow conditions. They found that a two-flow domain model
provided improved description of chloride movement compared with a
one-flow domain model. Gerke and van Genuchten (1993) also applied a
dual-porosity model to simulate the preferential movement of water in structured porous media. Othmer, Diekkruger, and Kutilek (1991) found that the
hydraulic conductivity [K(ψ)] derived from a bimodal pore size distribution
was in agreement with the field-measured K(ψ). Here the term ψ refers to the
water suction (cm). Othmer, Diekkruger, and Kutilek (1991) concluded that
the bimodal porosity model represented the reality of soil system better than
a unimodal porosity model. Similar results were reported by Smettem and
Kirkby (1990) in an aggregate soil. Wilson, Jardine, and Gwo (1992) presented
a three-flow domain model to describe the K(ψ) – ψ or K(Θ) – Θ relationship
in different soil horizons.
Delineation of a flow domain in a multidomain approach has been at best
vague and somewhat arbitrary. Commonly used concepts rely on the definition of macropores and micropores, which are also arbitrary. The only known
experimental method for estimating two porosities is based on a measure of
the soil water content at an arbitrarily chosen water tension (ψ). From the
shape of the soil-moisture characteristic curve, Smettem and Kirkby (1990)
chose ψ of 14 cm as the matching point between the interaggregate (macro-)
and the intraaggregate (micro-) porosity. Jarvis, Bergstrom, and Dik (1991)
estimated macroporosity based on measured specific yield under a water
tension of 100 cm. Other water tensions used to differentiate macropores
from micropores include 10 cm by Wilson, Jardine, and Gwo (1992), 20 cm
by Selim, Schulin, and Flühler (1987), and 80 cm by Nkedi-Kizza et al. (1982).
Field and laboratory observations that support the two-flow domain concept are the bimodal peaks for nonreactive solutes when steady soil water
flow was dominant. Hamlen and Kachanoski (1992) observed bimodal chloride breakthrough in the B horizon of a sandy soil. However, the bimodal
peaks were not observed in the A horizon. Skopp, Gardner, and Tyler (1981)
suspected that solute bimodal peaks were caused by the presence of dual
porosities in the soil.
The examples presented here to illustrate physical two-flow domains or
dual porosity are those of the work of Ma and Selim (1995), who investigated transport of the nonreactive tracer tritium in packed columns. Ma
and Selim (1995) carried out a series of experiments to examine the effect
of water flux on the shape of the BTCs. Figure 8.21 shows BTCs for three
Mahan soil columns having flow velocities of 2.02, 3.82, and 5.28 cm/h,
respectively. These BTCs are for tritium pulse applications of approximately one pore volume. From Figure 8.21, tailing of the desorption
side was observed for all three BTCs. A hump was also observed on the
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FIGURE 8.21
Tritium breakthrough curves (BTCs) for three Mahan soil columns under different fluxes. Solid
and dashed curves are fitted BTCs with the one- and two-flow domain models, respectively.

tailing side, which became more obvious as the velocity increased. These
observed humps or peaks suggest a nonuniform flow domain in such a
soil. The humps or second peaks were more distinct for the tritium BTCs
shown in Figure 8.22. In fact, the peaks developed into a bimodal peak at
the highest flow velocity (bottom of Figure 8.22). All three soil columns
shown in Figure 8.22 received a small pulse of tritium of 0.02 pore volumes. Based on the BTCs shown in Figure 8.22, it is apparent that the
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FIGURE 8.22
Tritium breakthrough curves (BTCs) for three Mahan soil columns under different fluxes. The
applied tritium pulse was 0.02 pore volume. Solid and dashed curves are fitted BTCs with the
one- and two-flow domain models, respectively.
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FIGURE 8.23
Tritium breakthrough curves (BTCs) for three Cecil soil columns under different fluxes. The
applied tritium pulse was 0.02 pore volume. Solid and dashed curves are fitted BTCs with the
one- and two-flow domain models, respectively.

shape of the BTC depended on pulse duration and flow velocity. Those columns that received a small tritium pulse also showed early breakthrough,
with the first peak position well within one pore volume. Similar BTC
results were obtained for Cecil and Dothan soils, as shown in Figures 8.23
and 8.24, respectively.
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FIGURE 8.24
Tritium breakthrough curves (BTCs) for two Dothan soil columns with applied tritium pulses
of one pore volume (top figure) and 0.02 pore volume (bottom figure). Solid and dashed curves
are fitted BTCs with the one- and two-flow domain models, respectively.

The tritium BTCs presented in Figures 8.21 to 8.24 were fitted using both
the one- and two-flow domain models and are shown by the solid and
dashed curves. Although the two-flow domain model was superior over
the one-domain model in tritium BTC description, the BTCs from the large
pulse (one pore volume) were not perfectly described, especially on the tailing side (Figures 8.21–8.24). Improvement in BTC fitting is difficult since
independent estimates of α based on experimental methods to differentiate between macropores and micropores are not available. Nevertheless, the
two-flow domain was capable of capturing the double peaks of tritium for
three different soils.
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9
Transport in Nonuniform Media
Soils are defined as heterogeneous systems that are made up of various constituents having distinct physical and chemical properties. A major source of
soil heterogeneity is soil stratifications or layering. The phenomenon of stratifications or layering of the soil profile is an intrinsic part of soil formation
processes and has been documented for several decades by soil survey work.
Another source of soil heterogeneity is due to mixing of different soils or
geological media. Mixing of soils and/or geological media may be the result
of various industrial and agricultural activities. Such activities include site
remediation, construction and land leveling, incorporation of industrial and
municipal waste, manure application and mixing, and crop residue management. Therefore, approaches that account for the reactivities in mixed media
are necessary to predict the fate and transport of reactive dissolved chemicals in such media.

9.1 Layered Media
The transport processes of dissolved chemicals in stratified or layered soils
have been studied for several decades by Shamir and Harleman (1967),
Selim, Davidson, and Rao (1977), Bosma and van der Zee (1992), and Wu,
Kool, and Huyakorn (1997), among others. Solute transport in layered soils
can be investigated through numerical methods as well as approximate analytical solutions. An early analytical method was proposed by Shamir and
Harleman (1967), who used a system’s analysis approach. They assumed that
different layers were independent with regard to solute travel time. Each
layer’s response served as the boundary condition for the downstream layer
and so on. Later, Selim, Davidson, and Rao (1977) discussed the movement
of reactive solutes through layered soils using finite-difference numerical
methods. They considered both equilibrium and kinetic sorption models of
the linear and nonlinear types. In the late 1980s, Leij and Dane (1989) developed analytical solutions for the linear sorption-type models using Laplace
transforms. Their solutions were based on the assumption that each layer
was semi-infinite. Bosma and van der Zee (1992) also proposed an approximate analytical solution for reactive solute transport in layered soils using
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an adaptation of the traveling wave solution. Wu, Kool, and Huyakorn (1997)
developed another analytical model for nonlinear adsorptive transport
through layered soils ignoring the effects of dispersion. In addition, Guo et
al. (1997) showed that the transfer function approach was a very powerful
tool to describe the nonequilibrium transport of reactive solutes through layered soil profiles with depth-dependent adsorption.
When we study transport processes of dissolved chemicals in layered
soils, it is of interest to investigate whether soil layering affects solute
breakthrough. When flow remains one-dimensionally vertical, which is
the case when horizontal stratification is dominant, it is of interest whether
the layering order affects breakthrough results at the groundwater level
(van der Zee, 1994). The early results from Shamir and Harleman (1967)
showed that the order of layering did not affect breakthrough significantly.
This interesting result was further elaborated upon by Barry and Parker
(1987) based on various analytical approaches. Results from various linear
and nonlinear numerical simulations for several sorption model types also
supported this conclusion (Selim, Davidson, and Rao, 1977). Furthermore,
Selim, Davidson, and Rao (1977) concluded that layering order was also
unimportant for Freundlich adsorption. Their experimental results also
supported this conclusion. However, van der Zee (1994) attributed the
results attained by Selim and coworkers (1977) to the small Peclet number
assumed for the nonlinear layer, which prevents nonlinearity effects from
being clearly manifested. Van der Zee (1994) used a hypothetical result to
illustrate that layering sequence should have an effect. However, what van
der Zee (1994) used to support his conclusion was the traveling wave, which
was the curve of concentration versus depth at different times, that is, the
concentration profile. More recently, Zhou and Selim (2001) accounted
for several nonlinear and kinetic retention mechanisms for multilayered
soils. For individual soil layers, Zhou and Selim (2001) considered solute
retention mechanisms of the nonlinear (Freundlich), Langmuir, first- and
nth-order kinetic, second-order kinetic, and irreversible reactions. For all
retention mechanisms used, their simulation results indicated that solute breakthrough curves (BTCs) were similar regardless of the layering
sequence in a soil profile. This finding is consistent with the earlier finding
of Selim, Davidson, and Rao (1977) and contrary to that of Bosma and van
der Zee (1992) for nonlinear adsorption.
In the next sections, we present general equations for solute transport
in multilayered systems followed by a discussion of the various choices of
boundary conditions at the interface between layers. We further present
selected case studies of linear and nonlinear adsorption mechanisms in layered soil systems based on numerical simulations for a range of soil properties and fluxes (or Brenner numbers). Experimental BTCs based on miscible
displacements from a packed sand-clay soil column for a tracer (tritium) and
for reactive solutes (Ca and Mg) are subsequently presented in support of
theoretical findings.
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9.2 Convection-Dispersion Equation
A two-layered soil column of length L is shown in Figure 9.1. The length
of each layer is denoted by L1 and L2, respectively. To show heterogeneity,
each soil layer has specific, but not necessarily the same, water content, bulk
density, and solute retention properties. Only vertical, steady-state water
flow perpendicular to the soil layers (Figure 9.1) will be considered. The
convective-dispersive equation (CDE) governing solute transport in the ith
layer (see Figure 9.1) is given by Equation 9.1 (Selim, Davidson, and Rao 1977):
ρi

∂Si
∂C
∂
∂C
∂C
+ θi i =
θi Di i − q i − Qi
∂t
∂t
∂x
∂x
∂x
(0 ≤ x ≤ Li , i = 1, 2)

where (omitting the i):
C = resident concentration of solute in soil solution (μg cm–3)
S = amount of solute adsorbed by the soil matrix (μg g–1)
ρ = soil bulk density (g cm–3)
θ = volumetric soil water content (cm3 cm–3)
D = solute dispersion coefficient (cm2 d–1)
q = Darcy soil-water flow velocity (cm d–1)
Q = a sink or source for irreversible solute interaction (μg cm–3 d–1)
x = distance from the soil surface (cm)
t = time (d)

Soil Surface
x

Layer 1:
C1, θ1

L1

L
Layer 2:
C2, θ2

FIGURE 9.1
A schematic diagram of a two-layered soil.

L2

(9.1)
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The reversible solute retention from the soil solution is represented by the
term, on the left side of Equation 9.1, while the irreversible solute removed
from soil solution is expressed by the term Q on the right side of Equation 9.1.

9.3 Boundary Condition at the Interface
An important boundary condition needed in the analysis of multilayered
soils is that at the interface between layers. It should be noted that both firsttype and third-type boundary conditions are applicable at the interface. Leij,
Dane, and van Genuchten (1991) showed that although the principle of solute mass conservation is satisfied, a discontinuity in concentration develops
when a third-type interface condition is used. On the other hand, a first-type
interface condition will result in a continuous concentration profile across
the boundary interface at the expense of solute mass balance. To overcome
the limitations of both first- and third-type conditions, a combination of firstand third-type conditions was implemented. The first-type condition can be
written as:
CI

x → L−1

= CII

x → L+1

, t>0

(9.2)

where and denote that x = L1 is approached from the upper and lower layer,
respectively. Similarly, the third-type condition can be written as:
∂CI 


 qCI − θ I DI
∂x 

x → L−1

∂CII 

=  qCII − θ II DII


∂x 

, t>0
x → L+1

(9.3)

Incorporation of Equation 9.2 into Equation 9.3 yields:
θ I DI

∂CI
∂x

x → L−1

= θ II DII

∂CII
∂x

x → L+1

, t>0

(9.4)

The boundary condition of Equation 9.4 was first proposed by Zhou and
Selim (2001) and resembles that for a second-type boundary condition as
indicated earlier by Leij, Dane, and van Genuchten (1991).

9.4 Equilibrium Retention Models
The form of solute retention reactions in the soil system must be identified if
prediction of the fate of reactive solutes in the soil using the CDE (Equation
9.1) is sought. The reversible term (∂S/∂t) is often used to describe the rate of
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sorption or exchange reactions with the solid matrix. Sorption or exchange
has been described by either instantaneous equilibrium or a kinetic reaction
where concentrations in solution and sorbed phases vary with time. Linear,
Freundlich, and one- and two-site Langmuir equations are perhaps the most
commonly used to describe equilibrium reactions. In the subsequent sections
we discuss Freundlich and Langmuir reactions and their use in describing
equilibrium retention. This is followed by kinetic-type reactions and their
implication for single and multireaction retention and transport models.
9.4.1 Linear Adsorption
Figure 9.2 shows a comparison of breakthrough curves (BTCs) for a twolayered soil column with reverse layering orders. Here we report results for
a layered soil column where one layer is nonreactive (R = 1) and the other is
linearly adsorptive. For the case of linear adsorption, a dimensionless retardation factor can be obtained from Equation 9.1 and is given by:
R = 1+

ρK d
θ

(9.5)

where Kd is a redistribution coefficient where the linear equilibrium model
was assumed:
S = Kd C

(9.6)

For the case where Kd = 0, the retardation factor R equals 1 and solute is
considered nonreactive. The BTC for the case R1 → R2 where the nonreactive layer was first encountered (top layer) was similar to that when the
1.0

LINEAR
1st and 3rd try
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0.4
0.2
0.0
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FIGURE 9.2
Simulated breakthrough results for a two-layered soil column under different layering orders
(R1 → R2 and R2 → R1). Here R1 is a nonreactive layer and R2 is a reactive layer with linear
adsorption.
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layering sequence was reversed (R2 → R1) and the reactive layer (R2) was
the top layer. Therefore, for the linear adsorption case, one concludes that the
order of soil stratification or layering sequence fails to influence solute BTCs,
consistent with those reported earlier by Shamir and Harleman (1967) and
Selim, Davidson, and Rao (1977) for systems with two or more layers. Based
on these results, a layered soil profile could be regarded as homogeneous
with an average retardation factor used to calculate effluent concentration
distributions. An average retardation factor R for N-layered soil can simply
be obtained from:
R=

1
L

N

∑R L
i

(9.7)

i

i=1

BTCs identical to those in Figure 9.2 were obtained using the solution to
the convection-dispersion Equation 9.7 presented by van Genuchten and
Alves (1982) and an average retardation factor. This averaging procedure
(Equation 9.7) can also be used to describe the BTCs from a soil profile composed of three or more layers. However, if solute distribution within the profile is desired, the use of an average retardation factor is no longer valid and
the problem must be treated as a multilayered case.
9.4.2 Nonlinear Freundlich Adsorption
Simulated BTCs of solutes from a two-layered soil system with one as a
nonlinear (Freundlich) adsorptive layer are given in Figure 9.3. K d is the
Nonlinear Adsorption

1.0

b=0.5
0.7

0.8

0.9

R2

R2

R1

Brenner no = 2

C/Co

0.6

R1

0.4
0.2
0.0

1.25
0

4

1.5
8

12

16

FIGURE 9.3
Simulated breakthrough results for a two-layered soil column under different layering orders
(R1 → R2 and R2 → R1). Here R1 is a nonreactive layer and R2 is a reactive layer with nonlinear adsorption, with b values (Equation 9.11) of 0.5, 0.7, 0.9, 1.25, and 1.5. The Brenner number
B used was 2.
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redistribution coefficient where the linear equilibrium model was assumed:
S = Kd Cb

(9.8)

where the exponent b is commonly less than unity for most reactive chemicals. Here, R1 represents a nonreactive layer and R2 represents a nonlinear (Freundlich) adsorptive layer. These simulations were carried out for
a wide range of the Peclet or Brenner number (B = qL/θD). We also examined the influence of the nonlinear Freundlich parameter b on the shape
of the BTCs. For most reactive chemicals, including pesticides and trace
elements, b is always less than unity (Selim and Amacher, 1997). Based
on these simulations, BTCs were not influenced by the layering sequences
regardless of the Brenner number B when nonlinear Freundlich adsorption was considered. This result is similar to that of Selim, Davidson, and
Rao (1977). Dispersion is dominant for the case where the Brenner number
is small, whereas convection becomes the dominant process for large B
values. The BTCs exhibit increasing retardation or delayed arrival, and
excessive tailing of the right-hand side of the BTCs for increasing values
of the nonlinear adsorption parameter b. In addition, the BTCs become
less spread (i.e., a sharp front) with increasing Brenner numbers. All such
cases provide similar observations, that is, the effects of nonlinearity of
adsorption are clearly manifested. Nevertheless, for all combinations of
b and the Brenner number B used in these simulations, the BTCs under
reverse layering orders showed no significant differences. In other words,
layering order is not important for solute breakthrough in layered soils
with nonlinear adsorption as the dominant mechanism in one of the layers. Zhou and Selim (2001) arrived at similar conclusions for layered soil
profiles when several retention mechanisms of the kinetic reversible and
irreversible types were considered.
9.4.3 Langmuir Model
To illustrate that the above finding is universally valid, other solute adsorption processes of the nonlinear type were investigated. The Langmuir
adsorption model is perhaps one of the most commonly used equilibrium
formulations for describing various reactive solutes in porous media,
S/Smax =

ωC
(1 + ωC)

(9.9)

where Smax is the maximum amount sorbed and ω is the affinity coefficient.
We consider here simulated columns consisting of one nonreactive layer and
one reactive layer with a Langmuir-type adsorption mechanism. The simulation results are shown in Figure 9.4. The combined first- and third-type
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FIGURE 9.4
Simulated breakthrough results for a two-layered soil column under different layering orders
(R1 → R2 and R2 → R1). Here R1 is a nonreactive layer and R2 is a reactive layer with Langmuir
adsorption.

boundary condition was used at the interface between the layers. Consistent
with the above finding, we found that for all parameters used in this study,
the layering sequence has no effect on the BTCs when Langmuir-type
adsorption was the dominant mechanism.
9.4.4 Kinetic Retention
In this section, first-, and nth-order reversible kinetics were considered as the
dominant retention mechanism; namely,
∂S k1θ
=
C − k2 S
∂t
ρ

(9.10)

∂S k1θ n
=
C − k2 S
∂t
ρ

(9.11)

and

Values of the reaction order n used were 0.3, 0.7, and 1.0. The BTCs under
reverse layering orders showed a very good match regardless of the value of
the nonlinear parameter n. For all cases, a good match was also realized (see
Figure 9.5). We also carried out simulations where both layers were assumed
reactive. Other retention mechanisms considered included irreversible reaction as well as second-order mechanism. Regardless of the retention mechanism, simulation results indicated that layered soils with reverse layering

309

Transport in Nonuniform Media

1.0
KINETIC

0.8
n = 0.3

0.6

C/Co

0.7

R1

R2

R2

R1

1.0

0.4
0.2
0.0

0

1

2
3
4
Pore Volume (V/Vo)

6

5

FIGURE 9.5
Simulated breakthrough results for a two-layered soil column under different layering orders
(R1 → R2 and R2 → R1). Here R1 is a nonreactive layer and R2 is a reactive layer with kinetic
adsorption, with n = 0.3, 0.7, and 1.0, respectively.

orders showed no significant differences in the BTCs. For example, in the
presence of a sink term, the order of soil layers did not influence the shape or
the position of the BTCs as illustrated in Figure 9.6. This finding is consistent
with that of Selim, Davidson, and Rao (1977), where a similar sink term was
implemented.
Nonlinear Kinetics & Irreversible Reaction
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FIGURE 9.6
Simulated breakthrough results for a two-layered soil column under different layering orders
(R1 → R2 and R2 → R1). Here R1 is for a nonreactive layer adsorption and R2 is a reactive layer
with nth-order and irreversible sink.
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9.5 Water-Unsaturated Soils
Selim, Davidson, and Rao (1977) simulated solute transport through waterunsaturated multilayered soil profiles, where a steady vertically downward
water flow (q = constant) was considered. A soil profile was assumed to consist of two distinct layers, sand and clay, each having equal lengths, and
was underlain by a water table at a depth L = 100 cm. The case where the
water table was at great depth (z → ∞) was also considered. When a constant flux was assumed, the steady state θ and water suction (h) distributions
for a sand-clay and a clay-sand soil profile were calculated (see Figure 9.7
for the sand-clay case). Solute concentration versus pore volume of effluent
(collected at 100 cm depth) for a nonreactive and reactive solute having linear (equilibrium) retention is shown in Figure 9.7. As expected, similar BTC
results for the nonreactive solute for sand-clay or clay-sand soil profiles were
obtained. In contrast, BTCs for the reactive solute show a distinct separation,
with lower retardation factors for the soil profiles having a water table at
z = 100 cm than at z → ∞. This observation is consistent for the sand-clay as
well as clay-sand profiles. Due to the higher water contents in the soil profiles where the water table was at z = 100 cm, the retardation factor R is less
in comparison to the case where the water table was at great depth (z → ∞).
If the water content distributions were considered uniform, with an average water content within each individual layer (see Figure 9.8), the problem of
solute transport and retention through unsaturated multilayered soil profiles
can be significantly simplified as discussed in the previous section. The open
circles in Figure 9.8 are calculated results of concentration distributions for
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FIGURE 9.7
Simulated soil-water content θ and water suction h versus depth in a clay-sand profile having
a water table (A) at 100-cm depth and (B) great depth.
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FIGURE 9.8
Simulated effluent concentration distribution for reactive and nonreactive solutes in an unsaturated clay-sand profile. Open circles are based on average water content θ for each soil layer.

the reactive and nonreactive solutes when an average water content within
each layer was used. These results show that, for all unsaturated profiles
considered, the use of average water contents (open circles) provided identical concentration distributions to those obtained where the actual water content distributions were used (dashed and solid lines). Thus, when a steady
water flux is maintained through the profile, BTCs of reactive and nonreactive solutes at a given location in the soil profile can be predicted with average water contents within unsaturated soil layers. Based on the above results
we can conclude that average microhydrologic characteristics for a soil layer
can be used to describe the movement of solutes leaving a multilayered soil
profile. This conclusion supports the assumption made earlier that uniform
soil water content can be used to represent each soil layer in order to simplify
the solute transport problem. However, such a simplifying approach was not
applicable for the general case of transient water-flow conditions of unsaturated multilayered soils. As illustrated by Selim (1978), the transport of reactive, as well as nonreactive, solutes through multilayered soils, for transient
water flow, was significantly influenced by the order in which the soil layers
were stratified.
Solute transport in a three-layered soil profile (clay over sand over loam)
is shown in Figure 9.9. In this example, we illustrate solute transport during
water infiltration in an unsaturated soil (see Selim, 1978). Here application of
a solute solution at the soil surface was assumed for an extended period of
time, that is, continuous application. The reactivity of individual soil layers to
the applied solute was assumed to follow first-order kinetics. Because of slow
kinetic adsorption, the amount of solute adsorbed S continued to increase
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FIGURE 9.9
Solute concentration and amount of solute sorbed versus soil depth in a three-layered soil
profile with first-order kinetic retention reactions.

with time in the clay layer in comparison to the other two layers. Such a slow
adsorption resulted in a decrease of solute concentration with soil depth in
the clay layer. In contrast, a somewhat uniform distribution was observed for
the sand layer accompanied by an increase in the loam layer. Solute transport during infiltration and water redistribution was investigated for several
other combinations of soil layer stratifications and the results indicated that
solute transport through multilayered soil was significantly influenced by
the order in which the soil layers are stratified. Another example is presented
in Figures 9.10 and 9.11 from a greenhouse lysimeter study of a Windsor
soil. Secondary treated wastewater was applied to the soil twice weekly for
25 weeks. Solution samples were collected and analyzed for N, and the soilwater pressure head was monitored frequently at different depths in this
three-layered soil. Model predictions agreed well with pressure head data
with depth and time, as well as gravimetrically determined soil water content with depth for the two soils. Model predictions of nitrate concentration
shown, in Figure 9.11 with depth and time were adequate except for intermediate soil depths (30 and 45 cm). Predictions of ammonium were consistently
higher than measured results for all depths (data not shown).
Examples of experimental and predicted BTC results based on miscible
displacements from packed soil columns having two layers are shown in
Figures 9.12 and 9.13. Predictions and experimental BTC results for tritium
shown in Figure 9.13 (solid and dashed lines) for a sand-clay and claysand sequence indicate a good match of the experimental data. All input
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FIGURE 9.10
Measured and predicted gravimetric soil water content with depth 4 d after wastewater application for Windsor soil.

parameters were directly based on experimental measurements and support earlier findings. Zhou and Selim (2001) simulated the breakthroughs of
Ca and Mg using a two-layered model for reactive solutes. The simulation
results are shown in Figure 9.12 (solid and dashed lines for different layering
arrangements) where the reaction mechanism for the Ca-Mg system was
assumed to be governed by simple ion exchange for a binary system:
S=

K12ST c
1 + ( K12 − 1) c

(9.12)

where c is relative concentration (C/Co), K12 is the selectivity coefficient
(dimensionless), and ST is the cation exchange capacity (CEC). The simulation curves agree with the experimental data, especially for the adsorption
front and also exhibit tailing of the release curve for both Ca and Mg. Such
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FIGURE 9.11
Measured and predicted nitrate nitrogen concentrations at various depths for Windsor soil.

tailing was not observed based on the experimental data, however. Results
for nonreactive tracer solute are shown in Figure 9.13. Here experimental
(symbols) and simulated (dashed and solid lines) breakthrough results for
tritium in a two-layered soil column (Sharkey clay → sand, column B) under
different layering orders are presented and clearly illustrate that the order
of layering does not influence solute transport under steady flow conditions.
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FIGURE 9.12
Experimental (symbols) and simulated (dashed and solid lines) breakthrough results for tritium in a Sharkey clay → sand column (column C) under different layering orders.

Based on the above presentation, the behavior of water and solutes in soils
is dependent on the layering of the soil profile. Specifically, the physical and
chemical properties of individual soil layers as well as the sequence of layering dictate the behavior of water and reactive chemicals in the soil profile.
Based on mathematical analyses and laboratory experiments, solute transport
is independent of the order of soil layers. This finding is applicable for reversible and irreversible solute reactions of the equilibrium and kinetic types.
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FIGURE 9.13
Experimental (symbols) and simulated (dashed and solid lines) breakthrough results for tritium in a two-layered soil column (Sharkey clay → sand, column B) under different layering
orders.
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These reactions include Freundlich, Langmuir, and reversible and irreversible
first- and nth-order kinetics. Furthermore, simplified approaches can be used
to quantify the transport of reactive chemicals in soil profile, if equilibrium
reactions of the linear type are dominant for individual soil layers. Inclined
soil layers are common and observed in hilly regions and sloping soils.

9.6 Mixed Media
In this section, the transport of reactive chemicals in mixed soil systems
consisting of two or more porous media coupled with the second order
two-site model (SOTS) and multireaction and transport model (MRTM) are
presented. Applications and sensitivity analysis and examples for reactive
chemical transport in mixed media are discussed.
9.6.1 Multireaction and Transport Model
The MRTM was developed to describe the time-dependent behavior of
adsorption-desorption as well as transport of reactive chemicals in soils
(Selim and Amacher, 1997). This multipurpose model accounts for equilibrium and kinetic reactions of both the reversible and irreversible types. The
model used in this analysis can be presented in the following formulations:
 θ
Se = ke   C n
 ρ

(9.13)

 θ
∂Sk
= k1   C n − ( k2 + k3 )Sk
∂t
 ρ

(9.14)

∂Si
= k3Sk
∂t

(9.15)

Here C is the concentration in solution (mg L–1), Se is the amount retained on
equilibrium sites (mg kg–1), Sk is the amount retained on kinetic type sites
(mg kg–1), and Si is the amount retained irreversibly (mg kg–1). Moreover, Ke
is a dimensionless equilibrium constant, k1 and k2 (h–1) are the forward and
backward reaction rates associated with kinetic sites, respectively, k3 (h–1) is
the irreversible rate coefficient associate with the kinetic sites, n is the dimensionless reaction order, θ is the soil water content (cm3 cm–3), ρ is the soil bulk
density (g cm–3), and t is the reaction time (h). At any time t, the total amount
of atrazine retained on all sites is:
ST = Se + Sk + Si

(9.16)
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FIGURE 9.14
Mixed media as a mixture of two soils having different properties.

We now extend the MRTM formulation to a mixed soil system with two
or more geologic media or soil where each medium has distinct physical,
chemical, and microbiological properties (see Figure 9.14). Such parameters
include θ, the soil water content (cm3 cm–3), ρ, the soil bulk density (g cm–3),
soil-hydraulic conductivity, and soil-water and solute retention parameters.
If one assumes that each medium competes concurrently for retention sites for
a specific ion species present in the solution phase, ST can thus be expressed as:
ST = f1ST 1 + f2 ST 2 + f3 ST 3 +  + fm ST m

(9.17)

Here ST1, ST1, ST1, ST1, and STm represent the sorption capacity for geologic
medium 1, 2, 3, and n, respectively. For simplicity, we assume the mixed system is composed of n media and the dimensionless parameter f (omitting
subscripts) represents the fraction of medium 1, 2, 3, etc., to that of the entire
mixed medium (on a mass per unit bulk volume basis). This parameter is
necessary in order to account for the proportion of each geologic medium
per unit bulk volume of the mixed soil system.
Based on the MRTM formulation, we can express ST for each respective
medium such that for medium 1, we have:
ST 1 = Se 1 + Sk 1 + Si 1

(9.18)

And the respective ST for the mth medium can expressed as
ST m = Sem + Skm + Sim

(9.19)

Consequently, the amount sorbed by the equilibrium sites of the mixed
soil
m

Se =

∑ f [S ]
l

l= 1

e l

(9.20)
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Or more explicitly we have
m

Se =





∑ f [K ]  ρθ  C
l

l

e l

[ n]l

(9.21)

l

l=1

Similarly, the amount of solute adsorbed by the kinetic sites of the mixed
soil is:
m

Sk =

∑ f [S ]
l

k l

(9.22)

− ([ k2 ]l + [ k3 ]l ) [Sk ]l

(9.23)

l=1

where
∂[Sk ]r
=
∂t

m





∑ f [k ]  ρθ  C
l

1 l

l

[ n]l

l

l= 1

In addition, the corresponding irreversible reactions are:
∂Sirr
=
∂t

m

∑ f [k ] [S ]
l

3 l

k l

(9.24)

l= 1

The above formulation was incorporated into the convective-dispersive
equation (CDE) and solved subject to the following initial and boundary
(third-type) conditions:
C=0

t=0

0<x<L

(9.25)

Se = Sk = Sirr = 0 t = 0 0 < x < L

(9.26)

∂C
+ νC x = 0 t ≤ tp
∂x

(9.27)

νCo = − D

0 = −D

∂C
+ νC x = 0 t > tp
∂x

∂C
=0 x=L t>0
∂x

(9.28)

(9.29)

where tp is the duration of the applied atrazine pulse (hour), L is the column length
(cm), Co is atrazine concentration in the applied pulse (μg/mL). The CDE can be
solved numerically using the implicit-explicit finite-difference approximation.
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9.6.2 MRTM Simulations
To illustrate the influence of mixing soils having different properties
on the mobility and retention of reactive chemicals in soils or geological media, two examples are presented. The results shown are based on
MRTM simulations for the respective parameters of each medium. In the
first example, one assumes here a soil A which is mixed with a sand material (soil B), which is considered much less reactive compared to soil A.
For simplicity, soil B is considered as a nonreactive material where all the
retention coefficients such as Ke, k1, k2, . . ., and kirr are set to zero. For soil A,
the retention coefficients selected for these simulations are Ke = 1 mg L–1,
n = 0.75, k1 = 0.1 h–, k2 = 0.01 h–1, n =0.5, and kirr = 0.005 h–1. The influence of
mixing a fraction (f) of the sand material on solute transport in this mixed
medium is exhibited by the set of BTCs shown in Figure 9.15. When the
fraction of the added sand in the mixed soil was 25% or f of 0.25, a right
shift of the BTC along with an increase in concentration is observed when
compared with the BTCs where no sand was added (f = 0). As f increases,
BTC simulations indicate earlier arrival time, that is, early breakthrough of
the solute in the effluent solution, along with an increased concentration of
peak maxima. In addition, as f increased, a slower release or tailing during
leaching is observed.
In Figure 9.15, simulations for f of 0 and 1 represent those for the respective
soils A and B and illustrate the dominance of soil properties of each fraction
on the resulting BTC.
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FIGURE 9.15
Miscible displacement of a solute pulse in a mixed medium made up of a mixture of two soils.
Solute retention properties of soil A include irreversible, nonlinear kinetic, and nonlinear equilibrium reactions. Soil B is considered nonreactive.
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FIGURE 9.16
Miscible displacement of a solute pulse in a mixed medium made up of a mixture of two soils.
Solute retention properties of soil A include irreversible, nonlinear kinetic, and nonlinear equilibrium reactions, whereas soil B has only nonlinear equilibrium reactions.

The second example is presented in Figure 9.16, which is for a somewhat
similar mixed medium to that shown in Figure 9.15. In this case, the added
material (soil B) is considered as a reactive material where nonequilibrium
retention conditions are dominant, that is, kinetic and irreversible processes
are ignored. This is illustrative of rapid or instantaneous sorption of a reactive chemical by soil B having a nonlinear sorption isotherm. Specifically,
retention parameters selected for soil B are: Ke = 1 mg L–1, n = 0.5 with all
other parameters set to zero. The influence of mixing a fraction (f) of soil
B on the mobility of solute in this mixed medium is exhibited by the set of
BTCs shown in Figure 9.16. Lesser mobility of a solute in such a medium is
manifested by the shapes of the BTCs when compared to a mixed soil where
a nonreactive medium was added as shown in Figure 9.15. Overall, a lower
BTC peak concentration maximum and spreading is observed for the case
with nonequilibrium retention.

9.7 Second-Order Model (SOTS)
Now we will apply the second-order model for media of mixed soils.
Specifically, the dominant retention mechanisms for each soil in the mixed
system are assumed to follow that of second-order retention as previously
discussed. Briefly, the second-order formulation is based on the assumption that adsorption affinities are different for the various constituents of
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the soil, and are represented by a system of consecutive and concurrent
reactions similar to those given in Figure 9.1. The model is capable of handling concurrent and consecutive solute interactions along the lines of surface diffusion, and inter- or intra-organic matter diffusion, etc. Different
sites with varied degree of affinity to solutes are analogues to concepts of
solute retention via surface diffusion or intra-organic matter diffusion as
discussed by Pignatello and Xing (1996), among others. A basic assumption
of the second-order model is that there are a limited number of adsorption sites for solute on the soil; therefore, the reaction rates are functions
of both solute concentration in solution and the availability of adsorption
sites on the soil matrix. Denoting ϕ as the number of sites available for
solute adsorption, the associated retention mechanisms were (Selim and
Amacher, 1988):
Se = K eθC

(9.30)

∂Sk
= k1θC − ( k2 + kirr )Sk
∂t

(9.31)

∂Sirr
= kirr Sk
∂t

(9.32)

Here ϕ is related to the sorption capacity (Smax) by:
Smax =

+ Se + Sk

(9.33)

where ϕ and Smax are the unoccupied (or vacant) and total sorption sites on
soil surfaces, respectively (μg solute per g soil). In addition, Smax was considered as an intrinsic soil property and is time invariant. The unit for Ke is
cm3 μg–1, k1 is cm3 μg–1 h–1, and k2 and kirr are assigned units of h–1.
At equilibrium, total amounts of atrazine adsorbed on the Se and Sk sites are:
 ωC 
ST = Se + Sk = Smax 
 1 + ω C 

(9.34)

Here ω [=(Ke + Kk)θ] is the affinity coefficient of the combined equilibrium
and kinetic adsorption, and Kk = k1/(k2 + kirr). Moreover, the mass balance
equation for batch reactions is then written as:
−θ

dC
 dS dS 
= ρ e + k 
 dt
dt
dt 

(9.35)
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Subject to the appropriate initial and boundary conditions, the above system of Equations 9.30 to 9.35 was solved using finite-difference approximation methods (for details see Ma and Selim, 1994).
The above formulation is now extended to mixed soils or geological media.
Specifically, each soil in the mixed system has its distinct set of solute retention parameters. The simplest case is that for a mixed system composed of
only two different soils with the designation r and m. If one assumes that
soils r and m compete concurrently for the retention of solute present in the
solution phase, Smax can be expressed as:
Smax = f [Smax ]r + (1 − f )[Smax ]m

(9.36)

where [Smax ] r and [Smax ] m represent the sorption capacity for soils r and m,
respectively. Here the dimensionless parameter f represents the fraction of
soil r to that of the soil (on a mass per unit bulk volume basis). This parameter is necessary in order to account for the proportion of each compartment
per unit bulk volume of the soil. Based on second-order formulation, we can
express Smax for each respective compartment as:
[Smax ]r = [φ]r + [Se ]r + [Sk ]r

(9.37)

[Smax ]m = [φ]m + [Se ]m + [Sk ]m

(9.38)

Consequently, the amounts of solute sorbed by all equilibrium type sites are
Se = f [Se ]r + (1 − f )[Se ]m

(9.39)

or more explicitly we have:
Se = λ θ C

where λ = f [ K e ]r φr + (1 − f )[ K e ]m φm

(9.40)

Similarly, the amount of solute sorbed by the kinetic sites of both r and m
soils is
Sk = f [Sk ]r + (1 − f ) [Sk ]m

(9.41)

∂[Sk ]r
= [ k1 ]r θC φr − {[ k2 ]r + [ kirr ]r }[Sk ]r
∂t

(9.42)

∂[Sk ]m
= [ k1 ]m θC φm − {[ k2 ]m + [ kirr ]m }[Sk ]m
∂t

(9.43)

where
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In addition, the corresponding irreversible reactions are
∂[Sirr ]r
= [ kirr ]r [Sk ]r
∂t

and

∂[Sirr ]m
= [ kirr ]m [Sk ]m
∂t

(9.44)

The above formulation was incorporated into the convective-dispersive
equation (CDE) such that:
R

∂C
∂2 C
∂C
 ρ  ∂[Sk ]r
 ρ  ∂[Sk ]m
=D 2 −ν
− f 
− (1 − f )  


 θ  ∂t
∂t
∂x
∂X
θ
∂t

(9.45)

and
	 
R=1+ρλ

(9.46)

The CDE was numerically solved using the implicit-explicit finite-difference approximation subject to the initial and boundary (third-type) conditions as discussed in previous chapters.
9.7.1 Experimental Evidence
Figures 9.17 and 9.18 are examples of the use of SOTS in a mixed soil system
(Zhu, 2002). In Figure 9.17 atrazine breakthrough results from miscible displacement experiments are presented for a reference sand material mixed
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FIGURE 9.17
Measured and predicted atrazine breakthrough curves from a mixed-soil column of crop residue plus sand.
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FIGURE 9.18
Measured and predicted atrazine breakthrough curves from a mixed-soil column of crop residue plus Sharkey clay soil.

with sugarcane harvest residue. In Figure 9.18, the crop residue was mixed
with Sharkey clay soil (very fine, montmorillonitic nonacid, thermic Vertic
Haplaquept), which was obtained from the St. Gabriel Research Station,
Iberville Parish, Louisiana. The sand (acid-washed) material was used as a
reference matrix where no clay or organic matter was present, where adsorption of atrazine is not expected. Furthermore, an estimate for Smax based on
the amount of mulch incorporated into each column was made. Since it was
assumed that the sand material was inert and atrazine could only be retained
by the crop residue, a value of Smax of 98.77 μg/g was estimated for the mixed
sand-crop residue column. For the Sharkey-crop residue column, estimated
Smax of 278.83 μg/g was used. Specifically, the contributions of the crop residue to the sorptive capacity accounted for 36% (i.e., f = 0.36) of the total Smax.
These estimates were based on the respective amount of crop residue mixed
with the sand and Sharkey soil mixed columns.
The crop residue caused delay in atrazine breakthrough and extensive tailing as seen in Figure 9.17 for the sand-crop residue mixed column. Measured
results indicated very little response in atrazine concentration to the first
flow interruption at 3.1 pore volumes. In contrast, a jump in atrazine concentration in the leachate solution was observed for the second flow interruption
at 9.5 pore volumes (Ma and Selim, 2005). A response to flow interruption is
indicative of nonequilibrium behavior during transport caused by chemical
and/or physical processes, for example, interparticle diffusion and kinetic
retention (Murali and Aylmore, 1980; Reedy et al., 1996).
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Predicted atrazine BTC for the mixed (sand-residue) column is shown by
the solid curve shown in Figure 9.17. To obtain these predictions the retention
parameters alone (Ke, k1, k2, and kirr) were optimized and Smax was derived independently from batch kinetic experiments (Ma and Selim, 2005). Therefore,
the SOTS model provided extremely good prediction of the overall BTC as
illustrated by the solid curve in Figure 9.17. Although model calculations provided some response to the change in concentration due to flow interruption,
the model failed to adequately describe the big increase in atrazine concentration during the second flow interruption (see Figure 9.17). It is possible that
physical nonequilibrium played an important role during the second flow
interruption, which is not accounted for by the SOTS model described above.
The SOTS model well predicted the peak position of measured atrazine
but slightly underpredicted the concentration maxima for the Sharkey mixed
column (see Figure 9.18). The tailing portion was somewhat overpredicted.
Unlike the sand column, atrazine prediction exhibited stronger retention
than that measured as illustrated by the retardation or delay of the arrival
of the predicted BTC. Moreover, model prediction provided some response
to the flow interruption events indicative of nonequilibrium behavior for
atrazine in Sharkey soil. This model was only capable of responding to
the first interruption event during sorption (see Figure 9.18). It is conceivable that physical nonequilibrium, which is not directly accounted for in
SOTS, is responsible for such behavior during atrazine release. Due to the
large number of parameters considered in mixed soil systems, that is, Ke,
k1, k2, and kirr for both the Sharkey clay soil and the crop residue, nonlinear
optimization to improve model predictions is generally not recommended.
Rather, the use of SOTS as a simplified single rather than a mixed system
was examined. The solid curve in Figure 9.16 represents predicted BTCs
based on a set of “weighted” model parameters. The resulting model calculations may be regarded as adequate prediction of atrazine behavior in the
mixed Sharkey-crop residue column. Here the set of model parameters were
“weighted averages” of the rate coefficients and were derived based on the
respective contributions of the crop residue (36%) and the Sharkey clay soil
(64%). Therefore, the use of weighted retention parameter values for atrazine
in the SOTS model is conceivable.
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